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Abstract 
 
 

Soft-sediment ecosystems can be degraded through anthropogenic development, 

leading to reduced habitat suitability for biological communities. On the North Coast of 

British Columbia, Canada, intensive industrial activity and coastal development has 

occurred, specifically around the Skeena and Kitimat River Estuaries. In addition to 

current development, both regions have the potential for further development, while also 

undergoing passive restoration from historical disturbances. Therefore, I aimed to 

broaden our understanding of passive restoration and non-invasive monitoring of 

intertidal soft-sediment ecosystems, by carrying out experiments at mudflats in both 

estuaries during the summer of 2017. Specifically, I aimed to expand the use of a non-

invasive population assessment technique to novel species in soft-sediment ecosystems. 

Relationships between burrowing decapod abundance and burrow openings have been 

successfully used to estimate population sizes, but this technique has yet to be applied to 

large burrowing polychaetes, bivalves, or in regions of high macrofaunal diversity. As 

such, I assessed mudflats in regions of low (n = 1 species) and high (n = 8 species) 

biodiversity to determine if macrofauna abundances could be estimated from burrow 

openings on the sediment surface. Where only one burrowing bivalve species was 

present, a relationship between burrow openings and population abundance was not 

feasible, but burrow openings were useful in estimating total macrofaunal community 

abundance at a high diversity mudflat. This suggests that monitoring through burrow 

opening counts has the ability to detect overall changes in population abundance. Next, I 

examined the infaunal community, sediment conditions, and nutrient availability at one 

intertidal mudflat in the Skeena River Estuary following the cessation of heavy industrial 
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activities (i.e. a salmon cannery and pulp mill) to determine the capacity for passive 

restoration. Sediment conditions varied spatiotemporally, and nutrient availability 

showed temporal variation but trends were difficult to relate to historical or current 

potential disturbances. The legacy of past development is still apparent on the infaunal 

community in the form of patchy distributions of disturbance-indicating taxa, but the 

mudflat appears to be in an overall healthy state with a diverse and functioning food web, 

indicating community recovery from historical activities. Results from these studies 

indicate passive restoration can be appropriate for estuarine soft-sediment ecosystems, 

while monitoring population abundance through burrow openings could be a method of 

detecting disturbances or tracking recovery of macrofaunal populations. 
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Chapter 1 – General Introduction 
 

1.1 Coastal Ecosystems 

Coastal ecosystems represent a small proportion of global ecosystems yet 

contribute disproportionately to human benefits through ecosystem services (Barbier et 

al. 2011; Schoeman et al. 2014). Coastal ecosystems provide critical resources for 

commercial and subsistence fisheries, recreational and tourism use, habitat for sensitive 

species, while also encompassing intrinsic values (Carr-Harris et al. 2015; Constable and 

Fairweather 1999; Dissanayake et al. 2018; Kennish 2002). As these coastal ecosystems 

and their associated services are fundamental for economic development of coastal 

communities, developments and population growth tend to be concentrated at shore lines. 

This concentration of anthropogenic development along the coast leads to a subsequent 

degradation and deterioration of these habitats (Barbier et al. 2011; Crain et al. 2008; 

Defeo et al. 2009; Dissanayake et al. 2018). For example, 50% of global salt marsh 

habitat has either been lost or degraded through anthropogenic activities, including the 

loss of surface area through erosion (Barausse et al. 2015; Barbier et al. 2011; Donatelli 

et al. 2018). This erosion of salt marshes causes a positive feedback loop, where erosion 

reduces the sediment trapping and storing capability of the marsh by 50%, thus 

exacerbating marsh erosion (Donatelli et al. 2018). This is an example of the difficulties 

associated with effectively predicting or managing anthropogenic impacts. As 

degradation occurs with multiple stressors over a variety of spatiotemporal scales, 

impacts may have cumulative effects that challenge our ability to predict outcomes 

(Barbier et al. 2011; Crain et al. 2008; Donatelli et al. 2018). 
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Soft sediment ecosystems (e.g. sandy beaches or mudflats) represent over 70% of 

global, ice-free coastlines and are crucial components of estuarine habitats (Carr-Harris et 

al. 2015; Constable and Fairweather 1999; Schlacher and Thompson 2013). As they 

provide the previously mentioned ecosystem services, they are also subjected to habitat 

degradation associated with increased urbanization and development (Carr-Harris et al. 

2015; Dissanayake et al. 2018; Kritzer et al. 2016). However, soft-sediment ecosystems 

provide further ecosystem services such as important foraging habitat and nursery 

grounds for commercially important fishes and crabs (e.g. Pacific salmon and Dungeness 

crab) (Armstrong 1997; Carr-Harris et al. 2015; Feldman et al. 2000; Moore et al. 2015). 

Additionally, intertidal mudflats often serve as crucial feeding grounds and stopover sites 

for shorebirds undergoing long migrations (Gratto-Trevor et al. 2012; Lyons et al. 2008; 

Mehlman et al. 2005). The Bay of Fundy is thought to be the main stopover site for an 

estimated 1.1 to 2.2 million Semipalmated Sandpipers (Calidris pusilla) every fall, and 

provides critical resources for the Sandpipers prior to their continued migration to South 

America for breeding (Hicklin and Smith 1984; Mawhinney et al. 1993; Quinn and 

Hamilton 2012). On the Pacific Coast, many shorebirds, including a large portion of the 

global population of Western Sandpipers (Calidris mauri) and the entire population of the 

Pacific subspecies of Dunlin (Calidris alpina pacifica) stop at intertidal mudflats on their 

northward migration (Drever et al. 2014; Jardine et al. 2015; Page et al. 1999b). The 

Fraser River Delta is one such stopover site, and 1.2 million shorebirds are estimated to 

use this estuary annually (Drever et al. 2014; Page et al. 1999b). As such, understanding 

the structure and function of soft-sediment ecosystems and how they respond to human 

disturbances is now a fundamental component of research in coastal and estuarine 
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ecology (Gonzalez et al. 2016; Vackar et al. 2012). Researchers are therefore attempting 

to understand how soft-sediment ecosystems respond to disturbance (Gerwing et al. 

2017a; Skilleter 1996), how to effectively detect and monitor negative impacts (Carty 

2003; Hereward et al. 2017), and how to direct restoration efforts (Barausse et al. 2015; 

Bayraktarov et al. 2016).  

 

1.2 Structuring Forces and Disturbances in Soft-Sediment Ecosystems 

 Soft-sediment ecosystems have multiple structuring forces including abiotic 

factors, trophic interactions, biotic tolerances, physical disturbances, and propagule 

supply (Cowie et al. 2000; Gerwing et al. 2016a; Lu et al. 2008; Olafsson et al. 1994; 

Posey et al. 1995; Signa et al. 2015). Abiotic factors are environmental parameters that 

allow for bottom-up control of resource availability, and consist of particle size and 

sorting, sediment water content and dissolved oxygen content, availability of nutrients, 

and exposure time to air (Gerwing et al. 2015b; Ghasemi et al. 2014; Lu et al. 2008; 

Zajac et al. 1998). Trophic interactions include top-down forcing through predation, as 

well as mid-trophic level predators (mesopredators) exerting structuring pressure as a 

middle-out variable (Elmhagen and Rushton 2007; Gerwing et al. 2016a; Prugh et al. 

2009). Finally, propagule supply or the input of marine larvae to a site, can influence 

community composition through distribution of taxa and population density (Menge et al. 

1997; Olafsson et al. 1994). This propagule supply also plays a role in the first come first 

served hypothesis, a paradigm where community succession is influenced by both 

fecundity and dispersal ability of infaunal organisms (Connell and Slatyer 1977; Gerwing 

et al. 2016a; Underwood and Fairweather 1989). Previous research has debated the 
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relative importance of each of these factors in structuring soft sediment ecosystems, 

including how disturbances may alter biotic and abiotic parameters (Cowie et al. 2000; 

Dernie et al. 2003; Gerwing et al. 2017a; Skilleter 1996). 

 Disturbances do appear to be an important structuring force for these biological 

communities. Within intertidal mudflats, the community is often comprised of 

invertebrates that burrow into the sediment (e.g. polychaetes, bivalves, and amphipods) 

known as infauna (Little 2000). These infaunal communities have been documented to 

respond to human disturbances, both in terms of abundance and community composition, 

allowing infauna to be employed as biological indicators of disturbance, and making 

understanding disturbances critical to enhancing our knowledge of infaunal communities 

(Bett 1988; Cowie et al. 2000; Pearson and Rosenberg 1978).  

 Physical disturbance, such as scouring from ice, has been shown to impact 

infaunal communities, leading to shifts in species composition and abundances (Conlan 

and Kvitek 2005; Conlan et al. 1998; Dernie et al. 2003). Defined as a process that 

disrupts and causes movement of the sediment substrate (Hall 1994), physical disturbance 

also results in the creation of surface features such as pits and troughs. These surface 

features allow for water accumulation, alter biological communities and structures, and 

can disrupt the redox potential discontinuity (RPD; transition from oxidizing to reducing 

sediment conditions) layer (Cowie et al. 2000; Dernie et al. 2003).  

Another type of disturbance is organic enrichment that occurs from a variety of 

sources, including the effluent from pulp and paper mills, and is another mechanism that 

alters infaunal community composition with implications for oxygen depletion or anoxia 

(Buttermore 1977; Heilskov and Holmer 2001; Kristensen 2000; Pearson and Rosenberg 
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1978). Both physical disturbance and oxygen depletion from organic enrichment can 

result in sulphide accumulation, exacerbating hypoxia and causing toxicological effects 

for invertebrates (Heilskov and Holmer 2001; Wu 1995). Sediment contamination from 

toxins occurs through additional mechanisms, such as discharged effluents from pulp 

mills, with negative impacts for infaunal communities (Pires et al. 2017; Pocklington and 

Wells 1992; Waldichuk 1966). 

   

1.3 Monitoring and Restoration 

Monitoring of benthic habitats has been shown to be effective for detecting 

ecosystem responses to disturbance, as well as allowing for the initiation of restoration 

efforts (Bett 1988; Gesteira and Dauvin 2000; Hereward et al. 2017; Pearson and 

Rosenberg 1978; Schlacher et al. 2016a). Pearson and Rosenburg (1978) described 

changes in infaunal communities along gradients of organic enrichment from a pulp mill, 

as well infaunal succession following cessation of enrichment. For instance, high 

densities of polychaetes from the families Capitellidae and Spionidae have been linked to 

disturbed habitats, particularly those undergoing organic enrichment (Keats et al. 2004; 

Pearson and Rosenberg 1978). Conversely, some taxa have been used to indicate 

ecosystem functioning in soft-sediment ecosystems, such as the presence of amphipods or 

mobile errant polychaetes (Cardoso et al. 2007; Conlan 1994; Gerwing et al. 2018a; 

Gesteira and Dauvin 2000; Goncalves et al. 2013). Other indicator species include 

infaunal crustacean species like ghost shrimp and Thalassinidean shrimp (e.g. Ocypode 

sp., Upogebia sp., and Neotrypaea sp.) for detecting anthropogenic disturbances in soft-

sediment ecosystems. Densities of burrow openings from these crustaceans have been 
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successfully used to estimate human impacts at beaches (Hereward et al. 2017; Schlacher 

et al. 2016a). Other biotic indices of infaunal communities have been developed, such as 

ratios of nematodes to copepods, with the goal of informing policy and decision-making 

processes (Bett 1988; Fitch and Crowe 2010; Gesteira and Dauvin 2000; Pinto et al. 

2009).  

Unfortunately, even the best-intentioned monitoring programs can be disruptive to 

these ecosystems. Understanding how disturbances affect biotic communities often 

requires knowledge of species abundances or population dynamics (Schlacher et al. 

2016b); yet this is not without challenges in soft-sediment ecosystems. As many 

organisms are cryptically below the surface, compiling population counts requires 

excavation of the sediment to assess either presence/absence or density. Such excavations 

disrupt the sediment and are destructive to the habitat, while also stressing or damaging 

specimens (Butler and Bird 2007; Schlacher et al. 2016a). Furthermore, high resolution 

taxonomic identification requires removing specimens from the ecosystem for analysis in 

the laboratory (Light and Smith 2007). To complicate matters, repeat sampling involves 

researchers traversing across the mudflat, which may cause further disturbance to the 

ecosystem (Dernie et al. 2003; Skilleter 1996).    

Restoration efforts are often coupled with monitoring efforts, but determining the 

best restoration method is a complex undertaking. Both soft-sediment ecosystems and 

infaunal communities are resilient to disturbance and can be responsive to passive 

restoration - defined as the cessation of activities responsible for ecosystem degradation 

to allow unassisted recovery (Dernie et al. 2003; Gerwing et al. 2018a). However, passive 

restoration is not universally successful in ecosystems (McIver and Starr 2001; Ruwanza 
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et al. 2013; Zahawi et al. 2014). Active restoration requires hands-on restoration and may 

consist of shoreline nourishment for stabilization, planting shoreline vegetation, artificial 

substrates for larval settlement, transplanting larval individuals, or removing invasive 

species (Barbour et al. 2011; Bayraktarov et al. 2016; Botton et al. 2018; Coen and 

Luckenbach 2000; Feng et al. 2018; Johnson et al. 2019; Rutledge et al. 2018; Siple and 

Donahue 2013; Soong and Chen 2003). Unfortunately, these techniques can be unfeasible 

due to high associated costs (Bayraktarov et al. 2016; Holl and Aide 2011).  For instance, 

Bayraktarov et al. (2016) reported the median and average costs for one hectare of marine 

coastal habitat was around $80,000 and $160,000 (USD) respectively. However, they 

also estimated that the true median cost was closer to $150,000 - $400,000 (USD) when 

incorporating capital and operating costs. Furthermore, the cost of restoration efforts has 

not been linked to the success of the restoration project, while most coastal restoration 

projects have been criticized for being too short to effectively assess recovery of 

ecosystem function (Bayraktarov et al. 2016). 

 
 

1.4 Thesis Overview 
 

This thesis aims to expand our understanding of the efficacy of passive restoration 

and non-invasive monitoring of intertidal soft-sediment ecosystems. Specifically, I 

researched how an intertidal mudflat has passively recovered from historical 

developments, and whether relationships between abundance of burrowing macrofauna 

and the number of burrow openings on the substrate surface could be modelled to predict 

population sizes. This research was conducted on the north coast of British Columbia, at 

intertidal mudflats in the Skeena and Kitimat River Estuaries. Both regions have a legacy 
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of industrial development including salmon canneries, pulp mills, logging, and aluminum 

smelters. Future developments have been proposed, including liquified natural gas 

terminals/pipelines, oil pipelines and potash terminals. Unfortunately, both current and 

proposed developments have the potential to negatively impact coastal ecosystems and 

their associated communities (Carr-Harris et al. 2015; McLaren 2016; Moore et al. 2015). 

However, research on passive restoration and burrow indices in temperate estuarine and 

intertidal communities is lacking, reducing our ability to pro-actively manage these 

ecosystems or detect impacts across a gradient of human disturbance. 

In Chapter 2, I apply a previously researched method of modelling infaunal 

invertebrate population size to novel species. Previously, relationships between burrow 

openings on the substrate surface and infaunal population abundance have been limited to 

burrowing crustaceans (specifically Thalassinidean shrimp and Ocypode sp.), but 

bivalves and large polychaete worms also create large burrow openings on the substrate 

surface. Furthermore, research on whether the presence of multiple burrowing 

invertebrate species will alter the efficacy of employing burrow openings as a proxy for 

population abundance is currently lacking. As such, I assessed mudflats in the Skeena 

River and Kitimat River Estuaries, British Columbia, during the summer of 2017 to 

determine if macrofauna abundances could be estimated from burrow openings on the 

sediment surface in regions of low (n = 1 species) and high (n = 8 species) biodiversity. 

In Chapter 3, I investigate if the intertidal mudflat surrounding Cassiar Cannery, 

near Prince Rupert, is impacted by current disturbances of a dock structure and log scour 

to the sediment surface. With samples of the infaunal community, sediment conditions, 

and nutrient availability through the of summer 2017, I tested for differences between 
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two potentially impacted locations on the mudflat, and two reference locations. As this 

intertidal mudflat was historically impacted by developments, including a pulp mill and 

the longest continually operating salmon cannery on BC’s coast, I also examined whether 

passive restoration has effectively returned this mudflat to a relatively unstressed and 

functional state.  

With the shift towards non-invasive research that has occurred in ecology (Adams 

et al. 2017; Hessing-Lewis et al. 2018; Juanes 2018; Suter et al. 2017), as well as a trend 

towards restoring degraded ecosystems (Bayraktarov et al. 2016; Gerwing et al. 2017c; 

Holl and Aide 2011; Zauki et al. 2019), this research will expand our knowledge of their 

applicability in temperate soft-sediment ecosystems. By non-invasively monitoring 

burrow openings, researchers may be able to detect impacts to infaunal communities, and 

demonstrate when to initiate restoration efforts (Carty 2003; Hereward et al. 2017; 

Pearson and Rosenberg 1978). If passive restoration is feasible in this region, it may also 

be a more cost-effective method to restore ecosystems compared to active restoration 

(Holl and Aide 2011). 
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Chapter 2 – A Rapid, Non-invasive Population Assessment Technique 
for Marine Burrowing Macrofauna Inhabiting Soft Sediments 

 

2.1 Introduction 

Understanding the impact of human activity on ecosystem functioning and 

biodiversity is a fundamental aspect of scientific research (Gonzalez et al. 2016; Vackar 

et al. 2012). Ecologists and conservation biologists often estimate species abundance, or 

use population dynamics to achieve a variety of research goals including the assessment 

of anthropogenic impacts (Cox et al. 2017; Schlacher et al. 2016b; Simao et al. 2006). 

Although compiling counts of organismal abundance is easy in theory, precise and 

accurate counts are difficult, and may require invasive techniques (Butler and Bird 2007; 

Cox et al. 2017; Schlacher et al. 2016b). For example, in soft-sediment ecosystems many 

invertebrates burrow into the substrate (infauna), requiring excavation of individuals 

from the sediment to assess density and presence/absence. Such methods are destructive 

to the habitat, and risk stressing, damaging, or killing specimens (Butler and Bird 2007; 

Schlacher et al. 2016b). In addition to habitat damage, excavations are time consuming, 

laborious, and costly, limiting the spatiotemporal scale of investigation (Dumbauld et al. 

1996; Gilkinson 2008). Therefore, a variety of methods have been proposed for 

monitoring and estimating infaunal densities, including assessing indicator species or 

applying ecological indices that can be used as proxies for ecosystem health (e.g. 

ecosystem functioning, productivity, or biodiversity) (Gerwing et al. 2017b; Gesteira and 

Dauvin 2000; Hereward et al. 2017; Schlacher et al. 2016b). Ecological proxies for 

monitoring are advantageous as they require less time to assess an area than examining a 

site holistically, and reduce costs (Butler and Bird 2007; Gilkinson 2008; Schlacher et al. 
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2016b), although they require pilot studies to evaluate their efficacy (Gerwing et al. 

2017b; Gerwing et al. 2015c). 

In coastal soft-sediment ecosystems that have been degraded by anthropogenic 

impacts such as urbanization and industrial development (Crain et al. 2008; Gerwing and 

Cox 2017), fossorial (burrowing) marine decapods have been used extensively as 

indicator species to detect disturbances across gradients of human impact. The decapods 

selected as indicator species have traditionally been ghost crabs (Ocypode sp.) and 

Thalassinidean shrimp (Upogebia sp. and Neotrypaea sp.), as they are sensitive to 

anthropogenic impacts and play key ecological roles (Butler and Bird 2007; Carty 2003; 

D'Andrea and DeWitt 2009; DeWitt et al. 2004; Dumbauld et al. 1996; Hereward et al. 

2017; Kennish 2002; Pillay and Branch 2011; Schlacher et al. 2016a; Schlacher et al. 

2016b; Stelling-Wood et al. 2016; Swinbanks and Luternauer 1987; Takeuchi et al. 

2013). As both ghost crabs and Thalassinidean shrimp have fossorial habits, researchers 

have estimated species abundances from statistical relationships between the number of 

burrow openings and population abundance (Carty 2003; Hereward et al. 2017; Schlacher 

et al. 2016b). Once the relationship has been determined in a given location, monitoring 

requires only counting the number of burrows as a proxy for abundance, eliminating the 

need to excavate pits or count individual specimens (Halpern et al. 2015; Hereward et al. 

2017; Schlacher et al. 2016b). However, bivalves and polychaetes also create burrow 

openings, hence this technique of rapid population assessment may not be limited to 

fossorial decapods. Although both bivalves and polychaetes have been used as indicator 

species (Guerra-Garcia and Garcia-Gomez 2004; Hutchins et al. 2009; Pearson and 

Rosenburg 1978; Talmage and Gobler 2010; Waldbusser et al. 2010; Yunker et al. 2011), 
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relationships between bivalve or polychaete abundance and burrow openings have not 

been examined as extensively as with decapods. For example, only one study examined 

relationships between burrow openings and bivalve (Cyrtodaria siliqua) abundances 

(Gilkinson 2008), while research that quantifies the relationship between polychaete 

abundance and the abundance of burrow openings is lacking.  

Although the majority of research using burrow openings as an ecological proxy 

has focused on marine fossorial decapods, this group of organisms are not ubiquitous to 

marine soft-sediment ecosystems. Additionally, it is also possible that the presence of 

other burrowing macrofauna (invertebrates living in the sediment and retained on a 1mm 

sieve such as clams or large worms) may decrease the efficacy of using burrow openings 

as proxies for abundance (Butler and Bird 2007; McPhee and Skilleter 2002). Where only 

one macrofaunal species is present, monitoring by counting burrow openings may be 

reliable, but may not be possible when multiple macrofaunal species are present due to 

the presence of species inhabiting burrows that they didn't create and altering the 

relationship between the number of burrow openings and abundance (Butler and Bird 

2007; McPhee and Skilleter 2002). Conversely, macrofauna often create burrow openings 

that can be differentiated and identified to species visually, potentially enabling the usage 

of burrow openings to assess densities outside of monocultures (Harbo 2003; 2007; 

2011). For instance, Neotrypaea californiensis (Thalassinidean shrimp) creates distinctive 

burrows with a vertical shaft and expelled sediment in a volcano shape around the 

circular burrow opening (Pillay and Branch 2011) while Abarenicola pacifica (lugworm) 

creates j-shaped burrows with rope-like, coiled fecal castings around the burrow opening 

(Harbo 2003; 2007; 2011; Light and Smith 2007). Therefore, it may be possible to 
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estimate abundances of these species from their unique burrows openings even in areas of 

high macrofaunal diversity, and the applicability of burrow openings counts belonging to 

macrofauna in estimating organismal abundance should be further examined in 

biodiverse habitats.  

Intertidal mudflats were assessed in British Columbia, Canada, including both low 

macrofaunal diverse mudflats near Kitimat, and a high macrofaunal diverse mudflat near 

Prince Rupert in the Skeena Estuary, to determine the efficacy of burrow openings as 

proxies for abundance of macrofauna. Both Kitimat and Prince Rupert are cities near 

estuarine systems in northern BC, Canada, and are important regions for environmental 

monitoring due to their history of industrial development including an aluminum smelter, 

logging, and a pulp and paper mill. Future development is also likely in these regions, 

including potential potash export terminals, and oil and liquefied natural gas pipelines, 

refineries, and export terminals (Carr-Harris et al. 2015; McLaren 2016; Simpson et al. 

1998; Yunker et al. 2011). As such, trends identified in these systems may provide 

valuable insights applicable to other estuarine systems (Gerwing et al. 2015b; Gerwing et 

al. 2018b; Hewitt et al. 2016; Little et al. 2017). Therefore, whether a relationship 

between abundances of burrow openings and fossorial organisms can be generated in 

high and low macrofaunal diverse sites was tested, with the goal of creating relationships 

that could be used to save time and money when assessing macrofaunal populations in 

the future.  
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2.2 Materials and Methods 

2.2.1 Study Sites 

Five intertidal mudflats were sampled for this study: four mudflats with low 

macrofaunal diversity (i.e. only one macrofaunal species present) in the Kitimat River 

Estuary and one mudflat with high macrofaunal diversity in the Skeena Estuary (Figure 

2.1). Within the Kitimat Estuary, three mudflats were located within Minette Bay (PL: 

Pilings; LD: Lodge; LS: Log Sort), while Foxy Beach (FB) was located just outside of 

Minette Bay. Gerwing et al. (2018a) identified Mya arenaria as the sole macrofaunal 

species in the Kitimat Estuary, therefore, all burrow openings larger than 0.1 cm can be 

attributed to this bivalve.  

In the Skeena Estuary near Prince Rupert, Wolfe Cove was the only site surveyed, 

as it was the only mudflat in the area with a diverse macrofauna community. With 

Thalassinidean shrimp (Neotrypaea californiensis), bivalves (Clinocardium nuttallii, 

Macoma nasuta, M. arenaria) and polychaete worms (Abarenicola pacifica, Nephtys 

caeca, Alitta brandti, and Glycinde picta) present (Campbell and Gerwing, Unpublished 

data), Wolfe Cove is a site of high macrofaunal diversity, with multiple species creating 

relatively large burrow openings (>0.1 cm) on the substrate surface. 

 

2.2.2 Field Methods 

At each mudflat, five transects were established, stretching from the start of the 

mudflat to the low tide waterline (60-200 m long, 25 m apart). Transects were stratified 

into three equal zones based on distance from shore (near, middle, and far). Within each 

zone, one sampling location was randomly selected (n = 3 per transect, 15 per site per 
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sampling round) and a 1 m2 quadrat was established (Gerwing et al. 2015b). Burrow 

openings greater than 0.1 cm were quantified and classified as either Thalassinidean 

shrimp burrows from N. californiensis by the expelled sediment in a volcano shape 

around the circular burrow opening (Parry et al. 2003; Pillay and Branch 2011), or as 

lugworm burrows from A. pacifica, characterized by circular burrows with rope-like, 

coiled fecal castings around the burrow opening (Harbo 2003; 2011; Light and Smith 

2007). The remaining burrows, including small to medium sized openings created by 

bivalves and Nephtyidae or Nereididae polychaetes, were non-descript, and such 

indistinguishable burrows were counted and categorized as other burrow openings. After 

burrow openings were classified, a pit was excavated to quantify the abundance of 

macrofauna. Due to differences in availability of resources, a 20 cm2 pit was dug to a 

depth of 20 cm at Kitimat mudflats, whereas at Wolfe Cove a 1 m2 pit was dug to a depth 

of 20 cm (Gerwing et al. 2018a). All mud excavated from each pit was sifted through a 

No. 35 mesh sieve (0.5 mm) opening. Where possible, macrofauna were identified in the 

field and immediately released. Specimens that could not be identified in the field were 

retained and later identified under a dissecting microscope  (Light and Smith 2007). One 

mudflat was sampled per day at the lowest low tide during three sampling rounds over 

the summer of 2017 (May 25-31, June 22-28, July 17-24). The LS mudflat was not 

sampled during the first round, (May 25-31), and PL was not sampled in the last round 

(July 17-24). This sampling scheme resulted in a total of 30-45 sampling events 

conducted per mudflat.  
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2.2.3 Statistical Analysis 

Data were analyzed using IBM SPSS software version 24.0. Data were in the 

form of counts and a large number of zeros were present in the dataset, skewing the 

dataset significantly to the left. The dataset was deemed non-normal, and therefore a 

Spearman’s rho correlation was used to determine the relationships between each of the 

species population counts and each burrow type counted.  In order to determine if there 

were significant differences in the relationship between M. arenaria and burrow 

abundance among the four mudflats surveyed at the Kitimat location, a Kruskal-Wallis 

test was performed. 

Following the Spearman’s correlation analysis, a Poisson log probability 

distribution was employed to create general linear models (GLMs) based on significant 

correlations. This distribution is ideal when analyzing non-normal data in the form of 

counts (Zuur et al. 2009). Sampled population counts were summed for calculating model 

statistics based on similarities in statistically significant correlations calculated at Wolfe 

Cove. Abundance for A. brandti, A. pacifica, and M. arenaria were summed, and G. 

picta, M. nasuta, and N. californiensis were summed because of their statistically 

significant correlation in the same direction (negative and positively respectively) to non-

descript “other burrow openings.” The abundance of lugworm burrows and other burrow 

openings were used as covariates, while sampling date was a fixed factor, to predict the 

summed population numbers for A. brandti, A. pacifica, and M. arenaria. The abundance 

of other burrow openings was a covariate with sampling date a fixed factor to predict the 

summed population numbers for G. picta, M. nasuta, and N. californiensis. Other 

dependent variables were modeled, including abundance of N. caeca, while other 
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covariates and fixed variables were explored in GLMs including transect number and 

Thalassinidean shrimp burrow abundance in order to assess their impact on model 

significance. Only covariates and fixed factors with an α less than 0.05 were deemed 

acceptable for use in the models. Where multiple burrow types were entered as covariates 

in a model, the interaction effect of these openings was also entered as a model variable; 

for example, lugworm burrows X other burrow openings. Model residuals were graphed 

to assess model reliability.  

 
2.3 Results 

2.3.1 Kitimat 

At Kitimat, the low macrofaunal region where only one macrofaunal species (Mya 

arenaria) was observed, significant relationships were found between the burrow 

openings and population abundance of M. arenaria at three of the four mudflats (rho = 

0.458, p < 0.001). No significant relationship was found at the LS site, and therefore this 

site was excluded from further analyses.  No significant differences in distribution or 

median M. arenaria abundance existed between the three mudflats analyzed, so data were 

grouped for further analyses.  

Burrow openings were entered as a covariate in a GLM to predict population 

abundance of M. arenaria and were shown to have a significant effect on the model 

outcome (omnibus test was significant; likelihood ratio Chi-square = 22.48, p < 0.001). 

Given the significance in the GLM, burrow openings were used to assess abundance in a 

model with a Poisson log distribution; however, when model residuals were plotted as a 

function of predicted values the model showed significant bias and slight 
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heteroscedasticity yielding the model results unreliable. Therefore, no significant and 

meaningful model could be derived from the Kitimat data collected. 

 

2.3.2 Wolfe Cove 

At Wolfe Cove, the high diversity mudflat, partial correlations were determined to 

calculate the similarity in the variation between population and burrow type, conducted 

while maintaining a constant distance from shore (a < 0.1 to identify patterns (Beninger 

et al. 2012)). Although eight macrofaunal species were identified at Wolfe Cove, the 

abundance of Clinocardium nuttallii did not show a significant relationship to any type of 

burrow opening (Table 2.1). The abundance of some species encountered had statistically 

significant relationships with the number of burrows, but these relationships were not all 

positive (Table 2.1). For example, Abarenicola pacifica abundance was positively 

correlated, while Nephtys caeca abundance was negatively correlated to lugworm 

burrows. The number of Glycinde picta, Macoma nasuta, and Neotrypaea californiensis 

individuals were all positively correlated with the abundance of other burrow openings, 

while Alitta brandti, A. pacifica and M. arenaria population numbers were negatively 

correlated to other burrow openings and positively correlated with lugworm burrow 

openings (Table 2.1). Population counts for species that shared common variability were 

summed to form the dependent variables of the subsequent general linear models, 

therefore individual correlations shown in Table 2.1 are not related to the significance of 

covariates used in these models.  

The following models revealed significant predictive relationships: 
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Total population abundance of G. picta, M. nasuta, and N. californiensis was predicted 

by other burrow openings (covariate) and the date of sampling (fixed factor) (likelihood 

ratio Chi-square = 97.892, p < 0.001). The linear relationship between the predicted 

values and the observed population abundance of G. picta, M. nasuta, and N. 

californiensis is described by the following equation: 

[1]   Y = 0.47 + 0.75x (r2 = 0.740; Figure 2.2) 

The total population abundance of A. brandti, A. pacifica, and M. arenaria was predicted 

by the number of lugworm burrows and other burrow openings (covariates) and the date 

of sampling (fixed factor) (likelihood ratio Chi-square = 72.462, p < 0.001). The linear 

relationship between the predicted values and the observed total population abundance of 

these species is described by: 

[2]   Y = 3.8 + 0.45x (r2 = 0.421; Figure 2.3) 

A. pacifica was significantly correlated with Thalassinidean shrimp burrows when the 

independent Spearman’s rho values were calculated (Table 2.1); however, when modeled 

as total abundance with A. brandti, and M. arenaria, the total abundance of these species 

can be modeled more appropriately by lugworm and other burrow opening types than 

Thalassinidean shrimp burrows. 

Lastly, N. caeca was modeled by lugworm burrow and other burrow opening counts 

(covariates), and date of sampling (fixed factor) (likelihood ratio Chi-square = 26.523, p 

< 0.001). A significant interaction effect was noted between lugworm burrows and other 

burrow openings in the model of N. caeca (p = 0.029).  The linear relationship between 

the predicted values and the observed counts of N. caeca population abundance is 

described by the following equation: 
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[3]   Y = 4.42 + 0.28x (r2 = 0.277; Figure 2.4) 

Although the Spearman’s rho value shows a relationship between N. caeca abundance 

and combined Thalassinidean shrimp burrows and lugworm burrows, when modeled with 

other variables of consideration (other burrow openings, sampling date, transect) 

Thalassinidean shrimp burrows became insignificant to the model.  

 

2.4 Discussion 

2.4.1 Kitimat 

The objective of this study was to determine if relationships between the number 

of burrow openings and the abundance of macrofauna could be modelled at both high and 

low diversity mudflats on the north coast of British Columbia. At the Kitimat mudflats 

with only one macrofaunal burrowing species, the positive correlation between burrow 

openings and the number of Mya arenaria was statistically significant; however model 

residuals were unreliable resulting in no significant and meaningful model created with 

the Kitimat data. Therefore, burrow openings were not a good proxy for M. arenaria 

densities.  

To the best of our knowledge, the only other study attempting to use burrow 

opening counts to quantify bivalve abundance used the deep-sea propeller clam 

Cyrtodaria siliqua and examined the effect of dredging on the relationship between 

burrow openings and C. siliqua abundance (Gilkinson 2008). Although not all 

experimental treatments in their study revealed statistically significant relationships, the 

ones that did showed moderate to strong relationships with clam densities (r = 0.50-0.72) 

(Gilkinson 2008). However, their study found a temporal change in the ratio of burrows 
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to bivalve abundance, with a decreasing number of burrows but consistent abundance of 

C. siliqua over multiple years (Gilkinson 2008). As temporal variation may be a factor in 

relationships between burrow openings and macrofauna abundance, more data would be 

required to see if the temporal scale of this research was too short to detect a temporal 

trend, and perhaps a stronger relationship and more reliable model could be generated by 

collecting more data during each sampling round, or sampling all year (Bringloe et al. 

2013).  

 

2.4.2 Wolfe Cove 

At Wolfe Cove, high macrofaunal biodiversity made it more difficult to create a 

single, meaningful statistically significant relationship between burrow openings and 

species abundance. Of the eight species encountered, only Clinocardium nuttallii 

abundance was not significantly correlated with any of the observed burrow types. This 

may have been due to the low number of C. nuttallii encountered, as only a total of seven 

individuals were found throughout the sampling period. Therefore, more data would be 

required to properly assess the relationship between C. nuttallii abundance and the 

number of burrow openings.  

The number of burrows identified as belonging to Thalassinidean shrimp showed 

weak correlations to three of the eight species investigated, including between these 

burrows and Neotrypaea californiensis abundance. While significant, this correlation was 

expected to be stronger as numerous N. californiensis were observed in the sediment at 

the time of sampling. Furthermore, previous studies have found significant and stronger 

relationships between the number of burrow openings and abundance of N. californiensis 
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(Carty 2003; Dumbauld et al. 1996). While unexpected, both Carty (2003) and Dumbauld 

et al., (1996) used either a suction or large core rather than digging a pit as was done in 

this study. The vertical shaft of N. californiensis’ burrow can be up to 90 cm deep 

(Dumbauld et al. 1996), therefore, excavating a pit to 20 cm depth may not have been 

sufficient to capture all specimens present in the 1 m2 quadrat. However, this method was 

chosen because at this mudflat below 20cm depth the sediment particle size became 

larger and transitioned into gravel, reducing the likelihood that N. californiensis were 

present below this depth, and eliminating the ability to use suction as an extraction 

technique. The high number of other burrowing infauna at this site may have also 

introduced too much variability into the habitat, reducing the ability to create strong 

relationships between N. californiensis abundance and burrow openings (Butler and Bird 

2007; McPhee and Skilleter 2002). 

Previous research has also noted that burrow opening counts cannot distinguish 

between uninhabited and inhabited burrow openings, which may have influenced the 

results, and is one of the reasons burrow opening/population abundance relationships may 

produce highly variable population estimates (Schlacher et al. 2016b). This is especially a 

problem for mobile, errant taxa like Thalissinidean shrimp and certain polychaetes (e.g. 

Nephtyidae or Nereididae), as they can vacate their burrows or burrow through the 

sediment. Additionally, when excavating pits, mobile Nereididae worms were observed 

moving into burrows belonging to bivalves like M. arenaria. Therefore, counting burrow 

openings as estimators of population abundance may not be appropriate for mobile 

invertebrates. 
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The abundance of the lugworm Abarenicola pacifica was significantly positively 

correlated to the number of burrows identified as lugworm burrows, although a 

statistically significant GLM could not be created with just A. pacifica and lugworm 

burrows. Of interest, Nephtys caeca was also significantly correlated with burrows 

identified as lugworm burrows, although the correlation was negative. This may be due to 

the bioturbating activities of lugworms that can influence polychaete assemblages, and 

their presence can negatively affect abundances of other polychaetes, especially mobile 

predatory worms (Volkenborn and Reise 2007).  

The abundance of Macoma nasuta, N. californiensis and Glycinde picta were all 

positively correlated to the number of ‘other burrow openings’ (burrow openings 

identified as not belonging to Thalassinidean shrimp or lugworms), while Alitta brandti, 

A. pacifica and M. arenaria were negatively correlated to these openings. This result 

provides major challenges for using burrow openings as estimates of individual species 

densities, as it eliminates our ability to assign burrow openings to a given species. 

However, it does allow for the ability to create models which express the relationship 

between population abundance and the type of burrow opening found (Equations 1-3), 

with applications for monitoring population declines.  

Of particular interest is the significant effect of sampling date on these models, 

suggesting that temporal variation is an important consideration for modelling 

invertebrate abundances from burrow opening counts. Previous research has found 

temporal variation to be a component of these models for bivalves as previously 

mentioned, and for Thalassinidean shrimp species (Dumbauld et al. 1996; Gilkinson 

2008; Schlacher et al. 2016b). As such, future research should be directed at furthering 
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our knowledge of temporal variation in these relationships, and understanding how to 

determine the appropriate sampling date or sampling interval. 

 

2.4.3 Efficacy of Counting Burrow Openings as Organismal Abundance Proxies  

Although using burrow opening counts to estimate individual species abundance 

may not be effective in low diversity sites, burrow counts in high macrofaunal diverse 

sites may still be a useful tool for monitoring. For instance, in a heavily polluted estuary, 

simply counting macrofauna burrows without assigning the burrow to a given taxa was 

sufficient to detect responses of the infaunal community along the gradient of pollution 

(Saiz-Salinas and Gonzalez-Oreja 1999). Although burrow openings were unable to 

predict individual infaunal abundances at the high diversity sites, openings were still able 

to predict overall infaunal abundances, and therefore may be able to detect changes in 

habitat condition over time in these systems. Burrow opening counts may therefore be an 

appropriate monitoring method to identify potential infaunal population changes and 

relate them to alterations in habitat condition. Counting burrow openings would be 

quicker, cheaper, and less destructive than excavation and identification of infauna to a 

given taxonomic unit (Gilkinson 2008; Saiz-Salinas and Gonzalez-Oreja 1999; Schlacher 

et al. 2016b). As such, counting burrows could still be a useful monitoring tool when the 

goal is to detect overall community changes. 
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2.5 Conclusion 

In order to evaluate if burrow openings are a good predictor of infaunal 

abundance, mudflats with either a monoculture or with high macrofaunal biodiversity 

along the north coast of BC were examined. A model predicting macrofaunal abundance 

from burrow openings was not possible at low diversity mudflats, while total 

macrofaunal abundance rather than individual species abundance was predicted at the 

high diversity mudflat.  Based upon these findings it is recommended to consider these 

three points for burrow opening counts as a rapid and reliable method for estimating the 

abundance of macrofaunal organisms: 

1. Timing of sampling appears to be relevant to macrofaunal counts and future 

research should be directed at elucidating temporal variation in relationships 

between burrow openings and invertebrate abundance. 

2. At high macrofaunal diversty sites, complex interactions exist and therefore 

burrow opening counts may be more appropriate for predicting total macrofaunal 

population abundance. 

3. Regardless of species found, relationships between burrow openings counts and 

macrofaunal abundance must be empirically tested in the system of interest. 

Although designing a sampling protocol requires the above considerations, burrow 

opening counts can be powerful tools for ecosystem monitoring. Monitoring population 

abundance through burrow opening counts has the ability to detect overall changes in 

abundances, while being less destructive, quicker, and cheaper than traditional excavation 

methods.  
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Tables 
 
Table 2.1 Correlation matrix for abundance of macrofauna and type of burrow opening on the substrate surface at Wolfe Cove. 
Spearman’s rho coefficients and associated significance are presented. Due to attempting to identify potential relationships, a = 0.1 
was used to denote significance and statistically significant correlations are shown in bold (Beninger et al. 2012).  
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Figures 
 

 

Figure 2.1 Map of intertidal mudflats sampled during the summer of 2017 near Kitimat 

and Prince Rupert, British Columbia, Canada. WC: Wolfe Cove, LS: Log Sort, LD: Log 

Dump, and FB: Foxy Beach. Mudflat near Prince Rupert in the Skeena River Estuary 

(WC: Wolfe Cove 54.242433, -130.273033) had high macrofaunal diversity (n = 8 

species). Mudflats in the Kitimat River Estuary (LS: Log Sort 54.0248815, -128.610411, 

LD: Log Dump 54.031088, -128.621355, PL: Pilings 54.015791, -128.632238, and FB: 

Foxy Beach 54.005785, -128.660710) had low macrofaunal diversity (n = 1 species). 
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Figure 2.2 Observed values of Glycinde picta, Macoma nasuta and Neotrypaea 
californiensis versus predicted values from other burrow openings at Wolfe Cove. 

Invertebrate populations were counted by excavating and collecting all specimens from a 

1 m2 pit to a depth of 20 cm, while burrow openings were counted visually on the surface 

during low tide in the summer of 2017.  
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Figure 2.3 Observed values of Alitta brandti, Abarenicola pacifica, and Mya arenaria 

populations versus predicted values using lugworm burrows and other burrow openings 

as predictors at Wolfe Cove. Invertebrate populations were counted by excavating and 

collecting all specimens from a 1 m2 pit to a depth of 20 cm, while burrow openings were 

counted visually on the surface during low tide in the summer of 2017.  
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Figure 2.4 Observed values of the Nephtys caeca population versus predicted abundance 

using lugworm burrows at Wolfe Cove. N. caeca individuals were counted by excavating 

and collecting all specimens from a 1 m2 pit to a depth of 20 cm, while burrow openings 

were counted visually on the surface during low tide in the summer of 2017. 
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Chapter 3 – Passive Restoration of Soft-Sediment Ecosystems on the 
North Coast of British Columbia, Canada 

 

3.1 Introduction 

Soft-sediment ecosystems represent over 70% of coastal ecosystems, and are 

important components of estuarine habitats (Constable and Fairweather 1999; Schlacher 

and Thompson 2013). Estuaries are productive regions with importance for commercial 

fisheries, providing habitat for sensitive species (especially migratory shorebirds), as well 

as recreational uses for human populations (Carr-Harris et al. 2015; Constable and 

Fairweather 1999; Dissanayake et al. 2018; Kennish 2002). However, urbanization and 

industrial development have resulted in the degradation of soft-sediment ecosystems and 

estuaries (Constable and Fairweather 1999; Crain et al. 2008; Kennish 2002; Schlacher et 

al. 2016b). Coastal developments will increase as human populations grow, with the 

associated habitat degradation leading to substantial ecological consequences 

(Dissanayake et al. 2018; Kritzer et al. 2016). As such, understanding human impacts is 

now a fundamental component of research into coastal and estuarine ecology (Gonzalez 

et al. 2016; Vackar et al. 2012).  

Within estuarine soft-sediments, detrimental effects can occur through physical 

damage to the substrate surface, organic enrichment, oxygen depletion, and accumulation 

of toxins (Dernie et al. 2003; Pearson and Rosenberg 1978). Physical disturbance results 

in the creation of surface features such as pits and troughs, thus allowing water 

accumulation, disturbing biological communities and structures, and possibly disrupting 

the redox potential discontinuity (RPD; transition from oxidizing to reducing sediment 

conditions) layer (Dernie et al. 2003; Fonseca et al. 1982; Hansen and Skilleter 1994). 
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Organic enrichment, such as from human sewage or effluent from pulp mills, can alter 

infaunal community composition (Ahn et al. 1995; Buttermore 1977; Heilskov and 

Holmer 2001; Pearson and Rosenberg 1978) and potentially lead to oxygen depletion and 

anoxia (Buttermore 1977; Kristensen 2000; Waldichuk 1979). Such enrichment can also 

lead to sulphide accumulation, altering infaunal communities through toxicological 

effects and exacerbation of hypoxia (Heilskov and Holmer 2001; Wu 1995). 

Furthermore, sediment contamination is not restricted to organic enrichment and occurs 

through pollution and industrial effluents (Hoos 1975; Turner 2019; Yunker et al. 2002), 

with negative impacts on infaunal communities (Pires et al. 2017; Pocklington and Wells 

1992; Waldichuk 1966). 

Due to their well-understood responses to disturbance, invertebrates are 

invaluable for evaluating ecosystem functioning and identifying disturbed habitats 

(Gesteira and Dauvin 2000; Guerra-Garcia and Garcia-Gomez 2004; Pearson and 

Rosenberg 1978). Invertebrates have been used to develop ecological theories on 

organismal responses to disturbance, and are employed in both monitoring and assessing 

human impacts on natural ecosystems (Cowie et al. 2000; Gerwing et al. 2017a; Pearson 

and Rosenberg 1978). In addition to monitoring applications, marine benthic 

invertebrates support commercial fisheries, both by serving as dietary sources for fish and 

as industrial bait (Davis et al. 2014; Kritzer et al. 2016; Pires et al. 2017). Therefore, 

studying invertebrates is a pro-active strategy to detect disturbances before productivity 

of commercial fisheries is impaired (Ozdemir et al. 2011; Pinto et al. 2009). In soft-

sediment ecosystems, infaunal invertebrates have been employed as successful indicators 
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for multiple disturbance mechanisms (Bett 1988; Pearson and Rosenberg 1978; Thrush et 

al. 2003). 

 Although disturbance can have detrimental effects, soft-sediment ecosystems and 

infaunal communities can be resilient to disturbance (Cowie et al. 2000; Gerwing et al. 

2018a), and are responsive to passive restoration through both physical and biological 

processes such as wave action, sediment deposition, and bioturbation (Dernie et al. 2003; 

Gerwing et al. 2018a; Skilleter 1996). Passive restoration is the cessation of activities 

causing ecosystem degradation, thus allowing for unassisted recovery (Benayas et al. 

2009; Holl and Aide 2011). Considered to be the first and most crucial step in ecological 

restoration, passive restoration can be highly effective in coastal and estuarine 

ecosystems without the associated cost of active restoration; however, not all restoration 

efforts track progress against recovery targets, or consider infaunal communities 

(Bayraktarov et al. 2016; Holl and Aide 2011; Kauffman et al. 1997; Marquiegui and 

Aguirrezabalaga 2009; McCrackin et al. 2017).  

Along the North Coast of British Columbia (BC) Canada, the Skeena River 

estuary has experienced a variety of disturbances, including physical disruption of soft-

sediment, organic enrichment, and accumulation of toxins (Carr-Harris et al. 2015; 

Gerwing et al. 2018b). Near the mouth of the Skeena River, the mudflat surrounding 

Cassiar Cannery in Inverness Passage (Figure 1) experiences physical disturbance to the 

sediment from accumulated logs, while an old dock structure may deposit woody debris 

into the sediment, potentially resulting in organic enrichment. However, in addition to 

these current impacts, this mudflat has also been undergoing passive restoration from 

historical impacts. Established in 1889, Cassiar Cannery was the longest consecutively 
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operating salmon cannery on BC’s coast before closing in 1983, with associated 

disturbances including toxic inputs like copper and creosote, and organic enrichment 

from discarded salmon carcasses (Beyer et al. 1975; Faggetter 2008; Stone et al. 1981). 

Furthermore, through the 1900s, 12 salmon canneries operated near the mouth of the 

Skeena River, with the last cannery ceasing operation in 1989, while pulp mill operations 

commenced in the 1970s and continued through 2001 (Akenhead 1992; Faggetter 2008; 

Yunker et al. 2002). Unfortunately, estuarine and coastal ecosystems may require at least 

15-25 years to recover from degradation spanning a century, or alternatively may never 

recover and instead exist in a perpetual alternate state (Borja et al. 2010; McCrackin et al. 

2017; Simenstad et al. 2006). Therefore, considering historical impacts is crucial when 

assessing estuary health and ecosystem functioning (Szabo 2010).  

As such, this study attempts to reveal current impacts regarding organic 

enrichment and physical disturbance at the intertidal mudflat surrounding Cassiar 

Cannery, while also considering historical impacts and the trajectory of passive recovery. 

To accomplish these goals, the infaunal community, sediment parameters and nutrient 

availability were examined at potentially impacted and reference locations. Within the 

infaunal community, high abundances of certain taxa including oligochaetes, nematodes, 

and polychaetes from the families Spionidae and Capitellidae could indicate impacted 

habitat, as these taxa are often found in higher abundances in disturbed habitats (Chollett 

and Bone 2007; Pearson and Rosenberg 1978). Conversely, taxa indicating a functional 

habitat such as amphipods and mobile, errant polychaetes were expected to be absent 

from disturbed locations (Cardoso et al. 2007; Gesteira and Dauvin 2000). The dock was 

also expected to decrease the depth to the apparent redox potential discontinuity depth 
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(aRPD), due to increased oxygen consumption during decomposition of woody debris, 

with a subsequent increase in organic matter content (Kristensen 2000; Pearson and 

Rosenberg 1978). Impacted locations were also expected to have reduced primary 

productivity. A greater understanding of passive restoration and its efficacy would help to 

inform cost-benefit decisions of coastal restoration, given the high cost associated with 

active restoration. 

 

3.2 Materials and Methods 

3.2.1 Study Location 

At the Cassiar Cannery mudflat, the sediment is predominantly fine silt (< 63 µm) 

and fine-grained sand (125-250 µm) with coarser grain sand and pebbles present within 

small patches. Within the mud a 1-3mm layer of oxic mud occurs at the sediment surface 

(Gerwing et al. 2017a; McLaren 2016). The mudflat was sampled at four distinct 

locations (Figure 3.1), selected based on current and historical impacts. As both the 

Resort Location and Dock Location are within the historical footprint of the salmon 

cannery, they were thus historically impacted via chemicals such as creosote, copper and 

copper soldering products, pyrogenic polycyclic aromatic hydrocarbons, grease and other 

chemicals (Faggetter 2008; Page et al. 1999a). Substantial nutrient inputs also occurred 

due to salmon carcass discards (Beyer et al. 1975; Stone et al. 1981). The Dock Location 

(DL) was below the historical wooden dock, and is hypothesized to be currently impacted 

by the dock depositing woody debris on the mudflat surface. Additionally, the benthos 

below the dock has not seen direct sunlight for ~130 years, and sedimentation and 

hydrology are likely affected by the physical structure of the dock. The Resort Location 
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(RL) is in front of former homes of cannery managers that have been restored to heritage 

houses, allowing Cassiar Cannery to continue operating as an ecotourism resort. The 

Resort Location is also undergoing current physical disturbance to the sediment surface 

from accumulated logs that flow through Inverness Passage and scour the sediment 

surface (Gerwing et al. 2015a; Herbert et al. 2009). 

The North Reference (NR) and South Reference (SR) locations are both outside 

the area of current impacts of physical disturbance from logs and the dock structure, and 

are also outside the historical footprint of the salmon cannery. Due to high tidal flushing, 

as well as water and sediment input from the Skeena and Nass Rivers (McLaren 2016) 

any organic matter or chemicals present would likely have had minor impacts upon the 

reference locations (Beyer et al. 1975). Additionally, the majority of mudflats in the 

region had canneries operating on them, greatly decreasing the availability of reference 

locations within the immediate region. However, neither of these reference locations 

were salmon cannery sites, and are therefore are adequate reference locations 

(Underwood 1994; 1997; 2009). 

3.2.2 Sampling Scheme 

At each location three transects were established, stretching from the start of the 

mudflat to the low tide waterline (Cox et al. 2017; Gerwing et al. 2015b). Transects were 

60m long with 10m separating transects, stratified into three equal zones based upon 

distance from shore (near, middle, far). Within each zone, one sampling spot was 

randomly selected (n = 3 per transect, 9 per location) and a 1m2 quadrat was established. 

All 4 locations were sampled in a day, three times throughout the summer of 2017 (May 
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30, June 21, and July 20) at the lowest low tides (Cox et al. 2017; Gerwing et al. 2017a) 

for a total of 27 assessments per location. 

 

3.2.3 Infaunal Community 

At each 1m2 quadrat, infauna was collected with a core of 10cm in length and a 

diameter of 7cm. Following collection, the sediment was passed through a 250µm sieve 

and stored in vials of 95% ethanol (Gerwing et al. 2017a). Forty infaunal taxa have 

previously been identified at the Cassiar Cannery (Gerwing et al. 2017a; Gerwing et al. 

2018b), and specimens were identified to the lowest possible taxonomic unit (Gerwing et 

al. 2017a; Thrush et al. 2003) as follows: cumaceans, amphipods, polychaetes, 

nemerteans and bivalves were identified to species; chironomids (larvae) to family; 

copepods to order; ostracods to class; and nematodes to phylum.   

 

3.2.4 Sediment Parameters 

At each quadrat, wood cover (%) and macrophyte cover (%) of the quadrat were 

visually estimated, and sediment penetrability was assessed by dropping a metal weight 

(15cm long, 1.9cm diameter, 330g) from a height of 0.75m above the sediment (Gerwing 

et al. 2015b). The depth the weight penetrated the sediment was measured as an 

indication of how easily water and animals can penetrate the sediment, therefore 

generating an index that can be compared between quadrats and locations. Additionally, 

water content, and volume weighted mean particle size in the upper 1cm of sediment 

were quantified as outlined in Gerwing et al. (2015b) by collecting a sediment core 
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(4.5cm diameter, 5cm length) from each quadrat. Briefly, the top 1cm of each core was 

weighed, placed in a drying oven at 1100C for 12 hours, and re-weighed. Percent water-

content was calculated as: 

 

(mass wet sediment – mass dry sediment)/(mass wet sediment) x 100 

 

Volume-weighted mean particle-size of the sediment for each sample was determined 

using a Malvern Mastersizer 2000 (www.malvern.com) Particle size was measured in 

triplicate and a mean value per sample calculated (Gerwing et al. 2015b). 

 

Depth of the apparent redox potential discontinuity (aRPD) was measured to the 

nearest 1mm as an index of sediment dissolved oxygen content (Gerwing et al. 2017b; 

Gerwing et al. 2015c). aRPD depth gives a relative measure of sediment dissolved 

oxygen content and redox conditions. The aRPD was measured in the sediment void left 

by the removal of the 7cm diameter infauna core (Gerwing et al. 2013). 

 

3.2.5 Nutrient Availability 

 Nutrient availability, defined as the dietary source for infaunal organisms was 

divided into organic matter and chlorophyll a concentration as a proxy for benthic diatom 

abundance (Coulthard and Hamilton 2011; Fauchald and Jumars 1979; Hargrave et al. 

1983; Trites et al. 2005). Organic matter is also an indicator of organic enrichment; 

therefore organic matter content was quantified from the sediment core as outlined by 
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Gerwing et al. (2015b). Briefly, dried sediment samples were ashed in a muffle furnace at 

5500C for four hours and re-weighed. Percent organic-content was calculated as: 

 

(mass dry sediment – mass of ashed sediment)/(mass of dry sediment) x 100 

 

 Additionally, a 2cm diameter core was taken to determine the concentration of 

chlorophyll a in the top 2-3mm of sediment as outlined by Coulthard and Hamilton 

(2011). Briefly, chlorophyll pigments were extracted from sediment samples via buffered 

acetone, and processed through a spectrophotometer to assess reflectance of chlorophyll 

pigments.  

 

3.2.6 Statistical Analysis 

The Permutational Multivariate Analysis of Variance (PERMANOVA) package 

in the statistical program PRIMER (McArdle and Anderson 2001; Clarke and Gorley 

2015) was used to elucidate how biotic and abiotic parameters varied between reference 

and impacted locations. These parameters were divided into infaunal community (species 

composition and abundance), sediment parameters (depth to the aRPD, sediment water 

content, volume weighted mean particle size, penetrability, % macroalgae coverage, and 

% wood coverage), and nutrient variables (chlorophyll a concentration and sediment 

organic matter). Groups of variables were then analyzed separetely, to elucidate any 

differences between reference and potentially impacted areas.  

Infaunal abundances were fourth root (x1/4) transformed to decrease the 

importance of very abundant species on the outcome of analyses and improve the 
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assessment of less common species. Subsequently, Bray-Curtis distances were used to 

create a resemblance matrix (Clarke et al. 2006) for the PERMANOVA. Within this 

PERMANOVA, Location (4 levels), and Sampling Date (3 levels) were fixed factors, 

while Transect nested within Location (Transect(Location); 3 levels) was a random 

factor. Four a priori planned contrasts examined how locations varied from each other as 

follows: 1) Dock Location (DL) vs. reference locations (NR + SR); 2) Resort Location 

(RL) vs. reference locations (NR + SR); 3) DL vs. RL; and 4) NR vs. SR. An α of 0.05 

denotes statistical significance for all analyses. 

For the sediment PERMANOVA, depth to the aRPD, volume-weighted mean 

sediment size, % macroalgae cover and % wood cover were square root (√x) transformed 

to correct for skewed distributions. For the nutrient matrix, all variables were square root 

(√x) transformed. All variables were normalized, and Euclidean distances were used to 

calculate a resemblance matrix. Factors and planned contrasts for both the sediment and 

nutrient PERMANOVA were as described above in the infauna PERMANOVA. 

Sediment variables also had an a priori analysis conducted for Date X Location 

comparisons. 

Similarity Percentages analyses (SIMPER; Clarke 1993) were used to examine 

the contribution of each variable (infaunal, sediment or nutrient) to the observed 

differences between locations or sampling dates. Increased percent dissimilarity indicates 

increased dissimilarity between locations. The ratio of each variable’s average 

dissimilarity to the standard deviation of dissimilarities (Diss/SD) for infauna, or average 

squared Euclidean distance to the standard deviation of squared distances (Sq.Dist/SD) 

for sediment and nutrient variables were calculated. These values represent how 
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consistently each variable contributed to the observed difference; variables with a ratio 

greater than 1 consistently contributed whereas those with a value below 1 did not 

(Gerwing et al. 2015b). Finally, non-metric multidimensional scaling (nMDS, 100 

restarts) plots were used to visualize variation in infauna, sediment conditions, and 

nutrient availability between locations. All nMDS graphs had a stress of ~ 0.2, and were 

considered to be good two-dimensional representations (Clarke 1993).  

 

3.3 Results 

The invertebrate community and sediment variables showed statistically 

significant spatiotemporal variation, while nutrient availability varied significantly 

through time (Figures 3.2-3.3; Tables 3.1-3.2; Appendix Tables 1-3). Both the infauna 

community and sediment parameters varied significantly between impacted locations 

(Dock and Resort Locations) and reference locations (North and South Reference; Table 

3.1). Percent dissimilarity of the infaunal community between locations varied between 

44 and 53% (Table 3.3). A large proportion of the variation in location comparisons was 

driven by four taxa: Oligochaeta, Pygospio elegans, Capitella Species Complex and 

Nematoda (Table 3). However, taxa contributing to observed differences between 

locations varied. Nematoda, Oligochaeta, and P. elegans were consistently more 

abundant at DL (7.00, 5.55 and 6.08 individuals/m2 respectively) compared to reference 

locations (6.10, 3.23 and 4.71 individuals/m2), but these taxa were consistently higher at 

reference locations compared to RL (4.74, 1.07 and 4.57 individuals/m2). Furthermore, 

Capitella Species Complex was consistently higher at reference locations (5.49 

individuals/m2) than either disturbed location (3.71 and 3.70 individuals/m2) (Table 3.3).  
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A significant interaction was found for Date and Location factors of sediment 

parameters, therefore a priori contrasts were conducted for each location and sampling 

date comparison. Sediment properties varied significantly for all location comparisons, 

except between reference locations (NR vs SR; Table 3.2). Wood cover contributed the 

most to location comparisons including DL; however it only consistently contributed for 

the June 21 sampling date as shown by the Sq.Dist/SD ratio greater than 1 (Table 3.4). 

No other trend was observed, and average squared distance for location comparisons 

ranged from 12.29-14.42.  

Nutrient availability had significant differences between sampling dates (p = 

0.0002), but with no observed effect of location on availability (Table 3.1). Neither 

chlorophyll a concentration nor organic matter content consistently contributed to the 

differences between sampling dates (Table 3.5). Average squared distance between 

sampling dates was between 2.28 and 5.18.  

 

3.4 Discussion 

Along the North Coast of British Columbia, Canada, the intertidal mudflat 

surrounding Cassiar Cannery may be impacted from current disturbances including 

physical disruption of the sediment from logs and a dock structure depositing woody 

debris on the substrate. Simultaneously, this mudflat is also undergoing passive 

restoration from historical impacts associated with salmon canneries and a pulp mill. 

Therefore, the objective of this study was to examine current impacts while considering 

historical impacts in the region with regards to the infaunal community, sediment 

conditions, and nutrient availability. 
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3.4.1 Infaunal Community 

With regards to community composition, there was conflicting evidence of 

disturbance and of overall health (e.g. functioning, productivity and biodiversity) at 

different spatial scales. The presence of oligochaetes, nematodes, and polychaetes from 

the families Spionidae and Capitellidae, as well as low abundances of amphipods could 

also be indicative of current disturbances (Chollett and Bone 2007; Keats et al. 2004; 

Kesaniemi et al. 2012; Pearson and Rosenberg 1978). The infaunal community under the 

dock (DL) was characterized by higher abundances of oligochaetes, nematodes, and 

Spionidae polychaetes when compared to the reference locations, as well as by smaller 

population of amphipods. Furthermore, DL had an increased abundance of Nippoleucon 

hinumensis than reference areas which could be indicative of disturbance, as N. 

hinumensis is an invasive cumacean from Asia (Light and Smith 2007) and disturbance 

can facilitate biological invasions (Burke and Grime 1996; Smith and Knapp 1999). 

These community characteristics are all representative of a disturbed habitat, and it is 

unsurprising that the dock is altering the infaunal community composition beneath it. 

Conversely, the mudflat in front of the ecotourism resort (RL) had smaller populations of 

oligochaetes, nematodes, and Spionidae and Capitellidae polychaetes, as well as higher 

populations of amphipods when compared to reference locations. As such, there is no 

evidence that the mudflat in front of the ecotourism lodge (RL) is negatively impacted by 

log scour or by the activities of the lodge itself.   

Interestingly, reference locations had higher average abundances of Capitellidae 

polychaetes when compared to the dock (DL) and resort (RL) locations. This was 
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unexpected, as Capitellidae polychaetes can be indicative of disturbance, particularly of 

organic enrichment that was expected to occur under the dock structure (Pearson and 

Rosenberg 1978). However, and as discussed in detail below, no organic enrichment 

under the dock was observed. Further, Capitellidae polychaete abundance in all locations 

on the Cassiar Cannery mudflat were similar to those observed on non-organically 

enriched mudflats in the region (Campbell, Unpublished Data) as well as on mudflats on 

the Atlantic coast (Gerwing et al. 2015b). Therefore, Capitellidae polychaetes were 

within normal abundances when considering the scale of the entire mudflat. 

Beyond contrasting different locations within the Cassiar Cannery mudflat, some 

inferences can be made regarding the overall health of this mudflat. First, all locations 

had high populations of mobile errant polychaetes and amphipods, coupled with high 

biodiversity. Amphipods and mobile errant polychaetes are powerful indicator species 

(Cardoso et al. 2007; Conlan 1994; Gerwing et al. 2018a; Gesteira and Dauvin 2000; 

Goncalves et al. 2013; Thomas 1993), whose high densities throughout this mudflat 

suggest that the Cassiar Cannery mudflat is relatively healthy and functional. 

Additionally, complex community structure with multiple species present at all levels of 

the food web is also often representative of relatively undisturbed and/or functional 

habitats (Pearson and Rosenberg 1976; Pearson and Rosenberg 1978). With high 

biodiversity, and a complex community across trophic levels, the Cassiar Cannery 

mudflat has a diverse and functioning food web and as such the community structure is 

similar to undisturbed mudflats (Cardoso et al. 2007; Gerwing et al. 2015b; Gesteira and 

Dauvin 2000; Hooper et al. 2005). Finally, while this study did not quantify residual 

contaminants, such as copper or polycyclic aromatic hydrocarbons from the historical 
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pulp mill and salmon cannery, Sizmur et al. (Submitted) showed no evidence of sediment 

contamination by potentially toxic elements in the top 20 cm of the Cassiar Cannery 

mudflat. This result indicates that if contaminants were present, sediment inputs from the 

Skeena and Nass River have buried contaminated sediment as part of the passive 

restoration process. 

While the mudflat itself may be relatively healthy and functional, community 

composition at the spatial scale of the 1m2 quadrat offers a slightly contradictory 

perspective. Invasive Cumacea, Capitellidae and Spionidae polychaetes, oligochaetes, 

and nematodes were observed in some quadrats in all locations at densities indicative of 

disturbance (Chollett and Bone 2007; Keats et al. 2004; Kesaniemi et al. 2012; Pearson 

and Rosenberg 1978). While this could be the result of natural variability, previous 

investigations of infaunal community composition along BC’s north coast have detected 

remnant signals of historical disturbances within relatively healthy mudflats decades after 

disturbance (Gerwing et al. 2018a). It is hypothesized that a similar phenomenon may 

have been observed here. Within Inverness Passage, 3 salmon canneries besides Cassiar 

were operating, and another 8 operated around the mouth of the Skeena River (Hoos 

1975). Furthermore, a pulp mill in the region discharged effluents and spent sulfite liquid 

(500 tons/day) into the nearshore environment commencing in the 1970s (Hoos 1975; 

Waldichuk 1966; Wilkes and Dwernychuk 1991). The decomposition of the spent sulfite 

liquid led to greatly reduced biological oxygen demand, and the effluent accumulated in a 

three-meter thick layer of toxic sludge on the littoral zone near the discharge pipe. 

Although the discharge pipe was moved in the early 1990s before the mill ceased 

operations in 2001, much of the invertebrate community was sterilized by effluents 
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(Akenhead 1992; Hoos 1975; Waldichuk 1966). Therefore, while the Cassiar Cannery 

mudflat is overall relatively healthy, biological signals of disturbance at the scale of the 

1m2 quadrat may be remnants of the historical disturbances this mudflat has experienced. 

Cessation of disturbances associated with the pulp mill and canneries allowed for the 

process of passive restoration, which appears to have been relatively successful for this 

infaunal community.  

3.4.2 Sediment Parameters 

 Sediment parameters varied significantly through time and space, including in 

comparisons between impacted and reference locations, but no variable consistently 

contributed to location differences. Wood cover had the largest percent contribution for 

all comparisons including the Dock Location (18.9 - 27.0%), but only consistently 

contributed for one sampling date (June 21). It was hypothesized that the accumulation of 

woody debris at DL would decrease the depth of the aRPD as oxygen is consumed during 

the degradation of woody debris. However, this was not observed and may be due to tidal 

flushing either replenishing oxygen consumed in decomposition or removing woody 

debris before it has sufficient time to decompose (Kristensen 2000). Evidence suggests 

the latter, as organic matter content was not significantly higher at DL compared to the 

other locations. Interestingly, DL was the only location that had no macroalgae cover for 

any quadrat on any sampling date (Appendix Table 2), which may indicate that the dock 

structure is affecting the hydrology and light availability. 

As physical disturbance can disrupt the redox potential discontinuity and result in 

water accumulation in associated pits and furrows (Dernie et al. 2003), changes to the 

aRPD depth and water content were potential indicators of physical disturbance at the 
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Resort Location due to scour by logs. However, this was not observed in this location, as 

neither the aRPD depth nor water content consistently contributed to differences in 

sediment variables between RL and other location comparisons. Additionally, mudflats 

show high spatiotemporal variation in their sediment parameters (Gerwing et al. 2015b), 

suggesting that the variability present on this mudflat may not be a result of current or 

historical impacts. 

 

3.4.3 Nutrient Availability 

Although the biological community and sediment conditions showed significant 

spatiotemporal variation, nutrient availability (chlorophyll a concentration and percent 

organic matter) only showed temporal variation. Both chlorophyll a and organic matter 

content are known to vary through time, so temporal differences were not surprising 

(Gerwing et al. 2015b; Hargrave et al. 1983; Trites et al. 2005). However, a lack of 

spatial variation was unexpected. As the Dock Location receives no direct sunlight, it was 

hypothesized to have the lowest chlorophyll a concentration, yet this was not observed. 

Some species of microalgae can acclimatize to shade (Katayama et al. 2018), and 

cyanobacteria can produce more chlorophyll a at low light intensities compared to high 

light intensities (Muller et al. 1993; Raps et al. 1983). It is possible that these shade-

acclimatized primary producers may be driving chlorophyll a productivity at DL, or tidal 

transport of diatoms to the substrate surface may be occurring under the dock. 

Regardless, future work should address how disturbance can influence species 

composition of photosynthetic organisms on intertidal mudflats. Additionally, as physical 

disruption to sediment can be detrimental to a variety of biotic parameters besides 
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infaunal community composition (Dernie et al. 2003; Fonseca et al. 1982; Hansen and 

Skilleter 1994) it was expected that the Resort Location would have reduced chlorophyll 

a concentration compared to the reference locations; however, this was not supported by 

the data. 

While the physical disturbance at RL was not expected to alter organic matter 

content (Dernie et al. 2003), the dock and potential accumulation of wood fibres was 

expected to result in organic matter enrichment at DL, and the historic cannery may have 

led to organic matter enrichment compared to the reference locations. This was not 

observed, suggesting that if organic enrichment occurred, it has decreased over the past 

25 years. Additionally, the average organic content at each of the study locations was not 

higher than non-organically enriched mudflats on the east coast of Canada (~2.2-4.5%; 

(Gerwing et al. 2015b); however, it was marginally higher than other mudflats nearby, as 

well as within the disturbed Kitimat Estuary (1.81-3.97%; Campbell, Unpublished Data; 

Gerwing et al. 2018a). Future research should determine natural ranges of organic matter 

content at Northeast Pacific mudflats not experiencing anthropogenic nutrient inputs. 

 

3.4.4 Passive Restoration 

 Passive restoration can be highly effective in coastal and estuarine systems 

(Bayraktarov et al. 2016; Holl and Aide 2011; Marquiegui and Aguirrezabalaga 2009), 

while the associated costs of active restoration can be extremely high (Bayraktarov et al. 

2016; Holl and Aide 2011). Additionally, there is no clear relationship between the cost 

of restoration and the success of marine coastal restoration efforts (Bayraktarov et al. 

2016). At the Cassiar Cannery mudflat, quantifiable contrasts were not possible due to a 
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lack of pre-disturbance data, but the cessation of historical activities would have allowed 

for passive restoration. These findings suggest that passive restoration was sufficient to 

return this intertidal mudflat to a relatively productive, functional and diverse ecosystem, 

suggesting that in some scenarios passive restoration may be an effective restoration tool 

without the burden of high operating costs (Holl and Aide 2011). However, in this study 

passive restoration did not restore the community to an entirely unstressed state, as 

evidenced by the locally abundant populations of Capitellidae/Spionidae polychaetes and 

invasive cumaceans. Therefore, more time may be necessary for further progression 

towards an unstressed state, or a threshold may exist beyond which intertidal mudflats 

cannot recover through passive means. For instance, it is unlikely that an invasive species 

will passively die off once established. More research is required to see if thresholds exist 

to the efficacy of passive restoration and whether these thresholds shift based on the level 

of disturbance to an estuarine system. Regardless, if thresholds do exist for passive 

restoration but full recovery is the goal, allowing for passive restoration to the existing 

threshold before commencing active restoration may be more cost-effective than a 

complete active restoration scheme.  

 

3.5 Conclusions 

 Although undergoing current disturbance from a dock structure and physical 

disruption by log scour, as well as passive restoration from a historical salmon cannery 

and a pulp mill, the Cassiar Cannery mudflat appears to be relatively healthy and 

functional. Potentially disturbing agents at the Dock Location and the Resort Location 

did not influence nutrient availability, and while sediment conditions did vary between 
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locations and sampling dates, trends were difficult to detect between locations. The 

results of the infaunal community analysis suggest continued impacts at the Dock 

Location, but the physical disturbance from log scouring at the Resort Location does not 

appear to be having an impact. Additionally, the high abundances of amphipods and 

mobile errant polychaetes, coupled with the high biodiversity and a complex community 

structure observed at all four locations suggest an overall healthy and functional mudflat. 

As such, it appears that passive restoration has occurred at these locations from historical 

disturbances, but regardless of the overall health, the legacy of past development is still 

apparent in the form of patchy distributions of disturbance indicating taxa. Therefore, 

thresholds may exist to the efficacy of passive restoration, but allowing for passive 

restoration of the soft-sediment ecosystem to a relatively unstressed state before 

commencing active restoration may be successful without the high cost associated with a 

full active restoration scheme. 
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Tables 
 

Table 3.1 Permutational multivariate analysis of variance (PERMANOVA) quantifying 

the spatiotemporal variation in A) infaunal invertebrate community, and B) sediment 

variables and C) the nutrient parameters at four locations at the intertidal mudflat at 

Cassiar Cannery during the summer of 2017. DL: Dock Location. RL: Resort Location. 

NR: North Reference. SR: South Reference. Significant p values (α < 0.05) are denoted 

in bold. 

 

A)           

Source df MS Pseudo-F 
Unique 

Permutations 
p 

Date 2 6939.90 6.93 4982 0.0002 
Location 3 6316.20 3.38 4237 0.0002 

DL Vs (NR + SR) 1 6973.10 6.95 4986 0.0002 
RL Vs (NR + SR) 1 5798.70 4.69 4992 0.0008 

DL Vs RL 1 7738.00 5.97 4990 0.0002 
NR Vs SR 1 5500.80 5.81 4986 0.0002 

Transect(Location) 8 1869.20 2.11 4971 0.0002 
Date X Location 6 1345.20 1.34 4978 0.16 

Date X Transect(Location) 16 1001.50 1.13 4958 0.24 

Residual 72 885.96                   

Total 107                           

B)           

Source  df     MS Pseudo-F 
Unique 

Permutations 
p 

Date 2 4.58 1.29 4974 0.27 

Location 3 35.72 5.48 4248 0.0004 
Transect(Location) 8 6.52 1.25 4977 0.15 

Date X Location 6 6.96 1.96 4982 0.0278 
Date X Transect(Location) 16 3.55 0.68 4961 0.98 

Residual 72 5.21                         

Total 107           

C)           

Source  df      MS Pseudo-F 
Unique 

permutations 
p 

Date 2 9.76 11.49 4989 0.0002 
May 30 Vs June 21 2 9.76 5.27 4984 0.0004 
May 30 Vs July 20 1 6.77 3.50 4987 0.0306 
June 21 Vs July 20 2 9.76 5.27 4990 0.0006 

Location 3 2.35 1.12 4258 0.42 

Transect(Location) 8 2.10 0.99 4983 0.47 

Date X Location 6 0.69 0.81 4980 0.65 

Date X Transect(Location) 16 0.85 0.40 4967 0.99 

Residual 72 2.12                         

Total 107                                 
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Table 3.2 Permutational multivariate analysis of variance (PERMANOVA) quantifying 

the spatiotemporal variation in sediment variables on three sampling dates at the Cassiar 

Cannery intertidal mudflat during the summer of 2017. Date was run as separate 

PERMANOVAs due to the significant interaction term between Date X Location in 

Table 3.1. DL: Dock Location. RL: Resort Location. NR: North Reference. SR: South 

Reference. Significant p values (α < 0.05) are denoted in bold. 
 

May 30                              

Source df     MS Pseudo-F 
Unique 

Permutations 
p 

Location 3 14.32 3.37 4269 0.0008 
DL Vs (NR + SR) 1 16.48 2.95 4989 0.0128 
RL Vs (NR + SR) 1 15.11 2.68 4985 0.0214 

DL Vs RL 1 12.56 2.25 4516 0.0328 
NR Vs SR 1 13.13 2.36 4483 0.08 

Transect(Location) 8 4.25 0.77 4969 0.85 

Residual 24 5.54                         

Total 35                                

June 21           

Source df     MS Pseudo-F 
Unique 

Permutations 
p 

Location 3 18.83 4.06 4238 0.0008 
DL Vs (NR + SR) 1 26.10 5.02 4983 0.0002 
RL Vs (NR + SR) 1 17.50 3.16 4986 0.0084 

DL Vs RL 1 27.39 5.87 4468 0.0002 
NR Vs SR 1 5.69 0.94 4503 0.47 

Transect(Location) 8 4.64 0.96 4967 0.56 

Residual 24 4.85                         

Total 35                                

July 20                              

Source df     MS Pseudo-F 
Unique 

Permutations 
p 

Location 3 14.68 2.75 4245 0.0032 
DL Vs (NR + SR) 1 23.23 4.37 4979 0.0020 
RL Vs (NR + SR) 1 12.20 2.12 4978 0.0438 

DL Vs RL 1 15.49 2.87 4533 0.0058 
NR Vs SR 1 8.63 1.48 4517 0.17 

Transect(Location) 8 5.33 1.04 4958 0.42 

Residual 24 5.14                         

Total 35           
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Table 3.3 SIMPER (Similarity Percentages) determining the contribution of each taxonomic grouping to the observed 
differences between intertidal locations at Cassiar Cannery in Inverness Passage during summer of 2017. Diss/SD represents 
the ratio of the dissimilarity to the standard deviation. Values >1, denoted in bold, represent groups that consistently contribute 
to the observed differences between location types. Taxa with Diss/SD <1 did not consistently contribute to the observed 
differences between location types. Only groups that contributed ≥ 1% to the observed differences between locations are 
shown. 
 

 
 

DL Vs (NR+SR) RL Vs (NR+SR)
Average Dissimilarity = 45.90% DL (NR + SR) Average Dissimilarity = 50.09% RL (NR + SR)

Species Abundance Abundance Av.Diss Diss/SD Contribution 
(%)

 Cumulative 
(%) Species Abundance Abundance Av.Diss Diss/SD Contribution 

(%)
 Cumulative 

(%)
Oligochaete 5.55 3.23 5.01 1.23 10.91 10.91 Capitella  Species Complex 3.71 5.49 5.95 1.18 11.88 11.88

Pygospio elegans 6.08 4.71 4.85 1.19 10.56 21.47 Nematoda 4.74 6.10 5.87 1.18 11.72 23.59
Nematoda 7.00 6.10 4.55 1.13 9.91 31.38 Pygospio elegans 4.57 4.71 5.41 1.20 10.8 34.39

Harpacticoida 1.06 4.03 4.38 1.24 9.54 40.93 Americorophium salmonis 4.82 4.76 5.00 1.14 9.98 44.37
Americorophium salmonis 2.66 4.76 4.23 1.27 9.22 50.15 Macoma balthica 3.60 4.68 4.54 0.98 9.06 53.43
Capitella  Species Complex 3.7 5.49 4.15 1.20 9.05 59.19 Eteone californica 2.90 4.07 4.21 1.09 8.40 61.82
Nippoleucon hinumensis 2.79 2.27 3.61 1.05 7.86 67.05 Oligochaete 1.07 3.23 4.16 1.08 8.30 70.13

Eteone californica 2.49 4.07 3.35 1.12 7.30 74.35 Harpacticoida 3.37 4.03 4.12 0.96 8.22 78.35
Aricidea hartleyi 2.29 0.07 2.55 0.79 5.56 79.91 Nippoleucon hinumensis 1.76 2.27 3.56 0.94 7.11 85.45
Macoma balthica 4.99 4.68 2.45 0.94 5.34 85.26 Cumella vulgaris 1.13 0.45 1.90 0.62 3.79 89.25
Cumella vulgaris 1.67 0.45 2.13 0.78 4.64 89.90 Chironomidae Larvae 0.99 0.00 1.34 0.49 2.68 91.93

Paranemertes peregrina 0.66 0.81 1.38 0.61 3.00 92.90 Paranemertes peregrina 0.18 0.81 1.12 0.49 2.24 94.17
Abarenicola pacifica 0.18 0.85 1.06 0.48 2.31 95.21 Abarenicola pacifica 0.00 0.85 1.07 0.43 2.14 96.31

Ostracoda 0.30 0.32 0.76 0.39 1.66 96.87 Ostracoda 0.15 0.32 0.67 0.32 1.35 97.65
Fabricia stellaris 0.41 0.13 0.51 0.31 1.10 97.97

DL Vs RL NR  Vs  SR
Average Dissimilarity = 52.98% DL RL Average Dissimilarity = 44.17% NR SR

Species Abundance Abundance Av.Diss Diss/SD Contribution 
(%)

 Cumulative 
(%) Species Abundance Abundance Av.Diss    Diss/SD Contribution 

(%)
 Cumulative 

(%)
Oligochaete 5.55 1.07 6.81 1.37 12.86 12.86 Nematoda 5.11 7.09 5.81 1.14 13.15 13.15

Pygospio elegans 6.08 4.57 5.42 1.14 10.22 23.08 Pygospio elegans 6.29 3.13 5.62 1.4 12.72 25.86
Capitella  Species Complex 3.70 3.71 4.93 1.21 9.30 32.39 Capitella  Species Complex 6.82 4.15 4.65 1.33 10.53 36.39
Americorophium salmonis 2.66 4.82 4.82 1.24 9.10 41.48 Americorophium salmonis 5.92 3.60 4.57 1.26 10.35 46.74

Nematoda 7.00 4.74 4.80 1.26 9.06 50.54 Harpacticoida 3.81 4.24 3.89 1.00 8.81 55.56
Macoma balthica 4.99 3.60 4.40 1.01 8.31 58.85 Oligochaete 3.56 2.90 3.82 1.19 8.64 64.2

Harpacticoida 1.06 3.37 4.16 1.23 7.84 66.69 Nippoleucon hinumensis 1.81 2.74 3.54 1.02 8.01 72.21
Nippoleucon hinumensis 2.79 1.76 4.02 0.95 7.59 74.28 Eteone californica 3.75 4.40 2.98 0.95 6.75 78.96

Eteone californica 2.49 2.9 3.75 1.08 7.08 81.36 Macoma balthica 5.33 4.03 2.76 1.06 6.24 85.20
Aricidea hartleyi 2.29 0.00 2.85 0.77 5.39 86.75 Abarenicola pacifica 1.15 0.55 1.68 0.63 3.81 89.02
Cumella vulgaris 1.67 1.13 2.69 0.86 5.08 91.83 Paranemertes peregrina 1.27 0.34 1.62 0.68 3.68 92.69

Chironomidae Larvae 0.33 0.99 1.66 0.55 3.14 94.97 Cumella vulgaris 0.15 0.76 1.03 0.43 2.32 95.02
Paranemertes peregrina 0.66 0.18 0.94 0.45 1.77 96.74 Ostracoda 0.00 0.64 0.82 0.39 1.85 96.87

Ostracoda 0.30 0.15 0.66 0.33 1.24 97.98 Eogammarus confervicolus 0.49 0.00 0.58 0.34 1.31 98.18



 

 

54 
Table 3.4 SIMPER (Similarity Percentages) showing percent contribution (%) of each sediment variable collected at each 
quadrat (normalized) to the dissimilarity in sediment environment at Cassiar Cannery in Inverness Passage, during 2017. 
Particle size, aRPD, wood cover, and macrophyte cover were SQRT(X) transformed. Av. Sq. Dist: Average squared distance. 
Sq Dis/SD: Ratio of the average squared distance to the standard deviation. Values >1, denoted in bold, represent variables that 
consistently contribute to the observed differences between location types. 

 

 

 
 

May 30; DL Vs (NR + SR) May 30; RL Vs (NR + SR) May 30; DL Vs RL
Average Squared Distance = 12.92               Average Squared Distance = 12.29               Average Squared Distance = 12.73               

Variable Av.Sq.Dist Sq.Dist/SD
Contribution 

(%)
 Cumulative 

(%)
Variable Av.Sq.Dist Sq.Dist/SD

Contribution 
(%)

 Cumulative 
(%)

Variable Av.Sq.Dist Sq.Dist/SD
Contribution 

(%)
 Cumulative 

(%)
Wood Cover (%) 3.48 0.74 26.94 26.94 Wood Cover (%) 2.74 0.57 22.28 22.28 Wood Cover (%) 2.4 0.71 18.87 18.87

Penetrability (mm) 2.34 0.81 18.08 45.02 Penetrability (mm) 2.17 0.79 17.67 39.94 Penetrability (mm) 2.25 0.74 17.69 36.56
aRPD (mm) 1.98 0.53 15.3 60.32 Water Content (%) 2.06 0.6 16.73 56.68 Macrophyte Cover (%) 2.15 0.43 16.93 53.48

Water Content (%) 1.86 0.63 14.42 74.73 aRPD (mm) 1.97 0.46 16.04 72.71 Water Content (%) 2.07 0.72 16.24 69.72
Macrophyte Cover (%) 1.73 0.53 13.43 88.16 Particle Size 1.7 0.7 13.81 86.53 aRPD (mm) 1.95 0.77 15.31 85.03

Particle Size 1.53 0.77 11.84 100 Macrophyte Cover (%) 1.66 0.58 13.47 100 Particle Size 1.91 0.71 14.97 100
June 21; DL Vs (NR + SR) June 21; RL Vs (NR + SR) June 21; DL Vs RL
Average Squared Distance = 13.95               Average Squared Distance = 12.82               Average Squared Distance = 14.38               

Variable Av.Sq.Dist Sq.Dist/SD
Contribution 

(%)
 Cumulative 

(%)
Variable Av.Sq.Dist Sq.Dist/SD

Contribution 
(%)

 Cumulative 
(%)

Variable Av.Sq.Dist Sq.Dist/SD
Contribution 

(%)
 Cumulative 

(%)
Wood Cover (%) 3.78 1.18 27.09 27.09 aRPD (mm) 2.61 0.79 20.35 20.35 Wood Cover (%) 2.92 1.09 20.28 20.28
Penetrability (mm) 2.53 0.8 18.12 45.21 Penetrability (mm) 2.34 0.76 18.28 38.62 Penetrability (mm) 2.72 0.90 18.92 39.20
Water Content (%) 2.08 0.87 14.92 60.13 Wood Cover (%) 2.27 0.76 17.71 56.33 aRPD (mm) 2.32 0.59 16.11 55.31

aRPD (mm) 2.03 0.77 14.56 74.69 Particle Size 2.06 0.63 16.05 72.39 Water Content (%) 2.27 0.87 15.76 71.07
Particle Size 1.81 0.49 12.94 87.63 Water Content (%) 1.87 0.70 14.59 86.97 Macrophyte Cover (%) 2.24 0.63 15.61 86.67

Macrophyte Cover (%) 1.73 0.44 12.37 100 Macrophyte Cover (%) 1.67 0.53 13.03 100 Particle Size 1.92 0.68 13.33 100
July 20; DL Vs (NR + SR) July 20; RL Vs (NR + SR) July 20; DL Vs RL
Average Squared Distance = 14.12       Average Squared Distance = 14.42               Average Squared Distance = 13.05       

Variable Av.Sq.Dist Sq.Dist/SD
Contribution 

(%)
 Cumulative 

(%)
Variable Av.Sq.Dist Sq.Dist/SD

Contribution 
(%)

 Cumulative 
(%)

Variable Av.Sq.Dist Sq.Dist/SD
Contribution 

(%)
 Cumulative 

(%)
Wood Cover (%) 3.62 0.9 25.65 25.65 Particle Size 3.12 0.62 21.65 21.65 Wood Cover (%) 2.71 0.89 20.76 20.76

Penetrability (mm) 2.36 0.97 16.68 42.34 Macrophyte Cover (%) 2.61 0.45 18.11 39.76 aRPD (mm) 2.28 0.53 17.48 38.24
Particle Size 2.28 0.57 16.14 58.48 Water Content (%) 2.30 0.78 15.98 55.74 Particle Size 2.15 0.62 16.49 54.73

Water Content (%) 2.18 0.73 15.42 73.9 Wood Cover (%) 2.17 0.43 15.02 70.76 Macrophyte Cover (%) 2.13 0.41 16.30 71.03
aRPD (mm) 2.04 0.49 14.43 88.33 Penetrability (mm) 2.17 0.59 15.02 85.78 Water Content (%) 1.89 0.79 14.49 85.52

Macrophyte Cover (%) 1.65 0.37 11.67 100 aRPD (mm) 2.05 0.56 14.22 100 Penetrability (mm) 1.89 0.78 14.48 100
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Table 3.5 SIMPER (Similarity Percentages) showing percent contribution (%) of each 
nutrient variable (normalized) collected at each quadrat to the dissimilarity in nutrient 
availability between each location at Cassiar Cannery in Inverness Passage, during 2017. All 
variables were SQRT(X) transformed. Av. Sq. Dist: Average squared distance. Sq Dis/SD: Ratio 
of the average squared distance to the standard deviation. 
 

 
 

 

 

 

 

 

 

 

 

 

 
  

May 30 Vs June 21
Average Squared Distance = 4.96

Variable Av.Sq.Dist Sq.Dist/SD Contribution 
(%)

 
Cumulative 

(%)
Chlorophyll a Concentration (mg/m2) 3.13 0.56 63.10 63.10

Organic Matter Content (%) 1.83 0.76 36.90 100
May 30 Vs July 20
Average Squared Distance = 5.18

Variable Av.Sq.Dist Sq.Dist/SD Contribution 
(%)

 
Cumulative 

(%)
Chlorophyll a  Concentration (mg/m2) 2.89 0.57 55.70 55.70

Organic Matter Content (%) 2.30 0.79 44.30 100
June 21 Vs July 20
Average Squared Distance = 2.28

Variable Av.Sq.Dist Sq.Dist/SD Contribution 
(%)

 
Cumulative 

(%)
Organic Matter Content (%) 2.10 0.81 91.74 91.74

Chlorophyll a Concentration (mg/m2) 0.19 0.89 8.26 100
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Figures 
 

 
Figure 3.1 Location of the Cassiar Cannery mudflat (54.178092°, -130.176924°) 
sampled during the summer of 2017, in Inverness Passage, British Columbia, Canada. A) 
shows the location of the Cassiar Cannery mudflat within Inverness Passage relative to 
the Skeena River and Prince Rupert. B) is an inset of A) and shows the 4 locations 
sampled on the Cassiar Cannery mudflat. DL: Dock Location (benthos underneath the 
dock denoted by DK), RL: Resort Location (in front of guest houses denoted by GH), 
NR: North Reference, SR: South Reference. 
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Figure 3.2 Non-metric multidimensional scaling (nMDS) graphs showing infaunal 
invertebrate community at four locations on the intertidal mudflat at Cassiar Cannery in 
Inverness Passage, British Columbia, during the summer of 2017. A) the infaunal 
community by location and B) the vector overlay indicates the direction of increased 
density, with correlations > 0.3 shown. 
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Figure 3.3 Non-metric multidimensional scaling (nMDS) graphs of A) sediment 
parameters (depth to the aRPD, water content, particle size, penetrability, % macroalgae 
coverage, and % wood cover) by time and location and B) the nutrient availability 
(chlorophyll a and organic matter content) at four locations on the intertidal mudflat at 
Cassiar Cannery in Inverness Passage, British Columbia, during the summer of 2017. 
Vector overlays for sediment and nutrient variables show the correlation between 
variables and nMDS axes, with each vector showing the direction of increased value. 
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Chapter 4 – General Discussion 
 

 Due to the ecosystem services provided by coastal shorelines and intertidal soft-

sediment ecosystems including resources for commercial and subsistence fisheries, 

recreational use, and foraging/nursery habitat for a variety of marine and terrestrial 

species, human population growth and development tend to be concentrated at shorelines. 

This has led to habitat degradation, with the possibility of multiple stressors (e.g. physical 

disturbance, erosion, input of toxins) causing cumulative effects. Researchers are 

therefore attempting to understand how soft-sediment ecosystems respond to disturbance 

(Gerwing et al. 2017a; Skilleter 1996), how to effectively detect and monitor negative 

impacts (Carty 2003; Hereward et al. 2017), and how to direct restoration efforts 

(Barausse et al. 2015; Bayraktarov et al. 2016). However, monitoring efforts can be 

disruptive to soft-sediment ecosystems, causing physical disturbance of the substrate or 

killing infauna, and active restoration may not be feasible due to the associated high cost 

(Bayraktarov et al. 2016; Butler and Bird 2007). Furthermore, even if high cost does not 

restrict decision-makers from initiating an active restoration scheme, restoration efforts 

are not guaranteed to be successful (Bayraktarov et al. 2016; McIver and Starr 2001). In 

contrast, passive restoration can be a more economical method, and intertidal soft-

sediment ecosystems are likely to be responsive to this restoration method (Dernie et al. 

2003; Holl and Aide 2011; Skilleter 1996). This thesis aimed to improve our 

understanding of the efficacy of passive restoration and non-invasive monitoring of 

intertidal soft-sediment ecosystems.  

In Chapter 2, I applied a previously researched technique of modelling burrow 

openings to determine macroinfaunal population abundance. In a region of low diversity 
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and only one burrowing bivalve species (Mya arenaria), a model predicting macrofaunal 

abundance was not possible due to unreliable model residuals. This may be due to a 

limitation of the study where burrow openings were counted in a 1m2 area, but the 

excavated pit was only 20cm x 20cm. Future research should address this discrepancy. In 

contrast, at a high macrofaunal diversity mudflat (community with polychaetes, bivalves 

and Thalassinidean shrimp), it was impossible to predict individual species abundance; 

regardless, total macrofaunal abundance was possible. Relationships between burrow 

opening counts and population abundances must therefore be empirically tested in any 

system of interest prior to initiating monitoring efforts. Even still, burrow opening counts 

can be powerful tools for ecosystem monitoring with the ability to detect overall changes 

in abundances, while being less destructive, quicker and more cost effective than 

traditional excavation methods. Counting burrow openings is also a monitoring method 

that can be conducted by trained citizen scientists and may be a tool for engaging the 

public in citizen science efforts and nature preservation (Carty 2003; Dickinson et al. 

2012). By engaging citizens and not requiring trained taxonomists, this method may be 

more accessible in monitoring efforts, and citizen science methods have already been 

successfully implemented in monitoring of estuarine ecosystems (McNally and Souto 

2018; Miralles et al. 2016; Pearson et al. 2019; Snyder et al. 2019; Weatherall et al. 

2018).   

In Chapter 3, I determined that the intertidal mudflat surrounding Cassiar Cannery 

appears to be relatively healthy (e.g. productive, functional and biodiverse) based on 

analysis of sediment parameters, nutrient availability, and infaunal community dynamics, 

despite current anthropogenic activities and a legacy of historical activity. Though there 
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was some evidence of continued impact (increased abundance of disturbance indicating 

taxa and reduced populations of amphipods) at the Dock Location where an old dock has 

shaded the mudflat for over a century and altered the hydrology, overall the mudflat 

appears relatively health and functional, with a complex community structure and high 

biodiversity. This suggests passive restoration has occurred from historical activities of 

salmon canneries and pulp mill discharging effluent, and may therefore be an effective 

tool in regions of anthropogenic disturbance. However, some evidence of stress from 

historical activities was apparent in the form of patchy distributions of disturbance 

indicating taxa, including the invasive Cumacea Nippoleucon hinumensis and polychaetes 

from the families Capitellidae and Spionidae. It is likely that thresholds exist to the 

efficacy of passive restoration, for instance, it is unlikely that an invasive species (e.g. N. 

hinumensis) will passively experience localized extinction once established in a host 

environment. It is also probable that if these thresholds exist, they may shift depending on 

the level of disturbance that has occurred in an estuarine system. For example, 

disturbance via organic enrichment tends to shift community structures to opportunistic 

Capitellidae and Spionidae polychaetes and may have a different threshold of passive 

recovery than effluents from industrial developments that can sterilize the community 

completely (Keats et al. 2004; Pearson and Rosenburg 1978; Waldichuk 1966). 

Capitellidae and Spionidae polychaetes would be required to return to pre-disturbance 

population abundances either through passively dying off due to lack of resources, or 

through competition of other taxa, whereas a sterilized community would require new 

individuals moving into the previously sterilized sediment. Depending on the spatial 

range of the sterilization, it may be difficult for propagule supply of a new generation of 
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taxa to occur. These potential differential thresholds of passive recovery may complicate 

restoration policies. Regardless, if thresholds do exist for passive restoration and full 

recovery is the goal, allowing for passive restoration before commencing active 

restoration may be more cost-effective than a complete active restoration scheme.  

Although passive restoration is generally cheaper, there is potential for trade-offs 

between time and cost when debating between active and passive restoration. Passive 

restoration is associated with a longer time-frame which may be perceived as project 

failure or as land abandonment (Zahawi et al. 2014). Costs of building and maintaining 

fences or site vigilance for a passive restoration project may be required over a longer 

time period compared to active restoration. For example, unplanned anthropogenic 

disturbance can occur due to the land appearing unused (e.g. people making footpaths 

through sites) requiring more frequent monitoring over a longer time period compared to 

actively restored sites (Zahawi et al. 2014). Such disturbances are unlikely to be reported 

in the literature, and complicates analyzing trade-offs between passive and active 

restoration schemes (Holl and Aide 2011; Zahawi et al. 2014). More research is required 

to perform a cost-benefit analysis of passive restoration in estuarine ecosystems, to 

understand how thresholds may shift based on the degree of disturbance, and the time 

period required to reach a passive restoration threshold.  

 

Ecological Applications 

In ecology, there has been a shift toward research and monitoring that is either 

minimum impact, or non-invasive (Adams et al. 2017; Boston et al. 2012; Buglione et al. 

2018; Field et al. 2019; Quinn and Hamilton 2012; Shokralla et al. 2012; Suter et al. 
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2017; Tabak et al. 2019; Takeuchi et al. 2019). Ecological research methods have 

advanced to include camera trap data (Schneider et al. 2019; Tabak et al. 2019), 

hair/feather or fecal sampling for both genetic and dietary information (Adams et al. 

2017; Gerwing et al. 2016b), environmental DNA to detect taxa (Shokralla et al. 2012; 

Takeuchi et al. 2019), acoustic detection of taxa (Frouin-Mouy et al. 2019; Juanes 2018; 

Suter et al. 2017), or monitoring individuals from a non-invasive distance (e.g. sea otter 

observations from shore (Hessing-Lewis et al. 2018)). These research initiatives tend to 

be employed to either expand our knowledge of a given ecosystem or taxa, or to 

understand how human activities are affecting these ecosystems or associated taxa. Soft-

sediment ecosystems have an intrinsic challenge to employing non-invasive methods, as 

organisms tend to remain cryptically below the substrate surface. However, researchers 

should still work to reduce the amount of disruption that they cause to an ecosystem 

when conducting experiments or monitoring any taxa or environmental parameter. 

Regardless of this added challenge, it is possible to monitor population abundances of 

certain taxa non-invasively through burrow opening as demonstrated, and therefore this 

can be employed as a less destructive, and more ethical method of monitoring 

populations.  

An additional bonus of such monitoring of soft-sediments through burrow 

openings is the ability to employ citizen scientists. Although citizen science programs 

that use burrow opening counts to monitor population abundance is currently lacking, the 

easy identification of burrows makes this an ideal candidate for trained citizens (Carty 

2003; Harbo 2003; 2007; 2011). By engaging local citizens to participate in monitoring 

of marine populations, it can actively engage the coastal community to organize shoreline 
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restoration, thus benefitting the marine populations in question (Zauki et al. 2019). For 

instance, in a Malaysian estuary where horseshoe crab (Carcinoscorpius rotundicauda 

and Tachypleus gigas) populations were declining due to human activities, local fisher-

people worked with government representatives to monitor catch data, which in turn, 

resulted in recommendations for on-going fishery activities. These recommendations (e.g. 

docking vessels in a different location and a fishery closure one day a week) led to higher 

catches of other commercially important species including the Cobia Rachycentron 

canadum (Zauki et al. 2019).  

This horseshoe crab project also demonstrates how effectively citizen science can 

be paired with restoration efforts in estuarine environments. With the fisher community 

working with government heads to identify feasible restoration tactics, this restoration 

was not only deemed successful, but was also passive with zero monetary costs. This 

cost-effective method also allows for increased field visits and prolonged data collection 

without increasing human intrusion pressure, and is suggested to be a practical method 

for repairing disturbed estuaries and shorelines (Zauki et al. 2019).  

On the north coast of British Columbia where estuaries have been degraded, this 

thesis provides proof-of-concept that both non-invasive population monitoring and 

passive restoration is feasible for soft-sediment ecosystems. Counting burrow openings 

could be employed in monitoring populations of infaunal species to detect changes in 

population abundance, and to demonstrate when restoration efforts should be initiated. 

Engaging the local community to participate in citizen science may also aid in passive 

restoration efforts by allowing for more frequent data collection, or by reducing the 

amount of intrusion occurring in the estuary.  
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Conclusion 

Understanding the efficacy of passive restoration and non-invasive monitoring of 

intertidal soft-sediment ecosystems is important given the habitat degradation associated 

with population growth and development concentrated at shorelines. Both passive 

restoration and burrow opening counts have the potential to be more cost-effective than 

methods of active restoration or excavating infauna for population abundances. By being 

a more economic option, these methods may be more appealing for policy makers in 

decision making processes regarding either restoration or monitoring efforts. However, 

some considerations (e.g. cost versus time required for passive or active restoration) 

should be taken into account, and more research is required for a comprehensive 

understanding of the efficacy of each approach.  
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Appendix 
 

Table A.1. Mean abundance (individuals /m2) and standard error (n = 27) of the infaunal 
invertebrate community at four locations at the intertidal Cassiar Cannery mudflat in 
Inverness Passage during the summer of 2017.  
 

Species Location May 30 June 21 July 20 

Eogammarus 
confervicolus 

Dock Location 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

Resort Location 0.00 ± 0.00 0.00 ± 0.00 28.88 ± 28.88 

North Reference 0.00 ± 0.00 28.88 ± 28.88 115.53 ± 87.84 

South Reference 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

Americorophium 
salmonis 

Dock Location 346.59 ± 178.63 173.30 ± 96.87 462.12 ± 104.14 

Resort Location 404.36 ± 115.53 3,465.90 ± 1,554.23 2,368.37 ± 945.65 

North Reference 548.77 ± 222.79 3,985.79 ± 1,361.77 3,292.61 ± 832.22 

South Reference 173.30 ± 114.62 1,704.07 ± 960.10 982.01 ± 437.07 

Oligochaeta Dock Location 1,646.30 ± 702.59 3,841.38 ± 1,170.37 3,379.26 ± 1,703.46 

 Resort Location 144.41 ± 87.84 404.36 ± 341.44 0.00 ± 0.00 

 North Reference 548.77 ± 152.83 1,299.71 ± 462.57 231.06 ± 133.14 

 South Reference 837.59 ± 372.13 1,126.42 ± 354.62 28.88 ± 28.88 

Nippoleucon 
hinumensis 

Dock Location 86.65 ± 43.32 346.59 ± 137.00 1,299.71 ± 794.14 

Resort Location 28.88 ± 28.88 346.59 ± 178.63 259.94 ± 86.65 

North Reference 57.77 ± 57.77 664.30 ± 474.81 202.18 ± 84.21 

South Reference 144.41 ± 76.42 635.42 ± 256.71 722.06 ± 305.66 

Cumella 
vulgaris 

Dock Location 404.36 ± 130.77 86.65 ± 43.32 28.88 ± 28.88 

Resort Location 57.77 ± 57.77 28.88 ± 28.88 202.18 ± 72.21 

North Reference 28.88 ± 28.88 0.00 ± 0.00 0.00 ± 0.00 

South Reference 0.00 ± 0.00 28.88 ± 28.88 375.47 ± 241.65 

Abarenicola 
pacifica 

Dock Location 0.00 ± 0.00 57.77 ± 57.77 0.00 ± 0.00 

Resort Location 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

North Reference 231.06 ± 133.14 115.53 ± 45.67 0.00 ± 0.00 

South Reference 0.00 ± 0.00 231.06 ± 146.56 0.00 ± 0.00 

Capitella 
Species 

Complex 

Dock Location 982.01 ± 266.28 693.18 ± 252.62 231.06 ± 91.33 

Resort Location 1,906.25 ± 872.95 1,617.42 ± 838.71 1,155.30 ± 586.25 

North Reference 3,956.91 ± 1,042.28 3,668.08 ± 1,412.81 3,725.85 ± 1,670.64 

South Reference 1,068.65 ± 491.00 2,310.60 ± 1,120.94 404.36 ± 130.77 

Pygospio 
elegans 

Dock Location 1,559.66 ± 312.41 5,516.56 ± 2,409.75 2,974.90 ± 1,324.12 

Resort Location 1,906.25 ± 671.17 2,686.08 ± 1,271.98 808.71 ± 339.60 

North Reference 2,888.25 ± 852.77 3,090.43 ± 845.03 2,195.07 ± 464.82 

South Reference 1,357.48 ± 902.32 2,512.78 ± 1,280.80 375.47 ± 290.98 

Aricidea hartleyi Dock Location 866.48 ± 528.83 750.95 ± 507.91 202.18 ± 112.79 

 Resort Location 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

 North Reference 0.00 ± 0.00 0.00 ± 0.00 28.88 ± 28.88 

 South Reference 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

Dock Location 0.00 ± 0.00 317.71 ± 286.65 0.00 ± 0.00 
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Fabricia 
stellaris 

Resort Location 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

North Reference 0.00 ± 0.00 259.94 ± 259.94 0.00 ± 0.00 

South Reference 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

Eteone 
californica 

Dock Location 231.06 ± 101.09 346.59 ± 86.65 144.41 ± 62.95 

Resort Location 346.59 ± 167.79 635.42 ± 256.71 433.24 ± 137.00 

North Reference 259.94 ± 106.12 779.83 ± 324.21 577.65 ± 166.54 

South Reference 375.47 ± 130.77 1,444.13 ± 284.46 433.24 ± 96.87 

Paranemertes 
peregrina 

Dock Location 115.53 ± 115.53 57.77 ± 38.21 28.88 ± 28.88 

Resort Location 0.00 ± 0.00 57.77 ± 57.77 0.00 ± 0.00 

North Reference 86.65 ± 43.32 28.88 ± 28.88 202.18 ± 84.21 

South Reference 86.65 ± 86.65 28.88 ± 28.88 0.00 ± 0.00 

Macoma 
balthica 

Dock Location 866.48 ± 259.94 808.71 ± 133.14 1,126.42 ± 327.09 

Resort Location 1,357.48 ± 417.30 433.24 ± 203.21 577.65 ± 160.81 

North Reference 1,530.77 ± 388.57 1,473.01 ± 375.20 837.59 ± 317.71 

South Reference 693.18 ± 225.12 375.47 ± 194.29 664.30 ± 107.10 

Nematoda Dock Location 2,426.13 ± 556.50 3,783.61 ± 753.03 4,505.68 ± 2,086.75 

 Resort Location 2,888.25 ± 859.35 2,426.13 ± 1,118.06 115.53 ± 45.67 

 North Reference 2,974.90 ± 1,749.18 3,437.02 ± 1,541.97 2,657.19 ± 1,265.90 

 South Reference 3,552.55 ± 707.92 16,636.34 ± 4,725.87 1,097.54 ± 904.40 

Harpacticoida Dock Location 57.77 ± 38.21 288.83 ± 257.93 115.53 ± 76.42 

 Resort Location 404.36 ± 123.39 317.71 ± 94.70 519.89 ± 173.30 

 North Reference 982.01 ± 493.54 462.12 ± 104.14 577.65 ± 219.96 

 South Reference 779.83 ± 293.84 895.36 ± 372.97 3,696.96 ± 2,962.78 

Ostracoda Dock Location 28.88 ± 28.88 0.00 ± 0.00 28.88 ± 28.88 

 Resort Location 0.00 ± 0.00 0.00 ± 0.00 28.88 ± 28.88 

 North Reference 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

 South Reference 0.00 ± 0.00 28.88 ± 28.88 144.41 ± 87.84 

Chironomidae 
Larvae 

Dock Location 0.00 ± 0.00 0.00 ± 0.00 86.65 ± 61.27 

Resort Location 57.77 ± 38.21 144.41 ± 144.41 115.53 ± 62.95 

North Reference 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

South Reference 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

Isotomidae sp. Dock Location 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

 Resort Location 0.00 ± 0.00 0.00 ± 0.00 28.88 ± 28.88 

 North Reference 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

 South Reference 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 
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Table A.2. Mean and standard error (n = 27) of sediment variables collected at each 
quadrat at four locations at the intertidal mudflat at Cassiar Cannery in Inverness Passage 
during the summer of 2017.  
 

Variable  Location May 30 June 21 July 20 

aRPD (mm) 

Dock Location 1.89 ± 0.63 2.78 ± 1.28 0.89 ± 0.39 

 Resort Location 1.00 ± 0.17 0.78 ± 0.32 4.89 ± 2.81 

North Reference 3.56 ± 0.99 4.56 ± 1.26 1.22 ± 0.15 
South Reference 3.44 ± 2.08 2.78 ± 0.97 6.00 ± 2.95 

Macro (%) 

Dock Location 0.00 ± 0.00 0.00 ± 0.00 0.00 ± 0.00 

 Resort Location 2.67 ± 2.19 3.89 ± 2.17 7.67 ± 6.59 
North Reference 30.11 ± 12.24 20.33 ± 11.47 2.56 ± 1.62 

South Reference 0.22 ± 0.22 1.78 ± 1.66 0.00 ± 0.00 

Particle Size 

Dock Location 49.44 ± 1.82 41.83 ± 4.20 40.98 ± 3.56 
 Resort Location 48.33 ± 3.92 46.43 ± 6.97 59.94 ± 11.16 

North Reference 46.30 ± 5.37 40.54 ± 2.96 37.88 ± 2.75 

South Reference 49.44 ± 7.63 50.39 ± 7.51 34.71 ± 1.86 

Penetrability (mm) 

Dock Location 41.44 ± 6.74 47.33 ± 5.07 38.11 ± 7.06 

 Resort Location 27.33 ± 2.65 26.67 ± 2.88 37.22 ± 5.09 

North Reference 43.11 ± 2.28 37.89 ± 2.91 39.67 ± 4.00 
South Reference 31.44 ± 4.21 35.67 ± 3.90 44.67 ± 3.82 

Water Content (%) 

Dock Location 34.87 ± 1.12 35.98 ± 1.17 34.56 ± 1.38 

 Resort Location 32.97 ± 0.95 33.12 ± 0.82 34.23 ± 1.62 
North Reference 35.80 ± 1.47 34.81 ± 1.18 36.84 ± 1.58 

South Reference 35.33 ± 1.08 34.04 ± 1.06 37.06 ± 0.87 

Wood Cover (%) 

Dock Location 22.33 ± 10.41 33.89 ± 9.64 23.89 ± 9.27 

 Resort Location 1.78 ± 1.16 1.33 ± 0.60 0.11 ± 0.11 

North Reference 0.00 ± 0.00 0.22 ± 0.15 0.11 ± 0.11 

South Reference 0.44 ± 0.24 0.89 ± 0.89 0.00 ± 0.00 
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Table A.3. Mean and standard error (n = 27) of nutrient variables measured at each 
quadrat at four locations at the intertidal mudflat at Cassiar Cannery in Inverness Passage 
during the summer of 2017. 
 

Variable  Location May 30 June 21 July 20 

Chlorophyll a 
Concentration 

(mg/m2) 

Dock Location 14.37 ± 9.16 0.59 ± 0.44 0.75 ± 0.18 

Resort Location 7.31 ± 6.82 0.85 ± 0.50 1.05 ± 0.48 

North Reference 20.66 ± 10.33 0.79 ± 0.43 1.15 ± 0.25 
South Reference 13.84 ± 8.99 0.53 ± 0.23 0.63 ± 0.17 

Organic Matter 
Content (%) 

Dock Location 4.07 ± 0.22 4.05 ± 0.13 4.20 ± 0.18 

Resort Location 3.95 ± 0.14 3.78 ± 0.12 4.11 ± 0.16 

North Reference 3.76 ± 0.19 3.66 ± 0.13 4.01 ± 0.19 

South Reference 4.07 ± 0.17 3.73 ± 0.11 4.38 ± 0.15 
 
 
 
 
 

 

 


