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Abstract 

In the northeast Pacific, salmon are an integral part of ecology, economics and 

culture. Nearshore areas, where juvenile salmon reside upon leaving their natal streams, 

are important habitat during a critical time where growth can determine overall 

survivorship. With the rise in human development in coastal areas, these valuable habitats 

are becoming increasingly modified, however, the ecological ramifications are not fully 

understood. This study focuses on two types of anthropogenic influence including 

shellfish aquaculture, which modifies intertidal areas by adding structures such as 

intertidal fencing and anti-predator nets, and plastic marine pollution in the form of 

microplastics. We beach seined at sites within an area extensively modified for shellfish 

aquaculture (Baynes Sound) to examine juvenile salmon abundance, condition, feeding 

intensity and prey at aquaculture and non-aquaculture areas. In addition, we also beach 

seined, and along the east coast of Vancouver Island to determine the incidence of 

microplastics in juvenile Chinook salmon and their nearshore environments. No 

significant differences were found between areas in the abundance, diets, condition or 

feeding intensity of juvenile Coho and Chinook. Chum had different prey and a higher 

condition and feeding intensity at aquaculture sites, suggesting that species such as Chum 

feeding on more benthic prey items have a higher probability of being impacted by 

shellfish aquaculture modifications and in this case we observed positive effects. 

Microplastic analysis showed juvenile Chinook salmon contained 1.15 ± 1.41 (SD) 

microplastics per individual while water and sediment samples had 659.88 ± 520.87 

microplastics m-3 and 60.2 ± 63.4 microplastics kg-1 dry weight, respectively. We found 

no differences in microplastic concentrations in juvenile Chinook and water samples 
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among sites but observed significantly higher concentrations in sediment at our Deep Bay 

site compared to Nanaimo and Cowichan Bay. These differences may be due to site 

bathymetry and oceanographic differences facilitating settlement at the Deep Bay site 

and/or may be a result of differential plastic sources in the area including shellfish 

farming and a marina. Shellfish aquaculture had negligible or positive effects on juvenile 

salmon abundance, diet, condition and feeding intensity and Chinook microplastic 

concentrations were relatively low compared to literature values. Although fitness 

consequences and ecosystem-wide implications must be addressed in the future, it 

appears shellfish aquaculture and microplastics are not immediate threats to juvenile 

Pacific salmon along the east coast of Vancouver Island at this time. However, continued 

monitoring programs and larger-scale studies should be implemented as shoreline 

modification and plastic use continues to increase.  
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Chapter 1: Introduction 

Humans depend on the ocean for a variety of ecosystem services and, as a result, 

the vast majority of people live near coastal environments (Lotze et al. 2006). In doing 

so, we have exploited marine environments in a variety of ways and continue to threaten 

their sustainability through means such as overfishing, invasive species introductions, 

coastal development, pollution and global climate change (Derraik 2002; Kennish 2002; 

Lotze et al. 2006; Halpern et al. 2008). Modifications to coastal ecosystems for 

residential, recreational and commercial purposes may be impacting the marine species 

they sustain (Bulleri and Chapman 2010). A growing body of evidence supports the 

importance of estuarine and coastal ecosystems (Lotze et al. 2006; Halpern et al. 2008; 

Bulleri and Chapman 2010) including an emphasis on these areas as critical fish habitat 

and nurseries (Beck et al. 2003; Able 2005) for many ecologically important species such 

as Pacific salmon (Simenstad et al. 1982).  

1.1. Pacific salmon and nearshore areas  

Pacific salmon (Oncorhynchus sp.) hold immense ecological, economic and 

cultural importance in the northeast Pacific and are one of the most valuable commercial 

and recreational fishery resources there (Quinn 2005). Traditionally, Pacific salmon are 

an important part of coastal First Nation’s culture, nutrition, and commerce and hold a 

strong iconic significance for most inhabitants and visitors to the area. Pacific salmon are 

considered a keystone species in many northeast Pacific ecosystems in addition to being 

integral parts of several food webs. Through their anadromous and semelparous lifecycle, 

Pacific salmon also play key roles in both aquatic and terrestrial environments and 



 

 

2 
provide a necessary link for the distribution of nutrients throughout coastal ecosystems 

(Willson and Hulupka 1995).  

Pacific salmon declines since the 1970s (particularly Chinook and Coho) have 

been attributed to over-fishing, habitat loss and low marine survival (DFO 1991, 1999; 

Labelle et al. 1997; Beamish et al. 2008). Because of the link between total survival in 

the marine environment and survival during the first marine year, an emphasis has been 

placed on factors related to mortality during juvenile salmon early marine residence in 

coastal areas (Beamish and Mahnken 2001; Beamish et al. 2010). 

Estuarine and nearshore areas provide an integral link between freshwater and 

marine systems for juvenile salmon. A growing body of literature supports the vital 

importance of maintaining these areas as they are essential for the longevity of Pacific 

salmon populations (Healey 1982; Simenstad et al. 1982; Magnusson and Hilborn 2003; 

Bottom et al. 2005; Fresh 2006). Although the fundamental requirements of estuaries to 

support Pacific salmon are similar, each species and different populations will vary in 

their dependence and use of these areas (Simenstad et al. 1982; Fresh 2006). For 

example, Chinook are generally considered to be the most dependent on and will use 

estuaries for the longest duration (relative to other salmon species) with residence times 

ranging from 6 to 29 weeks (Healey 1980; Simenstad et al. 1982). Alternatively, Chum 

may pass directly through estuaries or remain for up to four weeks (Healey 1979; Levy 

and Northcote 1982; Simenstad et al. 1982). Although more variable, Coho also spend 

time rearing in estuaries (Miller and Sadro 2003) with residence times ranging from 6 to 

40 days (Simenstad et al. 1982). Residence time for juvenile salmon can depend on 

habitat quality which can be assessed through measuring factors related to predator 



 

 

3 
avoidance, the physiological adjustment from fresh to saltwater, migration habitats, and 

feeding/growth (Simenstad et al. 1982; Simenstad and Cordell 2000; Fresh 2006). Rapid 

growth during this time is critical for predator avoidance (Pearcy 1992) and to increase 

survival over a resource-limited winter (Beamish et al. 2004), therefore, juvenile salmon 

diet, and factors influencing it, are essential to study and will be the focus of chapter 2. 

Juvenile salmon are relatively opportunistic feeders and will consume a variety of 

different marine invertebrates and fish. Being similar in size, juvenile Coho and Chinook 

diets overlap and consist mainly of small crustaceans (e.g., amphipods and decapods) and 

insects, as well as fish as they grow larger and are less gape limited (Healey 1980; 

Brodeur and Pearcy 1990; Daly et al. 2009; Duffy et al. 2010). Generally, Chum enter 

the marine environment at a smaller size than Chinook and Coho and will feed on a 

different suite of smaller prey items such as copepods, smaller amphipods, and insects 

(Healey 1979; Brodeur and Pearcy 1990; Dumbauld et al. 2015). As such, modifications 

to coastal marine environments may impact salmon species differently depending on how 

their prey sources respond. 

1.2. Anthropogenic modification to coastal environments  

Humans have impacted coastlines worldwide resulting in pronounced ecosystem 

degradation (Lotze et al. 2006). A number of different factors contribute to degradation 

including eutrophication, climate change, pollution, overfishing, invasive species and 

habitat destruction or alteration (Kennish 2002). For the purposes of this thesis, I will be 

focusing on specific examples of habitat alteration (chapter 2) and pollution (chapter 3). 

The addition of infrastructure to coastal ecosystems has become prolific in many 

populated areas and yet the ecological ramifications associated with these specific 
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modifications are relatively understudied (Bulleri 2005; Toft et al. 2007; Bulleri and 

Chapman 2010). Research indicates that recruitment, foraging, competition, predation 

and/or reproduction of marine organisms may be altered by the addition of artificial 

structures and suggests that these structures may not act as surrogates of natural habitat 

(Bulleri and Chapman 2010). The construction of docks and piers, for example, may 

decrease the habitat value for juvenile fishes (Able et al. 1999).  In addition, shoreline 

armouring in nearshore ecosystems may disrupt terrestrial connectivity and impact beach 

wrack subsidies (Heerhartz et al. 2014), change invertebrate communities (Heerhartz et 

al. 2015), and impact juvenile salmon distribution, abundance, behaviour, and feeding 

(Toft et al. 2007, 2013; Morley et al. 2012; Munsch et al. 2015). Other shoreline 

structures such as boat ramps, bulkheads and jetties will also modify nearshore 

environments with potential ecological consequences (Kennish 2002; Bulleri and 

Chapman 2010). A large proportion of shoreline modification research has focused on 

shoreline armouring structures, however, we have relatively limited knowledge about 

other types of coastal alterations such as shellfish aquaculture which will be addressed in 

chapter 2.  

1.3. Shellfish aquaculture and Baynes Sound 

The shellfish aquaculture industry continues to develop and grow globally (FAO 

2014) and is considered necessary to meet increasing populations and higher food 

demand (Costa-Pierce 2002). Canadian aquaculture was ranked 20th worldwide in 2009, 

with British Columbia (BC) generating over 60% of Canada’s production in 2011 

(Nguyen and Williams 2013). Although less substantial than finfish culture, shellfish 
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aquaculture also contributes significantly to the Canadian economy, particularly from 

Prince Edward Island and BC (Nguyen and Williams 2013).  

For the purpose of this thesis, shellfish aquaculture will include bivalves only. 

Bivalve ground culture generally takes place in intertidal areas in protected bays with 

large mud or sand flats where the shellfish can be placed directly on the substrate 

(Simenstad and Fresh 1995). This type of culture is common for oysters, as well as clams 

that are placed higher in the intertidal zone. Ground culture involves the addition of 

structures such as intertidal fencing and antipredator netting (for clam culture) as well as 

the bivalves themselves. Through farming practices, Pacific oysters are often placed in 

the low intertidal zone on soft substrate which does not typically occur naturally as they 

prefer rocky habitats (Ruesink et al. 2005). Alternatively, oysters can be cultured in 

deeper nearshore waters using stake or hanging methods. Stake methods involve placing 

wooden posts in shallow areas that serve as attachment substrate for young oysters (spat) 

whereas hanging methods often involve floating rafts or suspended lines where longlines, 

trays or bags are hung to grow oysters (Baluyut 1989).  

All types of bivalve culture require modification of intertidal and/or subtidal areas 

and thus a number of ecological changes have been observed. Cultured bivalves filter-

feed on naturally occurring seston which can exert “top-down” impacts on phytoplankton 

in the water column (Newell 2004). This feeding can enhance water quality and the depth 

to which sunlight can reach, which in turn, increases the depth to which aquatic 

vegetation can grow successfully (Newell and Koch 2004) but could decrease the amount 

of food available to other filter feeders. Aquatic vegetation recovery and the many 

organisms that use these valuable habitats for rearing, feeding and refugia can benefit 
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from these habitat improvements. However, filter-feeding by bivalves, particularly at 

high densities, can also increase the amount of feces and pseudofeces in the benthic 

environment (Hatcher et al. 1994). This influx of organic matter has been a common 

finding among shellfish aquaculture studies (Sorokin et al. 1999; Chamberlain et al. 

2001; Christensen et al. 2003; Bendell-Young 2006). Increased amounts of organic 

matter and overall sedimentation can also be amplified by the addition of anti-predator 

nets (Simenstad et al. 1993; Spencer et al. 1997; Munroe and McKinley 2007) which are 

common aquaculture structures used to reduce predation on commercially valuable 

shellfish. In more extreme cases, it has been found that the increased sedimentation 

associated with shellfish aquaculture could lead to anoxic conditions and detrimental 

impacts to surrounding benthic communities (Sorokin et al. 1999; Bartoli et al. 2001; 

Beadman et al. 2004). In addition, with increased accumulation of sediment comes a 

greater likelihood that geochemical processes and nutrient cycling may be disrupted. 

Variations in nutrient dynamics appear to be dependent on local factors including type of 

shellfish aquaculture, bivalve densities and oceanographic conditions. In addition to 

nutrient dynamics and sedimentation, many studies have examined shellfish 

aquaculture’s impact on species richness and diversity with varied results (Grant et al. 

1995; Chamberlain et al. 2001; Crawford et al. 2003; Beadman et al. 2004; Bendell-

Young 2006; da Costa and Nalesso 2006). 

In BC, shellfish aquaculture occurs within juvenile Pacific salmon habitat 

providing the opportunity to examine interactions between this industry and this 

important fish species during a critical time in the salmon’s lifecycle. Baynes Sound, 

located on the east coast of Vancouver Island, is one of the greatest shellfish aquaculture 
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production sites in BC. It is also an ecologically and biologically significant area (EBSA) 

due to its uniqueness, with features such as thermally-stratified waters and large expanses 

of sheltered soft sediment (DFO 2013) which subsequently make it an ideal location to 

culture bivalves (Simenstad and Fresh 1995). In addition, Baynes Sound is home to large 

aggregations of overwintering birds, a prominent herring spawn and a number of Pacific 

salmon spawning streams that produce Coho, Chinook, Chum and Pink salmon 

(Jamieson et al. 2001).  

In chapter 2, I explore the question of whether shellfish aquaculture modifications 

are influencing juvenile salmon abundance and diet. By looking at prey, abundance, 

feeding intensity and condition of juvenile Coho, Chinook and Chum salmon in shellfish 

aquaculture modified areas, I will investigate the implications of these changes and how 

these altered habitats may become more or less valuable. These results will contribute to 

the further understanding of factors related to early marine mortality in juvenile Pacific 

salmon and species-specific responses to shoreline modification.  

1.4. Marine Pollution 

In addition to shoreline modification, the shellfish aquaculture industry has been 

identified as a contributor to plastic debris in the marine environment through their 

abundant use of plastic materials in items such as ropes, netting, floats and trays. 

Approximately 18% of marine plastic debris is estimated to be produced from the fishing 

and aquaculture industries (Andrady 2011) and recent evidence has shown that the 

degradation of these plastics can produce microplastics (plastic particles < 5 mm) that 

fish can ingest (Wright et al. 2013). Throughout chapter 3, I explore marine plastic 
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pollution and microplastics as another aspect of anthropogenic influence that may be 

affecting the early marine survival of juvenile salmon.  

Plastic marine debris has become commonplace throughout the world’s oceans 

(Derraik 2002). Of the approximately 275 million metric tons of plastic produced in 2010 

(PlasticsEurope 2015), it is estimated that between 4.8 and 12.7 million metric tons 

entered the ocean (Jambeck et al. 2015). Production has continued to increase with 311 

million metric tons of plastic produced globally in 2014 (PlasticsEurope 2015). Plastics 

are durable, lightweight and affordable (Laist 1987) which makes them ideal for many of 

their uses in society, however, these same properties are responsible for their persistence 

in the marine environment. The majority of plastics (80%) enter the ocean through land-

based sources (Andrady 2011), however, fishing and aquaculture industries have been 

identified as additional contributors (Hinojosa and Thiel 2009; Mathalon and Hill 2014; 

Desforges et al. 2014). Derelict fishing gear can pose problems to marine organisms 

through ghost fishing as well as the breakdown into smaller particles or microplastics that 

can be ingested by marine life (Arthur et al. 2014).  

Microplastics are found ubiquitously in the marine environment (Andrady 2011). 

Through anthropogenic pollution via primary sources (plastics manufactured at the micro 

scale) or secondary sources (the breakdown of larger plastics), microplastics have entered 

the marine environment on a global scale and are considered an emerging issue for the 

health and sustainability of our oceans (Derraik 2002; Barnes et al. 2009). Because of 

their small size, microplastics can be mistaken for prey items and have the potential to 

negatively impact marine organisms through ingestion (Cole et al. 2011; Wright et al. 

2013). Microplastics have been quantified in a number of fish species (reviewed in 
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Lusher 2015) and negative impacts through laboratory studies have been observed 

(Rochman et al. 2013; Mazurais et al. 2015; Lonnstedt and Eklov 2016; Pedà et al. 2016) 

but it remains unclear whether these results are generalizable across different species and 

in a natural context. Though it is critical and timely to examine the health risks to fish 

associated with microplastic ingestion, it is important to examine these aspects at 

environmentally relevant concentrations for individual species in specific areas. In order 

to do this, baseline data must be collected and analyzed to quantify the incidence of 

microplastics in the organism and their marine environment. In chapter 3, I will address 

whether juvenile salmon are ingesting microplastics, the concentrations in their 

environment, and if this consumption may have implications for early marine survival.  

1.5. Thesis goals 

This chapter has provided an introduction to nearshore areas where juvenile 

salmon reside during a critical period of their lifecycle and the multitude of 

anthropogenic modifications and stressors they may experience. Habitat loss/ 

modification has long since been identified as one of the top threats to coastal ecosystems 

(Kennish 2002; Crain et al. 2009) and, while microplastic debris is a relatively new 

concern, early research suggests it should be considered an international priority 

(GESAMP 2015). The primary goals of this thesis are to investigate how environmental 

changes from shellfish aquaculture and plastic pollution may be affecting growth-

determining factors of juvenile salmon associated with diet and ingestion. In chapter 2, I 

investigate the influence of shellfish aquaculture on juvenile Pacific salmon abundance 

and diet in Baynes Sound, BC and in chapter 3, I determine the incidence of 

microplastics in juvenile Chinook salmon in nearshore environments along the east coast 
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of Vancouver Island. Chapter 4 summarizes and integrates the overall findings of 

chapters 2 and 3 and provides recommendations on how to move forward with regards to 

shellfish aquaculture, microplastics and juvenile salmon habitat conservation.  
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Chapter 2: The influence of shellfish aquaculture on juvenile Coho 
and Chinook abundance and diets in Baynes Sound, British 

Columbia 

 

2.1. Introduction 

Declines in Coho and Chinook salmon in the Strait of Georgia beginning in the 

1970s have been attributed to over-fishing, habitat loss, and low marine survival (DFO 

1991, 1999; Labelle et al. 1997; Beamish et al. 2008). Hatchery programs and stricter 

fishing regulations were implemented to enhance adult salmon populations (DFO 

1991,1999) but despite this, escapements continued to decline to record lows. Estimates 

of total marine survival were closely linked to survival during juvenile salmon’s first 

marine summer suggesting that early marine residence is a critical time to determine 

survivorship (Beamish and Mahnken 2001; Beamish et al. 2010). While the focus has 

been primarily on Chinook and Coho due to population declines, Chum salmon also 

experience similar pressures and have high early marine mortality (Healey 1982b).  

Juvenile salmon early marine mortality  

Juvenile Coho and Chinook salmon enter the marine environment after several 

months to two years in fresh water, whereas Chum begin their migration towards marine 

waters within days (Quinn 2005). When entering this new environment, juvenile salmon 

must adjust to a number of environmental changes (e.g., temperature and salinity) 

causing physiological stress (Healey 1980; Simenstad et al. 1982; Thorpe 1994) and 

mortality is typically high (Parker 1968). During this time, estuarine environments are 

important to juvenile salmon as they provide predator refuge and trophic resources 

(Simenstad et al. 1982; Thorpe 1994) which are key for foraging success leading to rapid 



 

 

12 
growth. Therefore, the conditions (i.e., environmental variables, predation and food 

availability) that juvenile salmon experience when entering the marine environment may 

determine the survival outcome (Levings et al. 1986; Fresh 2006).  

It is thought that this high mortality occurs during two stages. The first occurs 

upon initial entry into the estuarine or nearshore marine environment when juvenile 

salmon are vulnerable to high predation. Larger, faster growing juveniles generally have 

an advantage because of faster swimming speeds for predator avoidance (Pearcy 1992) 

and reduced vulnerability to gape-limited predators (Sogard 1997; Juanes et al. 2002). 

The second stage of high mortality occurs in late fall and winter when environmental 

conditions (e.g., food availability) are less ideal. Larger fish in higher condition are able 

to survive through periods of starvation and sub-optimal environmental conditions better 

than their smaller counterparts (Beamish et al. 2004). Juveniles must therefore grow to a 

large enough size by the end of their first marine summer to maximize their chances of 

survival over the following winter (Beamish and Mahnken 2001). Mortality over this 

resource-limited winter period may increase due to direct physiological reasons or 

indirectly from predation because of physiological limitations (Beamish et al. 2004). This 

critical size and period emphasizes the importance of juvenile salmon’s first marine 

summer and the conditions they experience for growth and survival. Therefore, estuarine 

and nearshore habitats, where these juveniles develop and feed during their first marine 

summer, are extremely important as declines in early marine survival could be a result of 

poor feeding conditions (Duffy et al. 2010).   
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Anthropogenic modification and shellfish aquaculture 

Juvenile salmon heavily rely on estuarine and nearshore areas during their early 

marine residence that often have been altered by human modifications. These changes 

can result in shifts of foraging behaviour and prey availability which may have negative 

consequences for juvenile salmon (Romanuk and Levings 2005; Toft et al. 2007; Munsch 

et al. 2015). Studies show higher Chinook survival in more pristine (i.e., less modified) 

estuaries (Magnusson and Hilborn 2003). Others have observed negative impacts on 

juvenile salmon prey availability due to shoreline armouring (Toft et al. 2007; Heerhartz 

and Toft 2015; Munsch et al. 2015), however, the ecological consequences of other forms 

of coastal modification are relatively understudied.  

Shellfish aquaculture has resulted in intertidal habitat modification of many 

estuarine environments in the northeast Pacific (Emmett et al. 2000) but unlike shoreline 

armouring, shellfish aquaculture modifies the environment by adding infrastructure that 

may be increasing environmental complexity. Due to the ecological importance of 

various types of submerged aquatic vegetation, particularly for juvenile fish, comparisons 

have been made among shellfish aquaculture, eelgrass and mudflat areas. Generally, 

invertebrates are attracted to increased habitat complexity and aquaculture areas can act 

similarly to eelgrass in terms of supporting a diverse abundance of species (Hosack et al. 

2006; Powers et al. 2007). Alternatively, fish such as juvenile salmon are more mobile 

and don’t generally associate with specific benthic environments (Hosack et al. 2006; 

Dumbauld et al. 2015; Munsch et al. 2015) indicating that benthic modifications may not 

impact them directly. For example, Dumbauld et al. (2015) examined salmon diets across 

oyster culture tenures and undisturbed areas (mudflat, seagrass and channels) in a coastal 
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estuary and found Coho, Chinook and Chum salmon diets were not strongly associated 

with the benthic environment, suggesting that modifications accompanying shellfish 

aquaculture may not have detrimental effects to this group of fishes. Thus far, a large 

portion of shellfish aquaculture studies has focused on the impacts on sediment and 

benthic communities underlying culture sites (Simenstad and Fresh 1995; Crawford et al. 

2003; McKindsey et al. 2011) whereas a smaller portion have examined the impacts to 

higher trophic levels such as fish. Because of the expanding shellfish aquaculture 

industry, it is important to understand the ramifications of aquaculture development on 

ecologically important species such as juvenile Pacific salmon. 

Baynes Sound  

 In BC, one of the greatest shellfish aquaculture production areas is Baynes Sound 

where approximately 50% of BC shellfish aquaculture is conducted (Truscott 2002). The 

Sound measures approximately 8700 hectares (Carswell et al. 2006) and, in addition to 

aquaculture, this area supports many important bird and marine species and is designated 

as an ecologically and biologically significant area (Jamieson and Levesque 2014). The 

most abundant and commonly cultured species in Baynes Sound are the Pacific oyster, 

Crassostrea gigas, and the Manila clam, Venerupis philippinarum, both of which were 

intentionally introduced from Japan in the early 1900s (Quayle 1964). A range of 

methods are used to culture these species including bottom culture in the intertidal zone 

and rafts in deep-water pelagic habitats.  

Many “ecosystem services” are provided by shellfish including supply of valuable 

food resources and water filtration. However, shellfish practices involve landscape 

modification such as intertidal fencing, anti-predator nets, oyster rafts and outplanting 
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which are not typical in natural intertidal environments. Shellfish aquaculture also adds a 

large amount of hard substrate in areas mainly consisting of soft substrate which, in turn, 

may support different types of habitat-forming algae. These changes in habitat 

complexity can alter the environment and the communities it supports. Despite the large-

scale modifications of the intertidal and pelagic environments of Baynes Sound, we have 

yet to fully understand what these alterations mean for other organisms in the ecosystem, 

particularly at higher trophic levels.  

Many rivers and creeks drain into Baynes Sound making it an ideal habitat and 

spawning ground for various fish species including ecologically and economically 

valuable Pacific salmon species (Jamieson et al. 2001). In addition, intertidal eelgrass 

beds act as nurseries and provide protection and valuable food sources for these salmon 

(Phillips 1984). Landscape modification for shellfish farming practices can damage 

eelgrass or, in more extreme cases, destroy entire beds (Simenstad and Fresh 1995). 

Understanding how changes to nearshore environments may impact ecologically 

important species such as Pacific salmon becomes increasingly important as natural 

habitats continue to decline.  

Project objectives 

Coastal development studies have largely focused on other types of shoreline 

development (e.g., shoreline armouring) and less is known about the impacts of 

modifications such as shellfish aquaculture on higher trophic level species such as fish. 

The objectives of this study are 1) to determine if juvenile Chinook, Coho and Chum 

salmon are using nearshore areas modified by shellfish aquaculture and investigate if 

there are differences in relative abundances at aquaculture and non-aquaculture sites and 
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2) to compare juvenile Chinook, Coho and Chum diets at aquaculture and non-

aquaculture sites. By determining if and how Pacific salmon species are affected by 

shellfish aquaculture activities, we can assess how these species are responding to 

structures such as oysters beds, intertidal fencing, and anti-predator nets as nursery 

habitat during their early marine residence. These results will help us understand the 

consequences of coastal development and how it may affect other organisms as well as 

ecosystem services. In addition, this study will help determine factors related to early 

marine mortality in juvenile salmon and species-specific responses to shellfish 

aquaculture.  

2.2. Methods 

Study region 

Baynes Sound is an ideal study region because of its extensive shellfish 

aquaculture presence and because it’s a relatively small and enclosed study system. Three 

aquaculture and non-aquaculture paired sites were chosen throughout the Sound based on 

previously established sites with similar characteristics (Figure 1). Because a large 

portion of the shoreline is under active shellfish aquaculture tenure, control sites were 

challenging to locate and this limited the number of paired sites we could investigate. 

Sites were numbered from south to north with “A” referring to an aquaculture site and 

“NA” referring to the non-aquaculture reference sites. It must be noted that the “NA” 

sites may have had some bivalve culture in the past and/or undergo recreational 

harvesting, however, they are not currently active. Corresponding numbers refer to site 

pairings. Site NA1 is located on the Deep Bay Marine Field Station’s research shellfish 

lease. It is in close proximity to the Deep Bay marina and has undergone some 
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experimental small-scale shellfish ground culture in the past. The site, however, was 

never extensively farmed and was not active during our sampling season. The paired A1 

site is located on an active shellfish tenure farming Manila clams and Pacific oysters via 

both ground culture and deep-water raft culture. Both A1 and NA1 were located in more 

sheltered areas whereas the other locations were more exposed to wind and wave action. 

Site A2 had similar characteristics to A1, hosting both clam and oyster ground culture, 

however, site A2 did not have deep-water culture using rafts. In the past, NA2 was an 

active shellfish culture area but has since been used for recreational harvest only and is 

not actively seeded. Site A3 is an active shellfish lease consisting of both clam and oyster 

ground culture. Sites A3 and NA3 were the smallest areas and had the most variable 

substrate types ranging from silt to larger cobble whereas the other sites primarily 

consisted of gravel and sand. Site A3 had both ground and deep-water culture. Sites A1, 

A2 and NA2 had relatively shallow slopes across larger areas while sites NA1, A3 and 

NA3 had steeper slopes across smaller intertidal areas.  
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Figure 1: Study sites in Baynes Sound, BC where juvenile Chinook, Coho and Chum 

salmon were sampled for stomach content analysis. Three aquaculture (A) and three non-

aquaculture (NA) sites were chosen throughout the Sound.  

 

Sample Collection 

Salmon 

To determine relative abundance and collect a subsample of juvenile salmon for 

stomach content analysis, we beach seined at each site five times from May to July, 2014. 

In order to capture juvenile Coho, Chinook and Chum salmon, beach seining was 

completed using a 25 x 2 m seine consisting of 6 mm stretch mesh. During a low tide 

window (approximately one hour before and one hour after), two consecutive beach seine 

sets were completed along a span of 60 m (30 m per set) parallel to the shoreline below 

aquaculture areas (as to not interfere with aquaculture structures and bivalves). To begin 

!

!

!

!

!
! A3

A2

A1

NA3

NA2

NA1

0 2.5 51.25 km

Ü

Baynes Sound

Vancouver Island

Denman Island

British 
Columbia



 

 

19 
a set, the seine was loaded into the bow of a 14-foot, 25-horsepower outboard aluminum 

boat. With one end of the seine anchored by a crew member on the beach, the boat would 

reverse in a semicircle formation piloted by a second crewmember, at which time a third 

crew member would disembark from the boat and haul the net towards the shoreline. 

Captured fish were corralled into the bunt of the beach seine and placed into a 1.2 x 1.2 m 

floating PVC square. This allowed quick sorting, identification and release of non-target 

species without removing them from their natural marine environment. Juvenile salmon 

were identified using characteristics in Hartman (1997), enumerated and a subsample of 

up to 20 per species per site were euthanized using an overdose of tricaine 

methanesulfonate (MS-222; 300 mg/L) and stored on ice (Animal Care Protocol # 2014-

010(1), University of Victoria).  

Environmental variables 

At each sampling event, environmental variables including temperature, pH, 

dissolved oxygen (DO) and salinity were measured using pH and DO meters, and a 

refractometer. Site complexity was measured using a profile gauge adapted from 

McCormick (1994). During low tide, a 20 m wide area was measured from 1 to 3 m 

above mean lower low water (MLLW). The area was then assessed and divided based on 

prominent substrate type (e.g., boulders, cobble, shell). Throughout each area, three to 

five 0.5 x 0.5 m quadrats were randomly placed and three gauge measurements were 

taken in each quadrat. To do this, the gauge was gently placed in the quadrat, allowing 

the individual pegs to contour to the substrate. The gauge was levelled and then a photo 

was taken for later analysis. To account for vegetation that lies flat when air exposed but 

would provide structure when covered with water (e.g., eelgrass), we measured the height 

of any vegetation that came in contact with a peg. Using ImageJ software, the contour 
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length (the length across the tops of all pegs) was measured. Any vegetation 

measurements were added to the peg height and incorporated into the contour length. 

From this, we compared the contour distance to the linear distance (0.5 m which was the 

straight line distance between the two outside pegs) and calculated a ratio to compare 

among sites. In each quadrat, we averaged three gauge measurements and then averaged 

all quadrats within the pre-determined area. Each substrate type was weighted depending 

on the proportion of area it covered in our study site and added together to produce an 

overall complexity estimate for each site. Other site characteristics such as most abundant 

intertidal and shoreline vegetation, freshwater influence, slope and anthropogenic 

influences in the surrounding area were recorded.  

Stomach content analysis 

Upon return to the laboratory, salmon identification was confirmed using features 

such as parr marks, anal fin shapes, and branchiostegal and pyloric caeca counts. Fish 

were measured to fork length (± 1 mm) and weighed (± 0.01 g). Stomachs were removed 

by making an incision from the anus to the operculum along the ventral surface of the 

fish, pulling out the intestine from the anus, clipping the oesophagus and removing the 

entire gut. The gut was placed in a 20 mL glass scintillation vial containing 10% buffered 

formalin until further processing.  

Before examining contents, stomachs were removed from formalin, excess organs 

were removed and the stomach was blotted and weighed. The stomach was cut open and 

all contents were removed. The stomach lining was rinsed with deionized water and 

weighed to indirectly determine the weight of stomach contents alone. Under a dissecting 

microscope, prey items were identified at least to order. Once identified, prey groups 
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were enumerated and weighed. Prey groups were also pooled by the habitat type from 

which they likely originated (i.e., benthic, planktonic, terrestrial). Prey items categorized 

as benthic included amphipods (Gammaridae, Caprellidae, Corophiidae), harpacticoid 

copepods, cumaceans, tanaids, isopods, polychaetes, ostracods, juvenile bivalves, and 

eggs. Planktonic prey items included fish, hyperiid amphipods, calanoid copepods, larval 

decapods (crabs and shrimp), nauplii, larvaceans, and cladocerans, and terrestrial prey 

items consisted of insects and collembolans.  

Data analysis 

Environmental data were compared among sites with repeated measures analysis 

of variance (ANOVA). Abundance, fish size, condition, feeding intensity and individual 

prey groups were compared among sites using ANOVA. In the case of a significant 

result, a Tukey-Kramer post-hoc test was employed to determine where the differences 

were. When data did not meet normality assumptions and could not be transformed, a 

Kruskal-Wallis test followed by Dunn’s post hoc test were employed to determine 

individual site differences. Data were pooled by site type (i.e., aquaculture and non-

aquaculture) if trends were consistent for all sites (i.e., data were consistently higher in 

one site type) and compared using Welch’s t-test or a Wilcoxon rank sum test when data 

did not meet normality assumptions and could not be transformed. Fish abundance was 

measured with catch per unit effort (CPUE) consisting of the abundance captured at each 

sampling event. Condition was calculated using the equation:  

𝐾 =	
𝑊
𝐿& 	𝑥	10

* 

where K is the condition factor, W is the salmon wet body weight measured in grams and 

L is the fork length of the fish measured in millimeters (Meehan and Miller 1978). 
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Feeding intensity was determined using percent bodyweight (%BW) calculated by the 

equation:  

%𝐵𝑊 =
𝑆𝐶𝑊

𝐵𝑊	 − 𝑆𝐶𝑊 	𝑥	100 

where BW is the salmon wet body weight measured in grams and SCW is the weight of 

the stomach contents in grams (Brodeur 1992).  

Cumulative prey abundance curves were generated by plotting the cumulative 

number of prey items identified against the cumulative number of stomachs analyzed to 

ensure a representative amount of samples were analyzed. Stomach contents were 

analyzed using non-metric multidimensional scaling (nMDS) and permutational 

multivariate analysis of variance (PERMANOVA) in order to determine similarities and 

differences among sites, and between site types and species. All data were either square-

root (Coho and chum prey abundance), or fourth-root (all other data) transformed to 

improve the representation of less abundant species and the resemblance matrices were 

generated using the Bray – Curtis coefficient. Empty stomachs were not included in 

stomach content analysis because there were relatively few (Coho: 1, Chinook: 2, Chum: 

2) and obscured patterns. In addition, for Chum prey analysis, sites A3 and NA3 were not 

included as no Chum were captured at A3 and only one individual was captured at NA3. 

PERMANOVA designs were run for each data set (i.e., prey abundance and mass data 

sets for each salmon species) including site type as a fixed factor (two levels: aquaculture 

and non-aquaculture), site as a random factor nested within site type (six levels) and date 

as a random factor nested in site. When differences existed, similarity percentages 

(SIMPER) were used to determine which species were responsible for the dissimilarities. 

NMDS plots were produced to visualize each data set and were considered to be well 
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representative of the data if stress <0.2 (Clarke 1993). Univariate statistics were 

completed using the statistical program R (R Core Team 2014) while multivariate 

analyses were completed using the ecological statistics program Primer (Clarke and 

Gorley 2015).  

2.3. Results 

Environmental measurements 

There were no significant differences in any of the environmental measures across 

site type (Repeated measures ANOVA, p > 0.05) with the exception of a significantly 

higher dissolved oxygen measurement at site NA1 compared to A1 (Tukey post-hoc, p = 

0.032). Complexity was not statistically significant between sites but there was a trend 

for higher complexity at all aquaculture sites compared to their non-aquaculture 

counterparts. 

Salmon abundance   

A total of 1046 Pacific salmon were captured consisting of three Pacific salmon 

species (Coho, Chinook and Chum). There were no significant effects of site type or site 

on mean salmon CPUE for any species (Kruskal-Wallis, p > 0.05). Overall our catch per 

unit effort (CPUE) of all species was 46.3 ± 71.8 (SD) at aquaculture sites and 9.6 ± 17.8  

at non-aquaculture sites. Our CPUE was highest at site A2 (69.3 ± 81.1) followed by site 

A1 (65.8 ± 93.1) and NA1 (18.5 ± 31.0). NA2, NA3 and A3 had the lowest CPUE 

consisting of 5.5 ± 5.3, 4.8 ± 3.6 and 3.8 ± 4.1 at each site, respectively (Figure 2).  
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Figure 2: Juvenile Pacific salmon catch per unit effort (all species combined) across 

aquaculture (black bars) and non-aquaculture (white bars) sites in Baynes Sound, BC 

from May to July, 2014. Error bars represent the standard deviation.  

 

Size and condition 

Subsamples of 56 Chum, 100 Coho and 66 Chinook were euthanized for gut 

content analysis and size measurements. Mean fork length (± SD) for juvenile Chum 

salmon was 47.4 ± 10.6 mm, while Coho and Chinook were significantly longer at 98.3 ± 

12.4 mm and 87.4 ± 10.7 mm, respecively (Dunn’s test, p < 0.05). Coho were the 

heaviest at 11.6 ± 4.8 g and Chum were the lightest with an average weight of 1.13 ± 0.94 

g with Chinook weighing 7.82 ± 3.10 g. All species weights were significantly different 

from one another (Dunn’s test, p < 0.05). Coho had the highest condition factor (1.15 ± 

0.10) followed by Chinook (1.12 ± 0.10) and Chum (0.86 ± 0.14) (Figure 3). Chinook 
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and Coho condition were not statistically different, however, both were significantly 

higher than Chum (Tukey post-hoc, p < 0.05). 

Site level differences existed for Coho weight and condition, and Chinook length 

(ANOVA, p < 0.05) and weight (Kruskal-Wallis, p = 0.020), but did not correspond to 

site type. There were no significant differences in Chinook condition factor or Coho 

length among sites (ANOVA, p > 0.05). Alternatively, Chum salmon were longer 

(Wilcoxon rank sum test, p = 0.001), heavier (Wilcoxon rank sum test, p = 0.002) and 

had a higher condition factor (Welch’s t-test, p = 0.017) at aquaculture sites (Figure 3). 

 

Figure 3: Condition factor (K) for Coho, Chinook and Chum over aquaculture (white) 

and non-aquaculture (gray) sites combined. Salmon were captured in intertidal areas 

across three aquaculture sites and three corresponding non-aquaculture sites. Boxes 

represent interquartile ranges with medians (black line) and the whiskers are minimum 

and maximum values. Open circles represent outliers.  
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Diet 

Cumulative prey charts show the cumulative number of prey items identified 

plotted against the cumulative number of stomach samples. For all salmon species (Coho, 

Chinook, and Chum), the cumulative number of prey items steadily increased and then 

became asymptotic indicating that enough stomachs had been sampled to provide 

accurate representation of diet (Figure A9).  

Coho 

Coho ate a variety of prey items consisting primarily of insects (39.1%) and 

decapod crab larvae (29.6%) numerically (Figure 4), and fish (88.3%) gravimetrically. In 

addition, Coho ate decapod shrimp (3.0% by number, 0.71% by mass), copepods (6.5% 

by number, 0.05% by mass) and amphipods (4.3% by number, 1.4% by mass). Other less 

common prey items (making up 10.4% total) included collembolans, cumaceans, 

ostracods, and cladocerans. There were site level differences in feeding intensity 

(ANOVA, p = 2.13e-05), however these did not correspond to site type. Multivariate 

analysis of salmon prey also showed no significant differences in what Coho were 

ingesting at aquaculture and non-aquaculture sites (PERMANOVA, p > 0.05, Table 

1,Figure 4). Non-metric multidimensional scaling (nMDS) supported these results and 

showed no sample grouping by site or site type (Figure 5). These results were consistent 

when examining prey numerically and gravimetrically. By number, the origin of Coho 

prey primarily consisted of planktonic prey (63.9%) and the remainder was terrestrial 

(23.0%), benthic (9.0%), and fish (4.1%) (Figure 6). By mass, Coho ingested 

predominantly fish (88.3%) followed by planktonic (6.6%), terrestrial (3.6%) and benthic 

prey (1.5%). The origin of Coho prey items was not significantly different between site 

types (Wilcoxon rank sum test, p > 0.05). Across all sites, Coho ingested more planktonic 
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prey than benthic both numerically (Wilcoxon rank sum test, p = 4.45E-05) and 

gravimetrically (Wilcoxon rank sum test, p = 0.001). In addition, numerically Coho ate 

more planktonic than terrestrial and fish prey (Wilcoxon rank sum test, p <0.05). By 

mass, fish dominated over benthic, planktonic and terrestrial prey items (Wilcoxon rank 

sum test, p < 0.05). The nMDS showed no grouping by site type, however, samples 

moderately grouped by sample date and fish size class (Figure A10- A). 
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Figure 4: Stacked bar plots showing the numerical and gravimetric proportions of 

different prey items consumed by Coho, Chinook and Chum across aquaculture and non-

aquaculture sites. Salmon were captured in intertidal areas across three aquaculture 

sites and three corresponding non-aquaculture sites. 
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Table 1: PERMANOVA results for Coho, Chinook and Chum prey captured across six 

sites in Baynes Sound, BC. ST = Site type (aquaculture and non-aquaculture), Si = Site 

(A1, A2, A3, NA1, NA2, NA3) and Da = sampling date. 
Salmon Group 
Factor 

df SS MS Pseudo F p 

Coho, prey abundance 
   ST 1 4447.3   4447.3 0.72469 0.576 
   Si(ST) 4 29318 7329.4 1.4764 0.190 
   Da(Si(ST)) 8 60480 7560 3.8103 0.001 
   Residual 85 1.6865E+05 1984.1   
   Total 98 2.8906E+05    
Coho, prey mass 
   ST 1 3882.9 3882.9 0.6312 0.598 
   Si(ST) 4 30408 7602 1.6721 0.181 
   Da(Si(ST)) 8 59679 7459.8 6.2117 0.001 
   Residual 85 1.0208E+05 1200.9   
   Total 98 2.2147E+05    
Chinook, prey abundance 
   ST 1 4660.3 4660.3 1.3013 0.290 
   Si(ST) 4 14616 3653.9 1.0291 0.408 
   Da(Si(ST)) 8 29919 3739.8 1.382 0.038 
   Residual 50 1.35E+05 2706   
   Total 63 1.92E+05    
Chinook, prey mass 
   ST 1 4172.6 4172.6 1.1091 0.389 
   Si(ST) 4 15482 3870.4 1.0568 0.397 
   Da(Si(ST)) 8 31439 3929.9 1.5914 0.016 
   Residual 50 1.23E+05 2469.4   
   Total 63 1.84E+05    
Chum, prey abundance 
   ST 1 11052 11052 1.6029 0.001 
   Si(ST) 2 13969 6984.4 1.4352 0.301 
   Da(Si(ST)) 4 18081 4520.2 1.4648 0.043 
   Residual 43 1.33E+05 3085.9   
   Total 50 1.78E+05    
Chum, prey mass 
   ST 1 10769 10769 2.1879 0.001 
   Si(ST) 2 9939.1 4969.6 1.0854 0.478 
   Da(Si(ST)) 4 17343 4335.7 1.4932 0.049 
   Residual 43 1.25E+05 2903.7   
   Total 50 1.67E+05    

 

Chinook 

Numerically Chinook diets were dominated by decapod shrimp (78.2%). In 

addition, Chinook consumed insects (8.5%), decapod crab larvae (6.6%), copepods 

(mostly harpacticoids; 2.8%), amphipods (1.3%), fish (1.1%) and a variety of other prey 

items in small amounts similar to those eaten by Coho (Figure 4). By mass, Chinook diets 
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were dominated by fish (74.9%) and decapod shrimp (16.8%). There was higher 

consumption of insects at non-aquaculture sites both numerically (Wilcoxon rank sum 

test, p = 0.025) and gravimetrically (Wilcoxon rank sum test, p = 0.024). This trend was 

consistent among all sites except A3. There were no differences in other prey items 

between site type. In addition, there were site level differences in feeding intensity 

(Kruskal-Wallis, p = 0.048) but these were not consistent with site type. There was no 

sample grouping by site or site type (nMDS, Figure 5) which supported our results 

showing no significant differences in prey by site type (PERMANOVA, p > 0.05, Table 

1). Numerically, Chinook diets consisted primarily of planktonic (45.3%) and terrestrial 

prey (37.2%), with benthic (12.6%) and fish (4.9%) making up the remainder (Figure 6). 

By mass, Chinook diets consisted mostly of fish (64.2%) with the rest consisting of 

planktonic (18.0%), benthic (15.6%) and terrestrial prey (2.2%). Between site type, 

juvenile Chinook ate more terrestrial prey items by number at non-aquaculture sites 

(Wilcoxon rank sum test, p = 0.015) and this trend was consistent for all sites except A3. 

Chinook also ate more terrestrial prey by mass at non-aquaculture sites (Wilcoxon rank 

sum test, p = 0.016) but this was not reflected in site specific differences. In general, 

Chinook also ate more planktonic prey items than benthic and fish numerically 

(Wilcoxon rank sum test, p < 0.05) and more planktonic prey items than terrestrial by 

mass (Wilcoxon rank sum test, p = 0.004). In addition, Chinook ate more terrestrial prey 

than fish (Wilcoxon rank sum test, p = 0.024). Unlike Coho, the nMDS showed no 

sample groupings for sample date and for fish size.  

 



 

 

31 

 

Figure 5: Non-metric multidimensional scaling ordination of prey abundance in Coho 

(A), Chinook (B) and Chum (C) salmon over aquaculture sites (black shapes) and non-

aquaculture sites (white shapes). Data points that are closer together have more similar 

prey. Salmon were captured in intertidal areas across three aquaculture sites and three 

corresponding non-aquaculture sites. 
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Chum 

Numerically Chum consumed large numbers of larvaceans (41.2%) and 

polychaetes (18.9%), although these were not consistent in all samples. Fish were the 

most abundant prey item by mass (56.3%) as well as larvaceans (11.5%) and polychaetes 

(8.1%). Other less common prey items (all < 10%) included amphipods (mostly 

gammarids), copepods (mostly harpacticoids), larval decapods, insects, collembolans, 

cladocerans, barnacle larvae and fish eggs (Figure 4). When examining chum diets across 

aquaculture and non-aquaculture sites, we found significantly more decapods (by 

abundance and mass) were consumed at aquaculture sites (Wilcoxon rank sum test, p < 

0.05) whereas more insects (numerically) and polychaetes (numerically and by mass) 

were consumed at non-aquaculture sites (Wilcoxon rank sum test, p < 0.05). The nMDS 

plot displayed moderate grouping among samples from aquaculture and non-aquaculture 

site types (Figure 5). Despite site variation, Chum prey were significantly different 

between aquaculture and non-aquaculture site types (PERMANOVA, p = 0.001, Table 

1). These differences were primarily caused by more insects, harpacticoid copepods, 

polychaetes and collembolans consumed at non-aquaculture sites and more fish eggs and 

larvaceans being consumed at aquaculture sites (SIMPER). Numerically, Chum diets 

consisted primarily of planktonic (55.2%) and benthic prey (39.8%). Terrestrial origin 

and fish prey made up the remaining 5% of the diet. By mass, fish made up the largest 

proportion of the diet (56.3%) with benthic (22.3%), planktonic (18.8%), and terrestrial 

(2.6%) making up the remaining proportions (Figure 6). Juvenile Chum salmon ate a 

higher proportion of planktonic prey by mass at aquaculture sites (Wilcoxon rank sum 

test, p = 0.021) while they ate significantly higher proportion of terrestrially derived prey 

at non-aquaculture sites (Wilcoxon rank sum test, p = 0.041). Although there were few 
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differences in proportions of the various prey being ingested on aquaculture and non-

aquaculture areas, feeding intensity (%BW) was significantly higher at aquaculture areas 

(Wilcoxon rank sum test, p = 0.009).  

 

Figure 6: Species comparisons of proportion of prey origin by number (A) and mass (B) 

averaged across six sites in Baynes Sound, BC. See methods for prey species 

classification. 
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Species comparison 

Coho and Chinook had more overlap of diets whereas Chum samples grouped 

apart from the other two species (Figure A10 - B). Coho and Chinook focused on larger 

prey items such as larval decapods and fish while Chum ate smaller prey such as 

larvaceans and small polychaetes. SIMPER analysis showed insects were important in all 

three species, while fish were important in Coho and Chinook diets, and collembolans, 

fish eggs and harpacticoid copepods were important to Chum. While Coho and Chinook 

had relatively similar diets, there were some marked differences. Coho ate a higher 

proportion of copepods (numerically) and fish (numerically and by mass; Wilcoxon rank 

sum test, p < 0.05) while Chinook ate a higher proportion of decapod shrimp 

(numerically and by mass; Wilcoxon rank sum test, p < 0.05). When examining prey 

origin, Chinook were ingesting more benthic and planktonic prey than Coho. 

2.4. Discussion 

Juvenile Coho, Chinook and Chum salmon, captured in Baynes Sound, BC, 

exhibited large variation in abundance and prey across the three aquaculture and three 

non-aquaculture sites sampled. As a species with a complex lifecycle, there are a number 

of important factors to consider when examining the abundance, condition and diet of 

juvenile Pacific salmon during early marine residency.  

Abundance 

In general, juvenile salmon abundance was highly variable among sites and site 

types. Although differences were not statistically significant, likely due to high variability 

in CPUE, we captured more juvenile salmon on aquaculture sites than non-aquaculture 

sites. Habitats with structure, like vegetation for example, can represent more desirable 
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habitat due to higher food resources and refuge from predators (Heck et al. 2003; Mattila 

et al. 2008). In our case, the three-dimensional structure provided by the addition of high 

concentrations of bivalves in shellfish aquaculture locations may be acting functionally 

similar to aquatic vegetation. Indeed, studies have found that fish and invertebrates are 

attracted to the added habitat complexity provided by shellfish aquaculture (Dealteris et 

al. 2004; Powers et al. 2007). Dumbauld et al. (2015), however, found that juvenile 

salmon species (Coho, Chinook and Chum) exhibited no differential association among 

seagrass beds, oyster culture and mudflat areas within a Washington estuary. This is 

consistent with our results showing that, although there were more salmon captured over 

shellfish aquaculture areas, variation was high and results were not statistically 

significant. Differences in the number of juvenile salmon captured across individual sites 

likely result from site-specific characteristics and may be exclusive to species, life stages 

and varying types of modification (Dumbauld et al. 2015). Although not measured 

quantitatively in this study, differences may have resulted from varying degrees of 

vegetation cover and type and/or sediment type. Further, higher salmon abundances 

generally occurred in locations closer to spawning streams. Sites A1, NA1, A2 and NA2 

are generally clustered in the southern portion of Baynes Sound where there are more 

spawning streams and higher salmon abundances whereas A3 and NA3 are further north 

towards the center of the Sound where spawning streams are less abundant and is perhaps 

why we captured fewer salmon at these sites. Further quantitative assessments on 

vegetation, substrate and proximity to spawning streams would be beneficial to this 

study.  
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Size and condition 

Coho and Chinook were significantly larger than Chum. These differences are 

likely due to freshwater residence time as Chinook and Coho typically spend a longer 

period of time in freshwater (multiple months to 2 years) and thus emerge into the estuary 

at a larger size than Chum that will usually migrate to the marine environment within 

days of emerging from the gravel (Quinn 2005). Chum also exhibited a significantly 

lower condition factor than Coho and Chinook. Because Chum enter the marine 

environment when they are smaller they tend to feed on smaller, less energy-rich prey 

relative to high quality prey items such as fish which were more important in Coho and 

Chinook diets (Beauchamp 2009; Duffy et al. 2010). This ontogenetic shift to piscivory 

that is typically observed in juvenile salmon (Daly et al. 2009; Duffy et al. 2010) may 

have led to the higher Chinook and Coho condition factors compared to Chum. In 

addition, Chinook and Coho tend to grow faster than Chum salmon (Healey 1980) which 

allows them to shift to larger lipid-rich prey earlier in their nearshore residence. Hamilton 

et al. (2002), who conducted juvenile salmonid surveys througout the Courtenay River 

estuary and northern Baynes Sound in January to August, 2001, observed the same 

patterns in condition factor with Coho and Chinook having similar condition factors with 

both being significantly higher than Chum.  

We found no consistent significant differences in condition between aquaculture 

sites and non-aquaculture sites for Chinook and Coho. Alternatively, Chum had a 

significantly higher condition factor at aquaculture sites. Chum were found to ingest 

significantly higher amounts of decapods at aquaculture sites, however, because decapods 

contributed less than 5% both numerically and gravimetrically to Chum diets, it is 
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unlikely this is the cause. Chum had a significantly higher feeding intensity (%BW) at 

aquaculture sites indicating that, although the proportions of prey ingested were similar 

between site types, the absolute mass of prey ingested per gram of fish was higher at 

aquaculture sites. This result may be due to differences in environmental availability of 

prey which were not examined here, however, a number of studies have found higher 

abundances of epibenthic invertebrates (i.e., chum prey items) associated with shellfish 

aquaculture (Hosack et al. 2006; Powers et al. 2007; Kelly et al. 2008). Alternatively, 

because of their smaller size and close association with the benthic environment, Chum 

may benefit from the different type of complexity offered by shellfish aquaculture 

structures. For example, although Chum consumed similar diets across both aquaculture 

and non-aquaculture sites, areas with lower complexity may be considered more “risky” 

with more effort and energy expenditure taking place for predator avoidance (Biro et al. 

2003) and prey capture (Giacomini et al. 2013).   

Comparing diets across species 

Coho diets were dominated numerically by insects and decapods (mostly 

megalops crab larvae) which is consistent with other studies in the northeast Pacific that 

also found insects (Brodeur 1989) and megalops crab larvae to be important constituents 

of juvenile Coho diets in nearshore areas (Brodeur and Pearcy 1990; Daly et al. 2009). 

Likewise, in Chinook, insects and decapods (mostly shrimp however) made up large 

numerical proportions of the diet. Chum diets had high proportions of larvaceans which is 

consistent with the results of Dumbauld et al. (2015). Unlike Coho and Chinook, insects 

did not represent a large portion of Chum diets.  Insects represent a high quality prey item 

(Duffy et al. 2010) and emphasize the importance of the intertidal connection to 
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terrestrial habitats. Interestingly, Toft et al. (2007) examined juvenile salmon abundance 

and behaviour along anthropogenically modified shorelines and found that terrestrial prey 

are reduced in areas with shoreline armouring and overwater structures. Although insect 

prey was found in higher proportions in diets of Chum and Chinook from non-

aquaculture sites, there were no significant differences in insects in Coho diets between 

site types. This suggests that shellfish aquaculture may not represent the same types of 

insect-limiting modifications as shoreline armouring and/or salmon species may respond 

differently to such modifications. Additional changes to insect availability may be 

determined by differences in freshwater input (Duffy et al. 2010) or amount and 

proximity of riparian influence surrounding the sites (Simenstad et al. 1982) which 

perhaps explained why fish from sites A3 and NA3 (closest proximity to riparian areas) 

had the highest terrestrial influence.  

Results of the nMDS indicated that Coho diet was more associated with sample 

date and fish size whereas Chinook and Chum diet did not appear to show any groupings. 

This suggests that Coho are more opportunistic foragers than Chum and Chinook and 

adjust their diet as prey fluctuate spatially and seasonally as their size increases which in 

turn would allow for access to different prey items. These results are consistent with Daly 

et al. (2009) who also found Coho to be more opportunistic and Chinook to be more 

selective. Coho ingested a significantly higher proportion of fish than Chinook, contrary 

to other studies (Brodeur and Pearcy 1990; Schabetsberger et al. 2003; Brodeur et al. 

2007; Baldwin et al. 2008). Our results are likely a product of fish size as Coho were 

larger, and thus less gape limited, and further along in their ontogenetic diet shift towards 

piscivory. Dumbauld et al. (2015) also found that Coho consumed more fish in their 
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study and determined that because Chinook were smaller than Coho at the point of 

capture, piscivory was less important during that life stage.  

Chinook and Coho consumed a higher proportion of planktonic prey items than 

benthic items both numerically and gravimetrically. However, shellfish aquaculture 

primarily modifies the benthic environment perhaps explaining the lack of diet 

differences across site types for these species. In contrast, Chum consumed more benthic 

prey items relative to Coho and Chinook, perhaps explaining why we observed 

differences in prey between aquaculture and non-aquaculture areas. Despite this however, 

there were no significant differences in the proportion of benthic prey items consumed by 

juvenile Chum between site types, however, differences in prey at non-aquaculture (more 

insects, harpacticoid copepods, polychaetes and collembolans) and aquaculture (more 

fish eggs and larvaceans) sites were observed. Furthermore, Chum had a higher feeding 

intensity over aquaculture sites suggesting that prey availability (for Chum specifically) 

may be higher at aquaculture sites.  These results are consistent with Morley et al. (2012) 

and Munsch et al. (2015) who found shoreline modification (armouring) altered juvenile 

Chum diet, likely due to changes in epibenthic prey items, and had no effect on juvenile 

Chinook salmon that fed primarily on planktonic prey items and were relatively more 

mobile across larger landscapes. These results, however, also contrast with ours because 

the shoreline modification in their case was suggested as having negative consequences 

whereas shoreline modification in our study appears to be benefiting Chum salmon.  

Overall, stomach content analysis of juvenile salmon sampled across aquaculture 

and non-aquaculture sites indicated that species feeding on more pelagic prey items (i.e., 

Chinook and Coho) were relatively unaffected by the habitat modifications associated 
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with shellfish aquaculture. Alternatively, species that had a larger proportion of benthic 

prey relative to other species, were more associated with the benthic environment and 

therefore are more likely to show differences in diet. Chum had a higher condition factor 

across aquaculture sites suggesting the prey items associated with these sites may have 

been more abundant and higher quality and/or the increased/different type of complexity 

associated with shellfish aquaculture sites may have provided Chum with a higher quality 

habitat in which they could thrive. However further study is needed as there are likely 

many other factors at play aside from diet that may influence condition and overall 

effects on species fitness and survival could not be determined.  

Future studies should examine environmental prey availability in these 

aquaculture areas to determine which prey items (if any) are being impacted by benthic 

modifications and how this relates to important prey items for juvenile salmon. In 

addition, increased sampling throughout the day would improve the holistic view of 

juvenile salmon diet. Estuaries and nearshore areas represent important habitat for 

juvenile salmon during a critical time in their lifecycle and modifications to these areas 

can cause species-specific responses. These results emphasize the importance of 

understanding the consequences of changing natural habitats for all species utilizing these 

environments.  
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Chapter 3: Microplastics in juvenile Chinook salmon and their 

nearshore environments 

3.1. Introduction 

Juvenile Chinook salmon face many challenges upon entering the marine 

environment including change in diet, predators, and physiological changes associated 

with the adjustment to higher salinity water (Healey 1980; Simenstad et al. 1982; Thorpe 

1994). During this time, juvenile salmon are met with a number of anthropogenic 

pressures including modified habitats and pollution (Jackson et al. 2001; Lotze et al. 

2006; Bulleri and Chapman 2010). Chapter 2 addressed habitat modification in the form 

of shellfish aquaculture, and pollution will be the focus of this chapter. Marine pollution 

includes the anthropogenic input of different substances in the marine environment 

including excessive nutrients, organic carbon and toxic chemicals (Kennish 2002). Plastic 

pollution specifically has been identified as a substantial threat to marine ecosystems 

(Derraik 2002; Kennish 2002) including both macro (>5 mm) and microplastics (<5 mm) 

(Andrady 2011). While we know more about other types of marine pollution, less is 

known about the emerging threat of microplastics.  

Microplastics can be produced from primary or secondary sources. Primary sources 

include plastics produced at the micro scale such as microbeads in facial cleaners and 

toothpaste (Fendall and Sewell 2009). Along with microplastic particles produced from 

washing synthetic clothing (Browne et al. 2011), microbeads are transported to the 

marine environment through wastewater outfall (Carr et al. 2016). In addition, 

macroplastics from litter and industry materials (e.g., derelict fishing gear) can 

breakdown into smaller particles and eventually into microplastics (Arthur et al. 2014). 
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Microplastics have been found in most ecosystems spanning the globe including remote 

areas such as Arctic ice (Zarfl and Matthies 2010) and deep sea sediments (Van 

Cauwenberghe et al. 2013). The ingestion of microplastic particles has been documented 

in a variety of marine species ranging from zooplankton to fish to marine mammals with 

potential risks including internal physical damage (e.g., abrasion or blockage) and/or 

chemical harm (Cole et al. 2011; Wright et al. 2013). Microplastics can have 

concentrations of persistent organic pollutants (POPs) several orders of magnitude higher 

than ambient marine waters (Mato et al. 2001) and thus ingestion by lower trophic level 

organisms can provide an entry point for POPs to amplify through the food chain (Teuten 

et al. 2009). Microplastics, and negative impacts associated with their consumption, may 

pose a risk to humans (Choy and Drazen 2013; VanCauwenberghe and Janssen 2014; 

Rochman et al. 2015; Vethaak and Leslie 2016) and thus, essential marine organisms for 

human food security (e.g., fish and bivalves) are a priority in microplastics research 

(GESAMP 2015).  

The incidence of microplastics has been documented globally in a large range of 

fish species (reviewed in Lusher 2015). Because microplastics are found in both water 

and sediment (GESAMP 2015), both benthic and pelagic feeders have the potential to 

ingest microplastics through direct consumption or by ingesting prey containing 

microplastics (Setälä et al. 2014; Desforges et al. 2015). Studies have yet to look at 

microplastics in juvenile Pacific salmon but have observed variable plastic abundances in 

many other fish species (reviewed by Lusher 2015).  Despite the number of studies that 

have observed the occurrence of microplastics in fish, relatively few have examined 

how/if the presence of these particles impacts organismal health.  
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Microplastics have several negative impacts on fish (Rochman et al. 2013; 

Lonnstedt and Eklov 2016; Pedà et al. 2016). The extent and type of impact appears to 

depend on exposure concentration, plastic type, size and shape, as well as associated 

chemicals. In addition, responses differ among species and size (Wright et al. 2013) with 

early life stages potentially being more vulnerable (Lonnstedt and Eklov 2016). Effects 

on fish include intestinal alteration (Pedà et al. 2016), liver toxicity (Rochman et al. 

2013), changes to hatching, growth, feeding preferences and predator avoidance 

(Lonnstedt and Eklov 2016), and increased mortality (Rochman et al. 2013; Mazurais et 

al. 2015; Lonnstedt and Eklov 2016; Pedà et al. 2016).  

Coastal marine ecosystems have higher concentrations of microplastic pollution 

compared to their offshore counterparts (Desforges et al. 2014) and a large source of 

plastic pollution is believed to originate from anthropogenic land-based operations 

(Barnes et al. 2009; Browne et al. 2010, 2011; Doyle et al. 2011), therefore, nearshore 

environments, and the organisms that reside there, may be among the most directly and 

highly affected. Juvenile Chinook salmon depend on nearshore areas extensively in order 

to feed and grow (Healey 1980; Levy and Northcote 1982; Thorpe 1994) and thus early 

marine residency and any significant factors affecting survival success during this time 

must be examined carefully.  

The objectives of this study were to determine 1) the microplastic concentrations in 

juvenile Chinook salmon across several nearshore areas along the east coast of 

Vancouver Island, 2) environmental (water and sediment) microplastic concentrations, 

and 3) relationships between environmental and organismal concentrations. Project 

results will indicate if, and to what extent, microplastics pose a threat to juvenile salmon.  
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3.2. Methods 

Study sites 

This project took place along the east coast of Vancouver Island bordering the 

Strait of Georgia (Figure 7). Sites were chosen based on previous research, in the case of 

Deep Bay (see chapter 2 study), and sites near freshwater tributaries containing 

prominent Chinook salmon runs. We chose four locations including Deep Bay, Big 

Qualicum, Nanaimo harbour, and Cowichan Bay. The Deep Bay site was located in the 

southern portion of Baynes Sound and was chosen based on successful juvenile Chinook 

capture during previous studies (see chapter 2 study). This site was located on an active 

shellfish aquaculture tenure consisting of both intertidal and deep-water culture and may 

contain Chinook salmon from the Puntledge River (both wild and hatchery) in addition to 

the Rosewall Creek hatchery (Hamilton et al. 2008). The Big Qualicum River is located 

17 km north of Parksville and connects Horne Lake to the Strait of Georgia. It contains a 

wild Chinook run as well as inputs from the Big Qualicum hatchery. The Nanaimo River 

estuary is located in south Nanaimo and is bordered by downtown Nanaimo on the 

western shore and Duke Point to the east. It consists of an extensive tidal mud flat and 

hosts juvenile Chinook originating from the Nanaimo River (Healey 1980) as well as the 

Nanaimo hatchery. Cowichan Bay receives inputs from both the Cowichan and Koksilah 

rivers and is one of the biggest estuaries in BC (Argue et al. 1986). It contains inputs 

from both the Cowichan River hatchery as well as naturally occurring wild runs.  
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Figure 7: Study sites along the east coast of Vancouver Island where juvenile salmon, 

water and sediment were sampled for microplastics presence. DB = Deep Bay, BQ = Big 

Qualicum, NA = Nanaimo, CB = Cowichan Bay. 

 

Sample collection 

Juvenile Chinook 

We used a 15 x 2 m seine consisting of 6 mm stretch mesh to capture juvenile 

Chinook salmon during June and July, 2015 at each of the four pre-selected sites. Beach 

seines were conducted at low tide windows between 0.5 and 1.1 m for Deep Bay, Big 

Qualicum and Cowichan Bay sites depending on beach accessibility. Nanaimo was an 

exception because it was accessible at high tides only, therefore sampling was conducted 
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during 2.8 to 3.7 m tides. Between 3 and 8 beach seine sets were completed at each site 

until at least 40 fish were captured or catch per seine was below one. 

The beach seine was set using an outboard aluminum boat. Captured fish were 

corralled into the bunt of the beach seine and placed into a 1.2 x 0.6 m floating PVC 

rectangle. This allowed quick sorting, identification and release of non-target species 

without removing them from their natural environment. Juvenile Chinook were identified 

using characteristics in Hartman (1997), enumerated and euthanized (up to a maximum of 

40 per site) using an overdose of MS-222 (300 mg/L) and stored on ice (Animal Care 

Protocol # 2015-018(1), University of Victoria).   

Water 

We collected 25 L of surface water during low tide at each site spanning 

approximately 100 m (~25 m between samples) of shoreline where fish sampling took 

place. We filtered the water samples using a 100 um plankton net with a 30 cm diameter 

opening. Contents were rinsed and concentrated into the codend then transferred into 

sample containers. GPS locations were recorded and samples were stored at -12°C. 

Sediment 

Sediment samples were taken at the mid tidal zone (1.5 to 2.2 m) using a PVC 

sediment corer. Eight samples of 15 cm depth by 4 cm diameter were taken 

approximately one meter apart and stored in Ziploc bags. GPS locations were recorded 

and samples were stored at -12°C.  
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Microplastic extraction 

Methodology testing 

Microplastics research is still in its infancy and there are no standardized methods 

for plastic extraction for organic tissue, water or sediment. We tested various methods 

that have been presented in the literature including oxidation, acid, and basic digestion, as 

well as various density separation protocols. The following protocols are a culmination of 

the most successful methodologies for microplastic extraction from juvenile Chinook, 

intertidal water and sediment samples.  

Juvenile Chinook 

Upon return to the laboratory, fish were scanned for pit tags and their 

identification was confirmed using external features such as parr marks and anal fin 

shapes, in addition to branchiostegal and pyloric caeca counts. Fish were measured for 

fork length (± 1 mm) and weighed (± 0.01 g). Stomachs were removed by making an 

incision from the anus to the operculum along the ventral surface of the fish, pulling out 

the intestine from the anus, clipping the esophagus, and removing the entire gut. The gut 

was stored in a 20 mL glass scintillation vial containing 70% ethanol until further 

processing. During microplastic extraction, scintillation vials containing fish guts were 

covered with 100 um mesh and dried at 60°C overnight (or until sample was completely 

dry) in a conventional laboratory drying oven. Once dry, samples were crushed using the 

blunt end of a stainless steel probe and 10-15 mL of 10% filtered potassium hydroxide 

(KOH) was added to the vial in order to digest organic material. Samples were re-covered 

with 100 um mesh and returned to the drying oven and allowed to digest for 24 hours at 

60°C. Following organic matter digestion by KOH, samples were vacuum filtered over a 
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Whatman GF/C 1.2 um glass microfiber filter paper. Resulting filter papers were stored 

in sealed petri dishes until microscopic examination.  

Water 

Water samples were subsampled in 50 mL portions, placed into 500 mL glass 

mason jars, and covered with 100 um mesh secured by the mason jar screw top. Moisture 

was removed through the mesh by inverting the mason jar over a filter flask attached to a 

vacuum pump. Three times the sample volume (~100 – 200 mL) of KOH was added to 

each mason jar and  placed in the drying oven for 24 hours at 60°C in order to digest 

organic material. After 24 hours, KOH was removed with the vacuum filter (as above) 

and the sample was rinsed with filtered deionized water (FDI) to remove any excess 

KOH. Samples were centrifuged with FDI at 3500 g for 10 minutes in 50 mL centrifuge 

tubes and supernatant was poured off into a FDI rinsed flask. Samples were then 

centrifuged with filtered saturated calcium chloride (CaCl2: density: 1.38 - 1.40 g mL-1). 

This process was repeated a total of three times, pouring off supernatant and shaking 

vigorously to break apart the concentrated sample pellet each time. Combined 

supernatants were then vacuum filtered over Whatman GF/C 1.2 um glass microfiber 

filter paper. Resulting filter papers were stored in sealed petri dishes until microscopic 

examination.  

Sediment 

Sediment samples were dried in tin foil covered foil pans for 48-72 hours in a 

conventional drying oven at 70°C. Samples were homogenized using a ceramic pestle 

and approximately 70-80 g of sediment was sieved through a 4.75 mm and 90 um mesh, 

7.5 cm diameter stainless steel sieve set. Sediment grains larger than 4.75 mm and 
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smaller than 90 um was discarded. Sediment was transferred to a 500 mL glass mason jar 

and covered with 100 um mesh secured by a mason jar screw top. Excess moisture was 

removed through the mesh by inverting the mason jar over a filter flask attached to a 

vacuum pump and samples were dried for 24-48 hours. Dried sediment weight was 

determined indirectly by weighing the mason jar and dried sediment then weighing the 

empty jar following the extraction process. Approximately 100 – 200 mL of 10% filtered 

KOH was added to the mason jars containing the dried sediment and placed in the drying 

oven at 60°C for 24 hours to remove organic matter. KOH was removed from samples 

using the vacuum pump as above and rinsed three times with FDI. Sediment was 

transferred into 250 mL volumetric flasks and each sample was partitioned into five 50 

mL centrifuge tubes in approximately 10 g increments. Samples were then centrifuged 

and filtered as per water samples. 

Microplastic enumeration 

The process of microplastic enumeration was identical for all sample types. Filter 

papers with samples were placed on a FDI dampened gridded glass petri dish and 

examined under a dissecting microscope. Using 40 – 50x magnification, filter papers 

were systematically examined for microplastic particles. Under this magnification, 

characteristics such as bendability, colour and twistedness were used for initial 

microplastic assessment.  Potential microplastics were mounted on glass slides and 

examined under a compound microscope. At the higher magnification, characteristics 

such as structure and colour were used to further confirm microplastic assessment. 

Confirmed microplastics were enumerated and classified by colour and type (fibre, 

fragment, film or pellet).  
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Contamination 

A number of steps were taken to eliminate plastic contamination of our samples. 

Any solution used during microplastic extraction was made using deionized water and 

filtered over a Whatman GF/C 1.2 um glass microfiber filter paper. Non-plastic 

equipment was used as much as possible and all glassware and equipment was washed 

thoroughly with soap and water followed by a FDI wash consisting of three separate 

rinses. Immediately following FDI rinses, glassware and equipment were covered with 

tin foil to protect from airborne plastic contamination. Equipment such as forceps were 

rinsed with FDI immediately before each use and samples were kept covered as much as 

possible throughout processing. When transferring samples between different vessels, 

thorough rinses (x3) were done to ensure complete transfer of material. All work was 

completed in a laminar flow hood and laboratory workers wore natural fibre clothing and 

100% cotton laboratory coats in the laboratory at all times during microplastic extraction 

processing. At least three procedural blanks were run in conjunction with each sample 

batch to determine the amount and types of contamination present in our samples. Plastic 

contamination was then averaged across each set of blanks by colour and subtracted from 

each sample in the corresponding batch.  

Data analysis 

Microplastic concentrations were compared among sites using a one-way analysis 

of variance (ANOVA). In the case of water and sediment samples, microplastics 

concentrations were square root transformed to meet normality assumptions. When 

differences existed among sites, a Tukey post-hoc test was used to assess which sites 

were significantly different. Fish microplastics data were not normal after transformation 
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and so a Kruskal-Wallis rank sum test was performed to determine differences among 

sites. Spearman’s rank correlation was used to determine relationships between juvenile 

Chinook and environmental (water and sediment) microplastic concentration levels. The 

number of plastic particles in fish was converted to microplastics g-1 to standardize across 

fish sizes while plastics in water samples were converted to microplastics m-3 and 

sediment plastics were expressed as microplastics kg-1 dry weight (d.w.).  

3.3. Results 

 In all sample types the majority (>90%) of microplastics were fibrous in nature as 

opposed to fragments, films or pellets and therefore all results will refer to fibres only. 

All plastics found were 100-5000 um in length and approximately 10-20 um in diameter.  

The codend we used to filter water had a 100 um mesh, therefore, this was deemed the 

lower size limit of plastics in water, fish and sediment samples. 

Juvenile Chinook microplastic concentrations 

We extracted microplastics from a total of 74 juvenile Chinook salmon (fork 

length: 78.2 ± 9.3 mm SD; wet weight: 6.01 ± 2.33 g) across four different sites along the 

east coast of Vancouver Island including Deep Bay (n=19), Big Qualicum (n=9), 

Nanaimo (n=7) and Cowichan Bay (n=39). Of the juvenile salmon sampled, 59% 

contained at least one plastic particle with a mean of 1.15 ± 1.41 microplastics per 

individual (0.24 ± 0.36 microplastics g-1) across all sites.  Fibrous microplastics made up 

95% of plastic particles identified in juvenile Chinook salmon. There were no significant 

differences among the number of microplastics g-1 of juvenile Chinook sampled across 

our four sample sites (Kruskal-Wallis p = 0.490; Figure 8A). The most abundant fibres 

by colour were clear (41%) and blue (20%) for all sites.  
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Figure 8: Average number of plastic fibres g-1 of fish (A), fibres m-3 of water (B) and 

fibres Kg-1 of sediment (C) across samples sites including Deep Bay (DB), Big Qualicum 

(BQ), Nanaimo (NA) and Cowichan Bay (CB). Boxes represent interquartile ranges with 

medians (black line) and the whiskers are minimum and maximum values. Open circles 

represent outliers and different letters represent significant differences among sites. 
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Water microplastic concentrations 

Across all samples, we found a mean of 659.88 ± 520.87 microplastics m-3 with 

100% of the samples containing at least one microplastic particle. As in fish, the majority 

of plastic particles found (93%) were fibrous plastics. There were no significant 

differences in the average number of plastic fibres m-3 in water samples across our four 

sample sites (ANOVA p = 0.571; Figure 8B). Similar to the juvenile Chinook samples, 

clear (70%) and blue (12%) fibres were the most abundant across all sites. 

Sediment microplastic concentrations  

 Across all sites we found a mean of 60.2 ± 63.4 microplastics kg-1 d.w. of 

sediment sampled with 87.5% of samples containing at least one microplastic particle. 

The majority (91%) of microplastic particles identified were fibres. We found significant 

differences in microplastic concentrations among sites (ANOVA p = 0.015; Figure 8C). 

Deep Bay had significantly more microplastics than Nanaimo (Tukey post-hoc, p = 

0.020) and Cowichan Bay (Tukey post-hoc, p = 0.045), while Big Qualicum was not 

significantly different from any other site (Tukey post-hoc, p > 0.05). By colour, clear 

was the most frequently identified microplastic fibre (64%) while blue (15%) was the 

next most common across all sites.  

Correlations 

 There were no significant relationships between juvenile Chinook and 

environmental microplastic concentrations (p>0.05) nor was there a significant relationship 

between the environmental (water and sediment) levels (p>0.05). 
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3.4. Discussion  

Microplastics are an emerging threat to marine ecosystems (Andrady 2011) and 

juvenile Chinook salmon may be at risk during a critical time in their lifecycle. In this 

study, juvenile Chinook salmon, water and sediment samples were examined to 

determine microplastic abundances in Chinook and their coastal environments. Relatively 

low concentrations of plastic fibres in fish samples which were not correlated with water 

and sediment microplastic concentrations.  

Microplastic in juvenile Chinook salmon 

We sampled 74 juvenile Chinook across four different sites and found that 59% 

contained at least one plastic fibre. Although previous studies have shown relatively high 

variance in the proportion of fish containing microplastic particles (range: 0.03% - 67%; 

reviewed in Lusher 2015), our results suggest a relatively high proportion of fish with at 

least one plastic particle in their gastrointestinal tracts. The consequences of microplastic 

ingestion are poorly understood and depend on type, shape and size of plastics. Mazurais 

et al. (2015) and Pedà et al. (2016) both conducted laboratory studies with European sea 

bass (Dicentrarchus labrax) and each tested a different type of plastic pellet 

(polyethylene and polyvinylchloride, respectively). Both studies found significant health 

consequences (e.g., intestinal alterations, mortality), however, the type, extent and 

severity varied substantially. In addition to differences in plastic characteristics, studies 

examining microplastic ingestion in fish also look at a wide variety of fish species and 

life stages. Lonnstedt and Eklov (2016) examined European perch (Perca fluviatilis) 

larvae in a laboratory study and found impacts to hatching, growth, feeding preferences 

and predator avoidance. If juvenile salmon experience similar impacts, their survival may 
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be affected greatly as they experience high predations rates (Parker 1968) and growth is 

critical during this early marine life stage (Beamish and Mahnken 2001). 

The range of plastics found per individual fish in this study (1.15 ± 1.41) is within 

the ranges observed previously of 0.33 – 7.2 and a mean of 1.78 in a variety of different 

sized fish species (Lusher 2015). In a study of microplastic particle ingestion by 

zooplankton in the northeast Pacific Ocean, Desforges et al. (2015) estimated that 

juvenile salmon in coastal BC could consume 2 – 7 microplastic particles per day. 

Mazurais et al. (2015) observed that a high proportion of polyethylene beads were being 

egested by sea bass larvae within 48 hours therefore other species such as salmon may do 

the same. If so, our microplastic quantities observed in our juvenile Chinook are likely 

underestimations of total microplastic ingestion.   

Despite high egestion rates, Mazurais et al. (2015) determined that a plastic 

loading of 3.3 ± 0.19 polyethylene beads in larval European sea bass caused significantly 

higher mortality than the control group. Given the size difference in fish between the sea 

bass study (~ 2 – 12 mg) and the current study (6010 ± 2330 mg), we could predict that 

the same plastic loadings would have a less significant impact on our juvenile Chinook 

and that, although species-specific responses may differ between sea bass and salmonids, 

it is likely that the average microplastic concentration of 1.15 ± 1.41 found in our study is 

not causing significant mortality events.  

Microplastic in water samples  

Across all water samples, we found a mean of  659.88 ± 520.87 microplastics m-3. 

Desforges et al. (2014) estimated a mean of 3210 ± 628 microplastics m-3 in the Strait of 

Georgia which is higher than those found in this study, however, differences in sampling 
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methodologies (i.e., looking at a larger size range: 62.5 um – 5 mm) may partially 

account for their higher estimates. Desforges et al. (2014) also found that plastic particle 

size increased with distance from shore, indicating that the smaller size fractions may be 

more abundant in nearshore coastal sites like ours. Although our concentrations were low 

compared to Desforges et al. (2014), we found relatively high concentrations compared 

to studies from other coastal regions worldwide that, for the most part, observed <1 

microplastic m-3 (reviewed in Lusher 2015). As most studies used a mesh size of 333 um 

(GESAMP 2015), however, results are likely underestimations for reasons outlined 

above. These findings emphasize a need for standardization and the use of smaller mesh 

sizes to accurately assess microplastic concentrations worldwide. Differences in 

microplastic concentrations could also be influenced by weather (Moore et al. 2002; 

Lattin et al. 2004). Storm events, particularly in the winter, were found to increase 

microplastic concentrations via mixing throughout the water column (Doyle et al. 2011) 

and runoff from land-based sources (Moore et al. 2002). Because our study was 

conducted during late spring/early summer (when juvenile salmon were utilising the 

nearshore areas), and stormy weather was rare, our results may differ from those 

conducted during other seasons.   

Microplastic in sediment samples 

Across all sites, we found a mean of 60.2 ± 63.4 microplastics kg-1 d.w. of 

sediment sampled. Cluzard et al. (2015) sampled sediment from various sites throughout 

Baynes Sound and found the median number of microplastics kg-1 d.w. to range from 0 to 

85. In the region that included a sample area in a similar location to our Deep Bay site, a 

median of 24.6 microplastics kg-1 d.w. was documented which was lower than the mean 
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of 115.40 microplastics kg-1 d.w. found in our study. This inconsistency may be due to 

differences in plastic extraction techniques (i.e., NaCl flotation) which may lead to 

underestimations of higher density plastics on their part. In addition, their study only 

looked at plastic particles larger than 1 mm in size which would also account for the 

higher concentrations found in our study as we included plastics from 100 um to 5 mm in 

size.  Microplastic concentrations in Cluzard et al. (2015) and our study were also 

consistent with many European coastal studies (Thompson et al. 2004; Browne et al. 

2011; Claessens et al. 2011) but lower than Mathalon and Hill (2014) who documented 

microplastic ranges of 200 – 800 microplastics kg-1 in sediment from Halifax Harbour, 

Nova Scotia. Mathalon and Hill (2014), however, did not correct their values despite high 

laboratory contamination levels and therefore, microplastic concentrations are likely 

overestimations. Sediment microplastic loads will also be affected by plastic type (e.g., 

PVC is a higher density plastic that will tend to sink in lower density salt water more 

readily than lower density plastics such as polyethylene; Van Cauwenberghe et al. 2015), 

geography and oceanography (Vianello et al. 2013), sediment type (Strand et al. 2013), 

and amount of environmental biofouling (Thompson et al. 2004; Barnes et al. 2009; 

Browne et al. 2010).   

Site comparisons 

Among sites, we only found differences in sediment microplastics concentrations. 

Because fish and water move throughout ecosystems, microplastics may disseminate far 

from their original source. Alternatively, sediment is more likely to remain relatively 

stationary, and may retain microplastics more readily. In other words, water and fish 
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samples may represent a more instantaneous microplastic loading versus a more 

integrated picture of microplastics within the sediment (Davis and Murphy 2015).  

Significantly higher microplastic abundances were observed in sediments at Deep 

Bay compared to the Nanaimo and Cowichan sites. The Deep Bay site is located in a 

sheltered bay and has a relatively shallow slope while both the Nanaimo and Cowichan 

Bay sites are located in more exposed areas with steeper slopes. Various studies suggest 

that exposed areas with higher wave energy may accumulate less microplastics and the 

enclosed geometry of harbours, for example, may trap microplastics and increase benthic 

settlement (Claessens et al. 2011; Vianello et al. 2013; Cluzard et al. 2015). Therefore, 

differences in site morphology may result in higher microplastic retention in sites like 

Deep Bay where plastic would likely settle more readily. Claessens et al. (2011) 

speculated that harbour activities (e.g., recreational boating) added to the microplastic 

load which is also consistent with our study as the Deep Bay site is within close 

proximity to the Deep Bay Marina. Furthermore, sites with freshwater inputs generally 

have higher microplastics loads (Claessens et al. 2011; Vianello et al. 2013) and although 

all of our sites had freshwater inputs, the Deep Bay and Big Qualicum sites, which had 

the highest sediment microplastic concentrations, were in the closest proximity to 

freshwater tributaries with Chef Creek and Big Qualicum River, respectively, emptying 

directly into the sites. The Nanaimo and Cowichan Rivers may also influence 

microplastic loads in their associated sites but to a lesser extent as they were further away 

(~2 km).  

In addition, the Deep Bay sample site is located on a shellfish aquaculture tenure 

which may have direct plastic inputs through the high use of plastic netting, ropes, trays, 
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and expanded polystyrene floats. Although the other sites have a range of other potential 

plastic sources, none are in as close proximity to a source as the Deep Bay site. 

Aquaculture has been identified as a potential microplastics source (Hinojosa and Thiel 

2009; Cole et al. 2011; Mathalon and Hill 2014; Desforges et al. 2014) and cannot be 

discounted, however, these higher concentrations may also be linked to site 

oceanography and bathymetry.  

Environmental microplastic availability  

We found no significant correlations between the amount of microplastics found 

in water or sediment samples with the amount ingested by juvenile Chinook indicating 

that environmental levels do not necessarily reflect the amount ingested by marine 

organisms in this area. Desforges et al. (2015) compared microplastic abundance in 

zooplankton to water samples and found abundances were not correlated based on 

absolute number of plastic particles ingested, however, they suggested that levels must be 

corrected for zooplankton density because with a higher abundance of individuals, there 

may be less plastics available in the environment. Once the correction was made, higher 

ingestion rates corresponded with higher microplastic concentrations in water. Employing 

a similar correction may not be appropriate for fish as they are larger and more mobile 

than zooplankton and thus the lack of correlation was expected.  

We also found that water microplastic concentrations do not correlate with 

sediment concentrations from the same sites. This may reflect differences in low density 

(floating) and high density (sinking) plastics across each site or differential biofouling 

that may be occurring causing low density plastics, that would normally float, to sink 

(Thompson et al. 2004; Barnes et al. 2009; Browne et al. 2010). Additionally, plastic 
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sinking rates may be altered through ingestion by zooplankton followed by egestion via 

faecal pellets (Cole et al. 2016). This disparity among water, sediment, and fish samples 

may also be a product of the patchy distribution of plastics in the marine environment 

(Moreira et al. 2015) demonstrated by the relatively high standard deviations across all 

three types of samples. Future studies should attempt to collect larger sample sizes to 

increase the power of the findings.  

Microplastics can originate from a number of different sources and through a 

combination of oceanography, wind and marine organisms, the transfer and dispersal of 

plastic particles can be extensive. Because of this complexity, linking microplastics to a 

specific source becomes challenging. Deductions can be made, however, based on 

various plastic characteristics. For example, we found that the majority of microplastics 

found in juvenile Chinook, water and sediment samples were fibrous in nature as opposed 

to being a film, fragment or pellet. Desforges et al. (2014) found a negative relationship 

between the proportion of fibres in the plastic samples and distance from shore indicating 

that nearshore areas will have generally higher fibre content than offshore areas. 

Moreover, they estimated that samples from areas we examined would have greater than 

80% fibre content which is consistent with our findings. A significant source of fibrous 

microplastics originate from textiles and through sewage output with up to 1900 fibres 

per garment per wash being released from household washing machines (Browne et al. 

2011). Large cities such as Vancouver, Victoria (Desforges et al. 2014) and Nanaimo, 

among others, are in close proximity to our sampling sites, releasing sewage effluent into 

the Strait of Georgia and potentially delivering a constant source of microplastics to the 

marine environment. Given the dominance of fibrous plastics, other fibre sources close to 
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our sample areas include the extensive use of synthetic fishing line, nets and rope in 

fishing and aquaculture industries (Claessens et al. 2011).  

On a larger scale, it has been demonstrated there is a strong relationship between 

the abundance of marine debris and increased human population (Barnes 2005). Although 

not quantified statistically, environmental or organismal plastic concentrations did not 

reflect population size as Nanaimo had a considerably larger population and either lower 

or no differences in plastic concentrations compared with the other sites. This is 

consistent with Claessens et al. (2011) who also did not find a correlation between human 

presence and microplastics and instead suggested that concentrations are more associated 

with the geography of the sample location. This idea is likely more applicable to regional 

studies (e.g., the current study) rather than studies at global scales.  

Conclusions 

This study examined the incidence of microplastic particles in juvenile Chinook 

and their nearshore environment along the east coast of Vancouver Island. We found 

predominantly microplastic fibres in the majority of our samples supporting the notion 

that microplastics are widespread and ubiquitous in the marine environment. We did not 

find significant differences in microplastic abundances ingested by juvenile Chinook or 

in water samples among our sample sites but found significantly more plastic fibres in 

sediment at our Deep Bay site likely due to geographical differences in oceanography and 

potential source inputs (e.g., shellfish aquaculture, marina, recreational boating) in the 

surrounding area. Our results demonstrate that environmental concentrations (i.e., water 

and sediment) do not necessarily reflect the amount of plastics found in juvenile Chinook 

salmon but this may be confounded by a number of factors including zooplankton and 
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fish density which this study did not measure. These results also show that plastic 

concentrations vary within habitat types in the environment likely because sediment may 

accumulate higher microplastic abundance due to its relatively stationary nature.  

Our microplastic abundances in salmon were low based on existing knowledge 

and seem unlikely to cause negative impacts, however, further studies on plastic retention 

time and health implications in juvenile Pacific salmon are necessary to confirm this. 

Studies examining the ingestion pathway (direct vs. indirect) and bioaccumulation would 

also benefit this field of study by improving environmental and organismal microplastic 

predictability. Microplastic fragments in surface water continues to rise as global plastic 

production increases (Barnes et al. 2009) indicating that although microplastic particles 

may not be an immediate threat to juvenile Chinook salmon, the future is uncertain. As 

there is little information on bioaccumulation of plastics and their pollutants, it is unclear 

how whole ecosystems may be affected and what the implications are for human health 

(Vethaak and Leslie 2016). With increased use of plastics in today’s society, this will 

continue to be a problem and there remains many knowledge gaps to fill in order to 

accurately assess the risk.  
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Chapter 4: Conclusions 

Nearshore ecosystems are an important habitat for juvenile salmon during a life 

stage that will likely determine their overall survival. An understanding of all factors 

potentially related to increased mortality during this time is essential. We investigated 

two different anthropogenic stressors in nearshore environments including modifications 

associated with intertidal shellfish aquaculture and plastic pollution.  

In chapter 2, I investigated the influence of shellfish aquaculture structures on 

juvenile salmon and determined that juvenile Coho and Chinook diet was relatively 

unaffected by the presence of shellfish aquaculture, whereas prey consumed were 

significantly different between aquaculture and non-aquaculture areas in Chum salmon. 

These results were likely the product of Chum salmon’s higher reliance on the benthic 

environment for foraging and refugia relative to Coho and Chinook. In addition, Chum 

condition was significantly higher at shellfish aquaculture sites compared to non-

aquaculture sites which may be due to higher prey abundance and/or habitat quality at 

aquaculture sites. All salmon species had variable diets and Coho in particular was likely 

a more opportunistic forager. This feeding plasticity may be a beneficial attribute 

(Munsch et al. 2015) as habitats continue to be driven away from their historical 

baselines (Lotze et al. 2006). For example, our study area Baynes Sound has persisted 

through other industries and development including substantial logging, mining, 

hydroelectric dams, agriculture and urban development (Hamilton et al. 2008). Despite 

numerous historical perturbations, Baynes Sound has demonstrated remarkable resilience 

and is currently designated an ecologically and biologically significant area (Jamieson 

and Levesque 2014). Research using similar sampling sites to ours in Baynes Sound 
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found no difference in intertidal fish abundance, diversity and functional diversity 

between aquaculture and non-aquaculture sites (Bourdon 2015). Although juvenile 

salmon were not included in the analysis, this supports the notion that shellfish 

aquaculture in this area is not degrading habitat value for fish species in general. In 

addition, Bourdon (2015) observed that the fish communities were highly functionally 

redundant, suggesting that despite significant shellfish aquaculture, and other historical 

modifications in Baynes Sound, the ecosystem continues to be resilient to disturbances. 

These results are consistent with our study that showed negligible to positive effects of 

shellfish aquaculture on juvenile salmon abundance, condition and diet. However, our 

knowledge of the short and long term repercussions of modifications to these essential 

coastal ecosystems is still lacking and we don’t fully understand the broader ecological 

consequences (Bulleri and Chapman 2010). Future studies would benefit from examining 

juvenile salmon (particularly Coho and Chinook) diet over larger spatial scales (e.g., 

Vancouver Island) rather than small regions (e.g., Baynes Sound) because of their high 

mobility and use of diverse habitats (Dumbauld et al. 2015; Munsch et al. 2015). For 

example, Baynes Sound as a whole could be designated as a “highly altered/modified” 

area to be compared with more pristine/natural regions.  In addition, future work should 

address impacts to other species using these areas and also determine what these changes 

mean for long-term fitness. Overall, this study demonstrated that shellfish aquaculture 

infrastructure may have similar habitat value to less modified habitats and can support 

juvenile salmon. Although, we don’t know if juvenile salmon’s use of these nearshore 

environments has decreased over the timescales in which we’ve seen salmon declines or 

over which aquaculture has increased, currently, juvenile salmon appear to be using 
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shellfish aquaculture as functional nursery habitat during their nearshore residence, 

suggesting that these modifications may not significantly impact early marine survival. 

However, although we did not observe negative repercussions to juvenile salmon in 

Baynes Sound specifically, the expansion and management of this industry should be 

approached with caution until we have a better understanding of cumulative ecosystem 

level effects and consider all different types of stressors.  

In chapter three, we examined the incidence of microplastics in juvenile Chinook 

salmon along the east coast of Vancouver Island and found salmon in this area primarily 

ingest fibrous microplastics in low to average concentrations relative to those observed in 

other coastal regions (Lusher 2015). Microplastics extracted from Chinook and water 

samples were not significantly different across all sites sampled along the east coast of 

Vancouver Island, however, our Deep Bay site contained significantly higher sediment 

microplastic concentrations. High sediment concentrations were likely the product of site 

characteristics. Deep Bay was more sheltered and the sediments were more likely to 

retain microplastics compared to the other sites. In addition, this site was located on a 

shellfish aquaculture lease and near a marina putting it close to several potential 

microplastic sources (e.g., nets, ropes, trays, floats).  

These results suggest that microplastic pollution in this area is not an immediate 

threat to juvenile Chinook salmon however, with continued increase of plastic production 

(PlasticsEurope 2015) and use, it is unlikely this problem will subside. As food fish, 

juvenile salmon are particularly important to monitor because of their connection to 

human consumption and potential health implications (GESAMP 2015; Vethaak and 

Leslie 2016). In addition, salmon play important roles in many food webs and through 



 

 

66 
plastic and contaminant bioaccumulation there is potential for ecosystem level effects 

(Desforges et al. 2015). Because microplastics research is in its infancy, many knowledge 

gaps exist including the identification of sources, transport processes (Solomon and 

Palanisami 2016), and microplastic sample collection and extraction methodologies (Ivar 

do Sul and Costa 2014). Despite these gaps, current research strongly suggests that 

microplastics are an issue for ocean health and sustainability and this should be sufficient 

evidence for policies to be implemented (Rochman et al. 2016). Ultimately, the general 

public must become more informed and this issue needs to be addressed at multiple levels 

(i.e., local, regional and global) in order to produce change (Solomon and Palanisami 

2016).  

This thesis has addressed the importance of nearshore areas to juvenile Pacific 

salmon and a number of anthropogenic stressors they have adapted to and continue to 

face during their early marine residence. In comparison with other anthropogenic 

stressors such as global climate change and complete habitat destruction, as well as the 

prospect of cumulative effects, shellfish aquaculture modifications seem less imminent 

and globally threatening. The outlook for the emerging issue of microplastics, however, 

is continuing to decline as we complete more research, and a great amount of work must 

be completed in the near future to understand and mitigate this escalating threat. Despite 

the multitude of unanswered questions relating to factors contributing to early marine 

mortality of juvenile Pacific salmon, it is evident that nearshore areas provide essential 

habitat during a critical time and must be conserved in ways that ensure juvenile salmon 

can thrive and return in the future.  
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Figure A9: Cumulative prey curves plotted for Coho, Chinook and Chum salmon. The 

cumulative number of prey items identified is on the y-axis while the cumulative number 

of stomach samples analyzed is on the x-axis. 
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Figure A10: Non-metric multidimensional scaling ordination of Coho prey abundance by 

sampling event (A) and all species prey abundance (B). Salmon were captured in 

intertidal areas across three aquaculture sites and three corresponding non-aquaculture 

sites from May – July, 2014 using a beach seine. 


