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Abstract

Coral reefs around the world are threatened by a variety of sources, from localized
impacts, including overfishing and coastal development, to global temperature increases and
ocean acidification. Conserving these marine biodiversity havens requires both global and local
action informed by scientific research. In this thesis, I use data collected from the coral reefs
around Kiritimati atoll (Republic of Kiribati) in the central equatorial Pacific, first to assess the
applicability of two common metrics used in passive underwater acoustic research, and second to
examine the effects of a marine heatwave and local human disturbance on an assemblage of
corallivorous fish. Using acoustic data recorded in 2017 and 2018 on reefs around Kiritimati, |
assess how sound pressure level (SPL) and the acoustic complexity index (ACI) respond to
changes in fish sounds in a low frequency band (160 Hz — 1 kHz) and snapping shrimp snaps in a
high frequency band (1 kHz — 22 kHz). I found that while SPL was positively correlated with
increases in fish sounds and snap density, changes in ACI were dependent upon the settings
chosen for its calculation, with the density of snaps negatively correlated with ACI across all
settings. These findings provide evidence that despite its quick and prolific adoption, acoustic
metrics like ACI should be thoroughly field-tested and standardized before they are applied to
new ecosystems like coral reefs. Next, using underwater visual censuses (UVCs) of reef fish
assemblages, I quantified how two functional groups of corallivores, obligate and facultative,
responded to a mass coral mortality event created by the 2015-2016 EIl Niilo. Declines in
abundance of both groups were largely driven by the response of coral-associated damselfishes,
Plectroglyphidodon johnstonianus in the obligate group and Plectroglyphidodon dickii in the
facultative group, to heat stress and subsequent coral mortality. I also observed a significant

decline in the species richness of obligate corallivores, and a continued decline in the abundance



v
of obligate corallivores three years after the mass coral mortality event. Additionally, facultative
corallivore abundance increased with disturbance, although the effect was modulated by year,
likely due to their more adaptable diets. Corallivore assemblage structure was also influenced by
the heat stress event, recovery, and local human disturbance. These results detail how an entire
corallivorous assemblage is impacted by a coral mortality event and incidentally provide a
timeline for corallivore decline. Together, these results provide information about new ways of
monitoring coral reefs, and the ways in which two components of the reef fish community,

obligate and facultative corallivores, respond to a mass coral mortality event.
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Chapter 1 - Introduction

Coral reefs are among the most diverse ecosystems on the planet, providing important
ecosystem services to human populations worldwide (Woodhead et al., 2019). Despite covering
less than 1% of the ocean floor, coral reefs are home to over 4,000 species of fish and 800 types
of coral (Burke et al., 2011a). Reef building scleractinian corals engineer their environment,
providing the foundation for tropical coral reef ecosystems (Gillis et al., 2014) in addition to
providing refuge for their highly diverse inhabitants (Graham et al., 2008). These structures play
an important role in protecting coastal communities by reducing wave energy by up to 95%,
benefitting an estimated 100 million people around the world (Ferrario et al., 2014), and
reducing annual expected damages by storms by more than $4 billion USD annually (Beck et al.,
2018). Tropical island nations worldwide depend on fishing coral reef ecosystems for a majority
of their dietary protein (Bell et al., 2009; Maryann S. Watson et al., 2016). Additionally, tourism
on coral reefs generates revenues in over 100 countries and territories worldwide and is valued at
$35.8 billion USD annually (Spalding et al., 2017). However, despite the global ecological and
economic role that they play, these essential ecosystems are under increasing threat (Hughes et

al., 2018).

At both global and local scales, coral reef ecosystems are being threatened by human
activity. Globally, anthropogenic carbon emissions are causing the world’s oceans to both warm
and become more acidic (Hoegh-Guldberg et al., 2017), increasing stress on temperature and pH
sensitive scleractinian corals and promoting coral bleaching events that can result in coral
mortality (Hoegh-Guldberg, 2011). As global temperatures continue to rise, it is predicted that
marine heatwaves, including El Nifio events, could double in frequency and continue to increase

in intensity (Cai et al., 2014). El Nifio events are large-scale, natural climatic events that



typically occur every 3-6 years, creating temporary changes in atmospheric circulation and
oceanic conditions which lead to increased sea-surface temperatures (SSTs) in the central and
eastern Pacific, with potentially catastrophic consequences for local fauna (Barber and Chavez,
1983; Reyes-Bonilla et al., 2002). In addition to increasing temperatures, anthropogenic carbon
emissions are absorbed by the world’s oceans, reducing pH and decreasing the calcium carbonate
(CaCO:s) saturation state, commonly referred to as ‘ocean acidification’ (Doney et al., 2009).
These changes to seawater chemistry result in reduced calcification rates and growth for a variety
of invertebrates, including reef-building corals (Hoegh-Guldberg et al., 2017). Locally, coastal
development can increase sedimentation in the water and combine with nutrient pollution to
smother corals and increase macroalgal growth (Dubinsky and Stambler, 1996; Munday, 2004).
When combined with overfishing of the herbivorous fishes that regulate algal biomass and
increased temperatures, these local stressors can increase coral mortality eightfold, decimating
coral ecosystems (Zaneveld et al., 2016). This destruction does not end with corals themselves,

changes in coral cover and structure have lasting effects on inhabitants of coral reefs.

Reef fish communities are diverse and important components of coral reef ecosystems
that are altered by coral reef destruction and overexploitation. These communities depend on
scleractinian corals for both food (Rotjan and Lewis, 2008) and shelter (Darling et al., 2017,
Hixon and Beets, 1993). Coral mortality events, caused by either coral bleaching or outbreaks of
destructive corallivores like Acanthaster planci (Kayal et al., 2012) can result in restructuring of
fish communities (Garpe et al., 2006; Viviani et al., 2019). Subsequent structural loss can then
deplete both reef fish and invertebrate abundance (Nelson et al., 2016; Wilson et al., 2006).
When coral mortality is combined with the depletion of local herbivores the dominance of live

coral can be succeeded by macroalgae, resulting in a benthic phase-shift (McManus and



Polsenberg, 2004). These phase shifts can then lead to drastic reductions in fish abundance and
significantly altered fish communities (Chong-Seng et al., 2012). Additionally, the depletion of
targeted fishes through overfishing can reduce their ecosystem function, resulting in trophic
restructuring (DeMartini et al., 2008). Overexploitation by collectors for the aquarium trade
might also contribute to these reduced ecosystem functions by removing high value species from
coral reefs (Tissot and Hallacher, 2003). Reef fish serve as an integral piece of the coral reef
ecosystem, however, the destruction of their environment combined with overexploitation
through fishing and aquarium collecting is resulting in major changes to their assemblage

structure and functional role on reefs.

Monitoring coral reef fish communities and their functions is required to determine
worthwhile management actions for their conservation. Historically, visual monitoring, typically
referred to as underwater visual censuses (UVC), has provided most of the information used in
quantifying coral reef fish assemblages (Bohnsack and Bannerot, 1986; Hill and Wilkinson,
2004). Visual monitoring provides the distinct advantage of providing first-hand observations of
the ecosystem and has been used to aid in the creation and monitoring of marine protected areas
(MPAs) on coral reefs around the world (Russ and Alcala, 1996; Williams et al., 2015).
Unfortunately, this monitoring is often expensive and time consuming, limiting its utility on a
large scale. Recent growth in the study of underwater acoustics has created new passive tools for
the study and monitoring of coral reefs (Staaterman et al., 2017). New indices introduced by
passive acoustic monitoring (PAM) studies are also being explored to determine their utility in
describing the abundance and diversity of fish in the marine environment (Lindseth and Lobel,
2018). However, acoustic studies, particularly on coral reefs, are rarely connected with direct

observations of the sound-making species, limiting the effectiveness of their application (Tricas



and Boyle, 2014). Despite their limitations, each of these monitoring systems can provide
worthwhile information to inform policy decisions (Daw et al., 2011; Rountree et al., 2006).
Therefore, by establishing a foundation of knowledge concerning multiple monitoring systems,
we can make informed decisions about which systems best suit a variety of conservation

objectives.

1.1 Applying Acoustics to Coral Reefs

New applications in passive acoustics are expanding its usefulness as a tool for
ecosystem monitoring. Since its inception over 80 years ago as a tool for marine fisheries, over
800 species of soniferous fishes have been identified around the world (Rountree et al., 2006). At
the same time, studies have revealed that sound production plays a communicative role in fish
behavior (Lobel, 2013; Lobel et al., 2010). Recently, the scope of underwater acoustics has
broadened to investigate soundscapes produced by entire ecosystems (Lindseth and Lobel,
2018). This shift has allowed for spatial and temporal comparisons between ecosystems (Archer
et al., 2018; Desjonqueres et al., 2015; Wall et al., 2013) and has revealed links between
ecosystem inhabitants and their associated soundscapes (Lillis et al., 2017; Nedelec et al., 2015).
In one of the first soundscape studies conducted on coral reefs, Staaterman et al. (2013)
compared reef soundscapes in Panama and the Caribbean and found that they were distinctly
different, in part due to the presence/ absence and abundance of fish calls. Piercy et al. (2014)
investigated differences in the soundscapes produced by protected and unprotected reefs in the
central Philippines and found that higher coral cover and fish abundance was associated with
louder sounds. A subsequent study by Kaplan et al. (2015), which explored spatial and temporal
variations in sound production on reefs found that the strength of diurnal trends in their low

frequency band (100 — 1000 Hz) was correlated with coral cover and fish density. Building from



these initial studies, which connected the sounds of reef inhabitants with their overall biophony,
new sound metrics are now being tested on coral reefs with the intention of capturing more

specific components of reef health.

Two of the most commonly adopted sound metrics used in contemporary PAM studies
are sound pressure level (SPL) and the acoustic complexity index (ACI) (Lindseth and Lobel,
2018). SPL, which presents the overall energy output of a soundscape in decibels (dB), is
typically used to compare ecosystems and detect temporal patterns in the biophony (Buscaino et
al., 2016; Staaterman et al., 2014). On coral reefs, ACI is the most widely adopted new acoustic
index designed to measure the diversity of sounds on an acoustic recording and use them as a
proxy for biodiversity (Lindseth and Lobel, 2018). To do this ACI calculates the differences in
sound intensity between subsequent time steps, and then calculates the sum of those differences
(Pieretti et al., 2011). Despite its prolific adoption, only two studies have attempted to ground
truth the applicability of ACI to describe the diversity of fish sounds in high energy underwater

environments (Bohnenstiehl et al., 2018; Bolgan et al., 2018).

1.2 Corallivore Communities

Most research concerning changing coral reef fish communities has been conducted using
UVCs to assess and track changes in these ecosystems. As coral reefs continue to change in
response to the combination of both local and global stressors, manual surveys can provide
baselines for comparison over time (Wagner et al., 2015) or across a range of human disturbance
( Sandin et al., 2008). One of the considerable focuses of this research has been to assess how
coral reef fish are shifting in both biomass and community composition in response to global and
local stressors (e.g. Bargahi et al., 2020; Bellwood et al., 2006; Brandl et al., 2016; Wilson et al.,

2006). In tropical Pacific nations, subsistence fishing provides a majority of protein to most



households (Bell et al., 2009; Watson et al., 2016), indicating the need to understand how coral
reef stressors are affecting their associated fish assemblages. Previous research focuses on how
reef fish communities are altered following coral mortality events, particularly in response to
coral mortality caused by El Nifio events (Spalding and Jarvis, 2002; Stuart-Smith et al., 2018),
Crown-of-Thorns (Acanthaster planci) outbreaks (Sano, 2004) or by the direct effects of
increased ocean temperatures (Magel et al., 2020). One consistent result is that corallivores, fish
that eat live corals, decline in response to coral mortality (Cole et al., 2008). This result,

however, only describes changes to the corallivorous functional group at the broadest of scales.

Understanding changes in corallivore populations requires an understanding of the varied
ecological roles that they play on coral reefs. In addition to relying on corals for food,
corallivores also play a regulatory role in coral growth, limiting the abundance and distribution
of preferred species of corals (Cole et al., 2008). As a functional group, corallivores are
responsible for up to 4% of the fish diversity in the Eastern Pacific ( Kulbicki et al., 2005) and
there are 128 species of corallivorous fishes from 11 families around the world (Cole et al.,
2008). Corallivores are typically split into two further functional groups to better describe their
reliance on corals for food and/or shelter (Rotjan and Lewis, 2008). Obligate species, fish that
rely on corals as food to survive, make up roughly 1/3 of all corallivore species and are directly
affected by changes in live coral cover (Graham et al., 2009) while facultative species, which
include corals as only one part of their diverse diets (Nagelkerken et al., 2009), have been linked
to changes in coral structure rather than live coral cover (Garpe et al., 2006; Graham et al.,
2009). Roughly half of all corallivore species belong to butterflyfish (Chaetodontidae) (Rotjan

and Lewis, 2008) and studies into corallivore behavior and ecology often reflect this, selecting



only Chaetodontid species for study (Berumen and Pratchett, 2008; Crosby and Reese, 2005;

Emslie et al., 2011; Graham et al., 2009; Pratchett et al., 2014).

Investigating how an entire corallivore assemblage is altered by an intense coral mortality
event can reveal novel consequences for corallivore species composition and diversity. Previous
work by Emslie et al. (2011) revealed that on the Great Barrier Reef, specialization in
butterflyfishes plays a key role in determining their resilience to both physical and biological
disturbances, as specialized species exhibited larger and more consistent declines when
compared to facultative and generalist feeders. Pratchett et al. (2006) found that three species of
obligate corallivores (Chaetodon trifascialis, C. plebeius, and C. rainfordi) disappeared entirely
following a major coral mortality event. The loss of these specialized feeders can decrease
biodiversity on coral reefs, particularly if coral mortality events precede algal phase shifts
(Chong-Seng et al., 2012). Corallivore communities are the first to respond to coral mortality and
the most impacted by changes in live coral cover, demonstrating that they will be the first major
functional group severely altered by increased coral mortality. With El Nifio events expected to
increase in both frequency and intensity in the near future (Cai et al., 2014), understanding how
an entire corallivore assemblage responds to coral mortality will be increasingly important to

their conservation in the worlds oceans.

1.3 Thesis research

This thesis attempts to enhance our understanding of how two key monitoring systems
used on tropical coral reef ecosystem can improve our understanding of coral reef ecology at
different scales and using distinctly different information. Specifically, my collaborators and I
examine the ability of 1) common metrics used in PAM to respond to changes in biogenic sound

production on a coral reef, and 2) in-person surveys to describe changing corallivore



communities on a coral reef in response to the interacting effects of a severe marine heatwave
and local human disturbance. We use data collected from reefs around Kiritimati (Republic of
Kiribati), a coral atoll in the central equatorial Pacific Ocean. During both 2015 and 2016,
Kiritimati was at the center of an intense El Niflo, resulting in a mass coral bleaching event on
the surrounding reefs (Claar et al., 2020; Magel et al., 2020), with direct and lagged effects to the
associated fish assemblages (Magel et al., 2020). Given the highly energetic soundscapes
presented by coral reefs, I predicted that ACI would not reflect changes in the coral reef
soundscape while SPL would correlate with changes in biogenic sounds. Concerning
corallivores, I predicted that obligate communities would be more negatively affected by coral
mortality than facultative species around Kiritimati but the effect on the entire corallivore

assemblage would be influenced by the intensity of local human disturbance.

In Chapter 2, I investigated the potential for two commonly used acoustic metrics, ACI
and SPL, to accurately respond to biological sounds on coral reefs. Using acoustic recordings
from the coral reefs surrounding Kiritimati, I examined how responsive ACI and SPL were to
changes in the number fish sounds in a low frequency band (160 Hz — 1 kHz) and the number of
snapping shrimp snaps in a high frequency band (1 kHz — 22 kHz). This study provides evidence
that ACI has limited applicability on highly energetic environments like coral reef ecosystems. I
show that nearby fish sounds were partially responsible for changes in low frequency SPL in the
morning, during crepuscular chorusing activity, but not at other times of day. Snapping shrimp
snaps, however, were responsible for large changes in high frequency SPL. ACI results were
dependent upon the frequency band chosen for their calculation, and the 31.2 Hz frequency
resolution models were chosen as the best models in both frequency bands. These results

contribute to a growing body of evidence against the use of ACI in its current form on highly



energetic underwater ecosystems like coral reefs and highlight the importance of extensive field

testing and standardization of new acoustic metrics prior to their adoption and proliferation.

In Chapter 3, I examine variability in the communities of obligate and facultative
corallivorous reef fishes over the course of a decade on the world’s largest atoll to determine the
lasting and lagged effects of a coral mortality event. Using underwater reef fish surveys
conducted between 2011 and 2019, I assess how the corallivore assemblage has changed in
response to the 2015-2016 El Nifio across the atoll’s gradient of local human disturbance. I show
that trends in both obligate and facultative corallivore abundance in response to the heat stress
and coral morality are influenced by changes in the abundance of dominant coral-associated
damselfishes within each functional group. I also show that obligate corallivore abundance and
species richness are severely impacted by a coral mortality event, although the effects are lagged
and can take years to manifest. In contrast, facultative corallivore abundance was largely
unaffected by the coral mortality and was positively associated with local human disturbance.
These results highlight the impact of coral mortality on coral-associated species and detail how
these effects impact and alter an entire corallivore assemblage across a gradient of human
disturbance.

In sum, the results of this thesis enhance our understanding of the applicability of ACI on
coral reefs and investigate the effect of a major coral mortality event on an entire corallivore
assemblage. As global climate change, increased coastal development, and overexploitation
continue to threaten coral reefs around the world, the application of low-cost monitoring
solutions like PAM will become increasingly necessary for world-wide conservation. However,
when specific answers are needed, like which factors are driving the changes to reef fish

communities, UVCs provide quantitative information at the species level. Our findings here
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provide an important warning about the adoption of new metrics without proper field-testing and
add to the limited body of coral reef literature about how corallivore communities are altered by

coral mortality and human disturbances.
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2.1 Abstract

Monitoring coral reefs is vital to the conservation of these at-risk ecosystems. While most
current monitoring methods are costly and time-intensive, passive acoustic monitoring (PAM)
could provide a cost-effective, large scale reef monitoring tool. However, for PAM to be reliable,
the results must be field tested to ensure that the acoustic methods used accurately represent the
certain ecological components of the reef being studied. For example, recent acoustic studies
have attempted to describe the diversity of coral reef fish using the Acoustic Complexity Index
(ACI) but despite inconsistent results on coral reefs, ACI is still being applied to these
ecosystems. Here, we investigated the potential for ACI and sound pressure level (SPL — another
common metric used), to accurately respond to biological sounds on coral reefs when calculated
using three different frequency resolutions (31.2 Hz, 15.6 Hz, and 4 Hz). Acoustic recordings
were made over two to three-week periods in 2017 and 2018 at sites around Kiritimati
(Christmas Island), in the central equatorial Pacific. We hypothesized that SPL would be
positively correlated with the number of nearby fish sounds in the low frequency band and with
snapping shrimp snaps in the high frequency band, but that ACI would rely on its settings,
specifically its frequency resolution, to describe sounds in both frequency bands. We found that
nearby fish sounds were partially responsible for changes in low frequency SPL in the morning,
during crepuscular chorusing activity, but not at other times of day. Snapping shrimp snaps,
however, were responsible for large changes in high frequency SPL. ACI results were reliant on
the frequency band chosen, with the 31.2 Hz frequency resolution models being chosen as the
best models. In the low frequency band, the effect of fish knocks was positive and significant
only in the 31.2 Hz and 15.6 Hz models while in the high frequency band snapping shrimp snaps

were negatively associated with ACI in all frequency resolutions. These results contribute to a
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growing body of evidence against the continued use of ACI without standardization on highly
energetic underwater ecosystems like coral reefs and highlight the importance of extensive field

testing of new acoustic metrics prior to their adoption and proliferation.

2.2 Introduction

Coral reefs are among the most diverse ecosystems on the planet, providing important
ecosystem services to human populations worldwide (Bell et al., 2009; Moberg and Folke,
1999). However, these essential ecosystems are threatened (Hughes et al., 2018) and of
increasing conservation concern globally (Bellwood et al., 2019). At the global scale,
anthropogenic carbon emissions are causing the world’s oceans to warm and become more
acidic, negatively impacting coral growth and survival (Hughes et al., 2017; Prada et al., 2017).
Locally, stressors including pollution, coastal development, sedimentation and noise pollution
exacerbate the stress on these systems (Cox et al., 2018; Magel et al., 2019; Slabbekoorn et al.,
2010). Monitoring these ecosystems and their functions is vital to determine the management
techniques that will be advantageous to their conservation. Historically, visual monitoring of
coral reefs has provided most of the information used in determining coral reef health (Hill and
Wilkinson, 2004), however, this monitoring is often expensive and time consuming, limiting its
utility on a large scale. However, recent growth in the study of underwater acoustics has created

new passive tools for the study and monitoring of these ecosystems (Staaterman et al., 2017).

For more than 80 years passive acoustics have been used both to describe fish vocal
behaviour and as a tool in marine fisheries (Rountree et al., 2006). In one of the initial reviews of
fish acoustics, Fish et al. (1952) detailed 26 species of North Atlantic sound-producing fish.

Since then, over 800 species of soniferous (sound producing) fishes have been identified
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worldwide and behavioural studies have revealed the communicative role of sound production in
fishes (Lobel, 2013; Rountree et al., 2006; Tricas and Boyle, 2014). Recently, the underwater
acoustics field has shifted toward the study of spatial and temporal differences in sound
production at the ecosystem level (Farina and James, 2016; Piercy et al., 2014; Wall et al., 2013),
enabling comparisons between ecosystems and correlations linking ecosystem health to sound

production.

On coral reefs, this shift to the ecosystem level has revealed links between coral reef
acoustic communities and their associated soundscapes. In one of the first ecosystem-wide
acoustic studies of coral reefs, Piercy et al. (2014) found that reefs with high coral cover and fish
abundance produced louder sounds when compared with unprotected and overfished sites.
Nedelec et al. (2015) found diel patterns in sound production and positive correlations between
adult fish density, live coral cover, coral type and the acoustic output of the reef, suggesting that
the acoustic output was determined by a variety of organisms on the reef. Along with these
studies connecting reef inhabitants to the reef biophony (biological contributors to underwater
soundscapes), new sound metrics suggest that acoustic approaches could be used to quantify
specific components of reef health, rather than simply describing the overall sound output of an

ecosystem (the soundscape).

Two of the most commonly applied sound metrics in contemporary fish acoustic studies
are sound pressure level (SPL) and the acoustic complexity index (ACI) (Elise et al., 2019;
Lindseth and Lobel, 2018). SPL is quantified by calculating the root mean square of the pressure
level recorded (Lindseth and Lobel, 2018; Slabbekoorn et al., 2010) and represents the overall
volume of a soundscape in decibels (dB). This makes it useful in comparing differences within

and across ecosystems, and in identifying temporal patterns in the biophony (Archer et al., 2018;
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McWilliam and Hawkins, 2013; Staaterman et al., 2014). Recently, several other acoustic
metrics have been applied to coral reefs, with the intention of describing the diversity of sounds
on a reef and using them as a proxy for biological diversity (McPherson et al., 2016; Sueur et al.,
2014). The most popular of these is ACI, which describes acoustic complexity by comparing
sound intensity at subsequent time steps by calculating and summing their differences. ACI was
originally developed to study terrestrial avian communities (Pieretti et al., 2011) before being
applied to underwater systems and proliferating in marine soundscape studies (e.g. Bertucci et
al., 2016; Elise et al., 2019; Gordon et al., 2019; Kaplan et al., 2015; McWilliam and Hawkins,

2013; Staaterman et al., 2017, 2014).

Despite its frequent use in ecosystem experiments on coral reefs, only two studies have
attempted to validate the ability of ACI to describe fish sounds. Bolgan et al. (2018) found that
ACI was not able to distinguish between changes in sound abundance and call diversity and that
ACI was dependent upon the settings used for its calculation, including temporal and frequency
resolution. Bohnenstiehl et al. (2018) found that the diversity of fish calls in the marine
environment was not necessarily responsible for assumed corresponding changes in ACI. Prior to
these two validation studies, the use of ACI produced inconsistent results. Kaplan et al. (2015),
found that ACI did not correlate with fish species composition at any of their sites on coral reefs,
while Bertucci et al. (2016) found that low frequency ACI values were strongly correlated with
fish diversity. Recent studies such as Lyon et al. (2019), however, found no correlation between
ACI and fish diversity, evenness, or density. Discrepancies in results among these studies might
be due to different frequency resolutions used, as there are no standards for ACI calculation
(Bohnenstiehl et al., 2018). Despite these inconsistent results and repeated evidence highlighting

ACT’s inability to describe highly energetic soundscapes (Bertucci et al., 2016; Bohnenstiehl et



16

al., 2018; Bolgan et al., 2018; Kaplan et al., 2015), new studies continue to use it (e.g. Elise et

al., 2019; Lyon et al., 2019).

We had three objectives in this study. First, we tested if SPL and ACI reliably respond to
changes in the number of biological sounds on coral reefs. To do this, we counted fish
vocalizations and snapping shrimp snaps in acoustic recordings made at five sites over two years
on the world’s largest coral atoll (Kiritimati (Christmas Island); central equatorial Pacific Ocean)
and examined their relationship with SPL and ACI in low (160 Hz — 1 kHz) and high frequency
bands (1 kHz — 22 kHz). We hypothesized that the number of fish calls would correlate with low
frequency SPL and the number of snaps would correlate with high frequency SPL, because of the
ability of reef inhabitants to influence SPL combined with SPL’s capacity to encompass all
sounds produced. In contrast, we hypothesized that neither fish calls nor snaps would be related
to ACI because the high energy environment of a coral reef would overwhelm the ability of ACI
to detect differences between sound production events. Second, we examined if the frequency
resolution used to calculate ACI influenced its relationship to coral reef sounds in our study
system and determined the best frequency resolution. Finally, we described the temporal patterns

of the snapping shrimp and fish communities around Kiritimati over our entire deployments.

2.3 Methods

2.3.1 Study Site and Design

We deployed individual SoundTrap acoustic recorders (model: ST300 STD; Ocean
Instruments, Auckland, New Zealand) at five sites on the forereef (10-12 m depth) of Kiritimati

(Republic of Kiribati) in July 2017 and June 2018 (Figure 1). Acoustic recorders were secured
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roughly 1 meter above the reef by fastening them to stainless steel stakes that had been installed
previously to denote site locations for our long-term monitoring program on this coral atoll.
Underwater visual censuses (UVCs) of reef fishes conducted at our deployment sites reveal a
highly diverse fish community (Magel et al., 2020) that contains several of the sound producing
species identified by Tricas & Boyle (2014), including the acoustically active damselfish
identified by Lobel et al. (2010). Acoustic recorders were set at a 96 kHz sample rate with the
‘high gain’ setting selected, and 5-minute duty cycles were recorded every 10 minutes in 2017
and every 15 minutes in 2018. The difference in duty cycle between years was not related to the
goals of this study. Access to each site resulted in different deployment and recovery schedules,
but we analyzed only the overlapping days within each year when all recorders were active at the
same time (July 11-25, 2017; June 18-27, 2018) to maximize comparability between sites.
Located in the central equatorial Pacific Ocean (01°52’N 157°24°W), Kiritimati is the
world’s largest atoll by land mass. The atoll supports a population of approximately 6500 people
(Beretitenti, 2012), the vast majority of which are highly dependent on reef resources for
subsistence and income (Burke et al., 2011; Watson et al., 2016). Kiritimati’s reefs experienced
prolonged heat stress during the 2015-2016 El Nifio event, resulting in the loss of approximately
90% of the atoll’s live coral cover (J.K. Baum, unpublished data). Although at the time of this
study, sites had less than 5% coral cover (J.K. Baum, unpublished data), reef fish abundances
were similar to what they had been prior to the event (Magel et al., 2020). Using fishing pressure
data from Watson et al. (2016) we replicated the methods described in Magel et al. (2020)
combining the intensity of fishing pressure with the number of people living within a 2 km radius

at each of our sites to serve as quantitative measure of local disturbance for our five sites.
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2.3.2 Sound Analyses

Acoustic recordings were processed in MATLAB (version 2017a, Mathworks, Natick,
Massachusetts, USA) to calculate root mean squared SPL. Both SPL and ACI were calculated in
two frequency bands to determine the effects of distinct sound producers: 1) the high frequency
band incorporated frequencies between 1 kHz and 22 kHz to separate the band with snapping
shrimp snaps (Lillis et al., 2017); 2) the low frequency band included frequencies between 160
Hz and 1 kHz to represent the bandwidth of fish sounds. Most of the energy in herbivorous
sounds, marked by a unique crunching sound in our samples, was below of the 1 kHz cut-off,
however, some herbivorous sounds can extend beyond 1 kHz although they typically overlap the
same range as fish sounds (Tricas and Boyle, 2014). The maximum frequency of 22 kHz was
chosen to encompass the broad frequency range of snapping shrimp snaps and to resemble
frequency ranges chosen by similar studies (Lillis et al., 2017), while the minimum frequency of
160 Hz was chosen to match the bandwidths used in Slabbekoorn et al. (2018) for sounds made
by fish. Within each frequency band, SPL and ACI were calculated for each five-minute file,
resulting in a single value for each file, and providing a time-series for the entire deployment

from each year of data.

2.3.3 ACI Calculations

Each individual recording (across all sites and seasons) was processed in MATLAB using
specifically written code for this study, whereby the variation in acoustic energy within each
recording was calculated. We first produced spectrograms for the selected bandwidths (generated
using Hanning windows of various sizes equating to 4 Hz (FFT = 24,000, At =0.25 s), 15.6 Hz

(FFT = 6,156, At =0.06 s), and 31.2 Hz (FFT = 3,078, At = 0.03 s), with no overlap and no time
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averaging) before applying the ACI algorithm from Pieretti et al. (2011) with a 0.5 s temporal
step. We then follow the steps outlined by Pieretti et al. (2011), the first of which calculates the
absolute differences (d; ) between two adjacent sound pressures (intensities) in a single

frequency bin within a matrix of intensities created from the PSD spectrogram:

di = |k — Igern|
where [} and (1) are the two adjacent intensities. The algorithm then sums all the dj

values within that particular temporal step of the recording (j, and defined by the temporal

resolution of the PSD spectrogram):

n
D = de
k=1

where D is the sum of all dj contained in j. The result is then divided by the total sum of

the intensity values contained in j:

ACI =

k=11k
where ACl is for a single temporal step (j) and frequency bin (Af;). ACI was calculated for

every temporal step within a single recording and for every individual frequency bin. The total

ACI for each single frequency bin (ACI5,)) was then calculated by

m
j=1
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where m = the number of temporal steps (j) in the entire recording. Finally, the broadband

ACI (across all frequencies up to 24 kHz) was calculated by

q
ACItOt = z ACI(Afl)
=1

where ACI;,; i1s the ACI value for the entire recording (Pieretti et al., 2011). Finally, the
ACl;,; for each bandwidth (high frequency (1 — 22 kHz) and low frequency (160 Hz — 1 kHz))

was calculated.

2.3.4 Fish Sound Analysis

To test the relationships between each of our acoustic indicators (SPL and ACI) and fish
sounds, we quantified three distinct types of fish sounds on a subset of our overall dataset. The
amount of effort required for this manual bioacoustics analysis was quite large, therefore we
subsampled the data. We subset each deployment to include five days from each of the five sites
in both 2017 and 2018, with the proviso that days could only be included if no divers were in the
water at any of the recording sites. This was to eliminate sounds made by divers and any
influence that they caused on the reef fish community. We then subset each of the days (10 days
x 5 sites) into four quarters (03:00, 09:00, 15:00, 21:00) and visually analyzed the first 5-minute
file in each quarter. These times were chosen based on our initial exploratory analysis of daily
patterns in SPL, which showed a peak at 09:00 at all sites and variations in sound levels at the
other 3 sampled times.

Each of the 200 files included in this analysis were visually inspected by a single analyst
using Raven Pro software (Version 1.5, Cornell Lab of Ornithology, Ithaca, New York, USA),

with the window size set to 7000 samples, the frequency range set to 0 — 3000 Hz, and the time
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range of the view window set at 10 seconds. To ensure that only fish calls or herbivory sounds
were counted, and all sounds were quantified consistently, each file was listened to by only one
analyst and, in any cases of uncertainty, a second underwater acoustic expert was consulted.
Within each visually inspected file, we recorded and summed the number of fish knocks (Figure
2C), fish long calls (Figure 2A), and herbivorous feeding sounds (Figure 2B). Fish knocks were
determined to be of a short duration (<200 ms) and within the 160 — 1200 Hz frequency range
(Figure 2C). Long calls, which were within the same frequency range as fish knocks, were
identified by a longer duration (>200 ms; Figure 2C) and encompassed a variety of different call
types including ‘grunts’, ‘buzzes’, ‘chirps’, ‘purrs’, and ‘trumpeting’ (Lobel et al., 2010).
Herbivorous feeding sounds were identified through a combination of listening and visually
inspecting each file to ensure that consistent sounds were counted. The energy in herbivorous
sounds was typically between a 160 - 1000 Hz frequency range, although exceptions stretched
beyond 1 kHz, and these long duration sounds (~250 ms) made a distinctive crunching sound
(Figure 2B). If boat noise was observed in a file, then we removed the file from the overall
sample, leading to the removal of 9 files (n = 191). Each file was also analyzed to ensure that
weather, waves, and wind were not interfering with sound identification, however none of our
samples revealed any obvious interference from these factors.

To investigate if there were changes in the sound intensity of individual sounds between
our 4 sampled times, we also examined the characteristics of individual fish knocks from a small
subset of files. Knocks were selected as they were a consistent call type present in all files. 20
acoustic files were selected, split between 2017 and 2018 and across all four of our sampling
times (03:00, 09:00, 15:00, 21:00). Within each file we selected the first 10 individual knocks

with a good signal-to-noise ratio using Raven Pro. We used the selection table tool in Raven Pro
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to collect different metrics on the individual knocks that were selected, including minimum and
maximum frequency and time, peak frequency, and in-band power. We used in-band power as a
metric of the uncalibrated received level of each call and converted these values to a calibrated
received level by correcting for the end-to-end sensitivity of the individual recorder.

2.3.5 Snapping Shrimp Snap Analysis

Next, to test the relationships between each of our acoustic metrics and snapping shrimp
sounds, we estimated the number of snaps in each 5-minute file from our overall dataset using a
band limited energy detector on spectrograms in Raven Pro (version 1.5) with window size set to
7000 samples. The settings for the band limited energy detector were set to minimum frequency
= 1.5 kHz, maximum frequency = 4.5 kHz, minimum duration = 0.036 s, maximum duration =
0.109 s, minimum separation = 0.036 s, minimum occupancy = 70%, signal-to-noise ratio
threshold = 2 dB, block size = 10 s, and hop size = 5 s. We visually inspected a small subset of
the detector results and determined that the detector was actually detecting snapping shrimp
snaps rather than other extraneous sounds. We used our entire dataset for this analysis, resulting
in a large sample size (n = 15,987).

2.3.6 Statistical Analysis

All statistical analyses were conducted using R version 3.6.1 (R Core Team 2019). Data
and the code for figures and data analyses are available through GitHub at [repository to be made
public upon manuscript acceptance].

To validate the responsiveness of SPL and ACI to the number of biogenic sounds
recorded we fit linear mixed models (R package: /me4) for each of these two response variables,
in both the low and high frequency bands. Our ‘low frequency band’ models included numbers

of knocks, long calls, and herbivorous sounds as fixed effects (with each standardized to a mean
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of zero), and with lunar phase (continuous), fishing pressure (continuous), time of day (03:00,
09:00, 15:00, 21:00) and year (categorical) as fixed effects to assess changes in sound production
responsible for the diurnal patterns observed in SPL (Figure 2C) and between our two sampling
years. Due to boat noise, nine observations were removed from the low frequency dataset (n =
191). Our ‘high frequency band’ models included number of snapping shrimp snaps
(continuous), day/night (categorical), year (categorical), lunar phase (continuous), and fishing
pressure (continuous) as fixed effects, as well as the interaction between the snaps and day/night,
to allow for the relationship between snaps and SPL to vary between night and day. Day/night
was based on approximate times of sunrise and sunset near the equator (6:00 — 18:00). Due to
irregular snap counts (< 200), three observations were removed from the high frequency dataset
(n=15,987). Prior to our analyses, all continuous parameters were standardized to a mean of
zero and a standard deviation of 0.5 using the rescale function in the arm package (Gelman et al.,
2020). For SPL models,, we ran models with all combinations of covariates described above and
compared using small-sample corrected Akaike Information Criterion (AICc) to select the final
model. To determine the best-fit models for ACI we first created models with all combinations of
covariates described above for three different frequency resolutions. For ACI models, we first
selected for the best model within each frequency resolution using AIC.. We then compared the
best ACI models from each frequency resolution using AIC. to determine which frequency
resolution best described variations in fish calls or snapping shrimp snaps.

Finally, we examined variation in the received levels of individual knocks through time
based on the subset of knocks where we measured received levels (dB). We used a linear model

in R (package: Stats; function: Im) with received level (dB) as the dependent variable and hour as
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a categorical independent variable. We tested all assumptions of this model (normality,

homoscedasticity of variance), and it met all assumptions.

2.4 Results
2.4.1 Sound Pressure Level

Low frequency SPL was significantly influenced by knocks (Figure 2C), herbivory, time
of day, year, and the interaction between knocks and time of day. The effect of knocks differed
between the four hours sampled (Figure 3). Knocks had a significantly positive effect on low
frequency at 09:00 (parameter estimate = 7.3, S.E. = 1.231, t197 = 5.93, p <0.0001), but the
interaction was not significant at the other sampled periods (03:00, 15:00, 21:00; Table 1).
Herbivory also had a significant positive effect on low frequency SPL (parameter estimate =
1.28, S.E. =0.395, ti97=3.23, p = 0.002). Year was the only other significant factor and 2018
had significantly higher SPL than 2017 (parameter estimate = 3.53, S.E. = 0.348, ti97 = 10.15, p
<0.0001). Lunar phase and fishing pressure were also included in the model although neither
was significant (Table 1). This model explained 53.38% of variation in low frequency SPL. The
only other model that fell within AAIC < 2 was identical to the selected model except that it also
included long calls, although they were non-significant (Table 1). Comparisons between knocks
at each of the four sampling periods revealed that individual knocks had significantly higher
received levels at 09:00 compared to knocks during the other three times examined (Supp. Figure
1; difference between 09:00 and 03:00 = 7.7 dB, S.E. = 0.9, ti97 = 8.1, p < 0.0001; no significant

difference between 03:00 and both 15:00 and 21:00, p > 0.40; model R’ = 0.33; Supp. Table 7).

High frequency SPL was significantly influenced by snaps (Figure 2D), day/night, and

their interaction, as well as lunar phase, year, and fishing pressure (Supp. Table 1). Snaps had a
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small but positive effect during the day (parameter estimate = 0.872, S.E. = 0.034, ti5980 =
14.696, p < 0.001), and roughly twice the effect size at night compared to during the day
(parameter estimate = 0.974, S.E. = 0.092, tis980 = 10.65, p < 0.001). Each of our abiotic
parameters were also significant. Lunar phase had a positive effect (parameter estimate = 0.212,
S.E. =0.045, tiss0 =4.767, p < 0.001), 2018 had significantly higher SPL than 2017 (parameter
estimate = 3.396, S.E. = 0.045, tis980= 74.472, p <0.001), and fishing pressure had a significant
positive effect on high frequency SPL (parameter estimate = 1.004, S.E. = 0.0450, ti5800 =
22.314, p <0.001). Overall, this model explained 37.14 % of variation in high frequency SPL

(Supp. Table 1).

2.4.2 Acoustic Complexity Index

For low frequency ACI, the best model according to AIC. had a frequency resolution of
31.2 Hz and suggested that ACI was influenced by knocks, hour, herbivory, fishing pressure, and
an interaction between knocks and hour. The effect of knocks was, however, different between
the four times of day sampled (Table 2). The interaction was significant and positive at 09:00
(parameter estimate = 1.196, S.E. = 0.354, t179= 2.347, p = 0.020) and 21:00 (parameter estimate
=1.331, S.E. = 0.358, ti7o0= 2.701, p = 0.008) but there was no significant difference between
03:00 and 15:00 (Table 2). Additionally, both herbivorous sounds (parameter estimate = 0.330,
S.E.=0.114, ti790 = 2.905, p = 0.004) and fishing pressure (parameter estimate = 0.593, S.E. =
0.112, ti79 = 5.280, p < 0.001) had a positive effect on low frequency ACI. This model explained

50.7% of the variation in low frequency ACL

Both the 15.6 Hz and the 4 Hz frequency resolution models contained the same
covariates as the selected 31.2 Hz model (Table 2) but had a diminished effect size of the

interaction between knocks and time of day, and the main effect for knocks was no longer
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significant in either model. The 15.6 Hz model explained 41.8% of the variation in low
frequency ACI. Within this model, the interaction between knocks and hour was significant at
09:00 (parameter estimate = 1.493, S.E. = 0.581, ti70=2.570, p = 0.011), while herbivorous
sounds and fishing pressure were both still significant (Supp. Table 2). The 4 Hz model
explained only 40.6% in low frequency ACI and the interaction between knocks and hour was no

longer significant at any time of day (Supp. Table 3).

In the high frequency band, the best model selected by AIC. also had a frequency
resolution of 31.2 Hz and was significantly influenced by snaps, day/night, and their interaction,
as well as year and fishing pressure. Snaps had a statistically significant negative effect on ACI
during the day (parameter estimate = -6.829, S.E. = 0.243, ti5584= -28.187, p < 0.001) and a
smaller but still negative effect on ACI at night (parameter estimate = -5.904, S.E. = 0.374,
tisssa= 2.47, p = 0.132). Year had a positive effect on ACI (parameter estimate = 12.78, S.E. =
0.187, t15584= 68.495, p < 0.001), while fishing pressure had a negative effect (parameter estimate
=-8.70, S.E. = 0.185, ti5584 = -47.073, p < 0.001). Lunar phase was near-significant and had a
small positive effect on ACI as well (Supp. Table 4). The selected model explained 37.03% of
the variation in high frequency ACI. Of the high frequency ACI models, the selected models in
all three frequency resolutions contained the same covariates (Supp. Table 4). The 15.6 Hz
model explained 33.49% and the 4 Hz model explained 28.46%. While the effect sizes changed
within each model, there were no differences in the significance or positivity/negativity of the

covariates (Supp. Table 5, 6).

2.4.3 Diel Patterns

Diel patterns were present in both the low and high frequency SPL bands (Figure 4A, C).

Low frequency SPL exhibited clear peaks in sound production at 09:00 and 22:00, and slightly
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higher levels of SPL produced at night compared to the day (Figure 4C). High frequency SPL
maintained a higher SPL at night compared to the day (Figure 4A. The peaks in low frequency
SPL also occurred around the times that high frequency SPL either increased (22:00) or
decreased (09:00) (Figure 4A, C). Diel patterns in ACI, however, were only observed in the high
frequency band (Figure 4B), where it appeared that ACI values were higher from 09:00 to 22:00,

and slightly higher during the day compared to at night.

2.5 Discussion

Passive acoustic monitoring is potentially a useful tool for monitoring the health of coral
reef ecosystems, however, its application must be based on field-tested evidence. The application
and proliferation of new acoustic metrics to a variety of new ecosystems is common (Lindseth
and Lobel, 2018), however, unless these new metrics are tested under a variety of conditions and
in a variety of ecosystems, their results may reflect localized patterns rather than broadly
applicable trends (Bolgan et al., 2018). Here, we tested two popular sound metrics to assess their
applicability to coral reefs. Our SPL analyses partially supported our hypotheses that this metric
would be representative of biogenic sounds on the coral reef: low frequency SPL responded to
fish sounds, albeit only at certain times of day, and high frequency SPL was clearly driven by
snapping shrimp snaps. As expected, ACI proved to be a less reliable metric. In the low
frequency, the ability of each model to describe ACI was dependent upon the frequency
resolution chosen for ACI calculation, while in the high frequency band it was negatively
associated with the number of snaps. We speculate that the discrepancies between our SPL
hypotheses and findings might be explained by the complex acoustic communities of coral reefs,

whereas the differences between our ACI hypotheses and findings may be due to the reliance of
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ACI on its calculation settings and its inability to separate independent calling events on high-

energy systems like coral reefs.

2.5.2 Sound Pressure Level

In the low frequencies (160 — 1000 Hz), fish knocks were partially responsible for the
peak in SPL at 09:00 (Figure 2C), with a positive relationship between the number of knocks and
SPL at this time, but not at other times of day (Table 1). This peak in SPL appears to be evidence
of chorusing behaviour of fishes (i.e. aggregations of fish vocalizing together) in Kiritimati.
Although the number of knocks that we were able to count did not differ greatly between 09:00
and other times, the knocks that were recorded at 09:00 had a higher received level than knocks
at other times (Supp. Figure 1), suggesting that fish were closer to the acoustic recorder when
knocking, or that fish increased the source level of their knocks at 09:00. If more fish were
making this knocking vocalization at 09:00, overlap and amplitude loss due to distance from the
hydrophone might mask distant knocks so that they are lost in elevated background noise,
compared to other times of day, when we were able to count more distant knocks with lower
received levels because there were fewer knocks (i.e. less overlapping signals) and less
background noise in the same frequency band (Figure 3). The phenomenon of fish increasing
their sound intensity has been noted in both freshwater and marine species and can be a masking
release strategy to overcome higher levels of background noise (Holt and Johnston, 2014;

Luczkovich et al., 2016).

Fish choruses can be associated with reproduction and spawning events, and their timing
and frequency range might be associated with avoiding overlap in the biophony (Lobel, 2013;
McCauley and Cato, 2000). On coral reefs, several experiments have identified chorusing

behaviour as a primary driver of low frequency SPL (Radford et al., 2014; Steinberg et al.,
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1965). McCauley and Cato (2000) on the Great Barrier Reef found that fish choruses raised
ambient sound levels by 35 dB, representative of the impressive sound output fish can make
together. The consistent increase in average SPL from 08:30 to 10:00 and 21:30 to 22:30 also
suggest that chorusing activity is powerful enough to drive changes in SPL while non-chorusing
behaviour is not. Here we define “non-chorusing behaviour” as periods when fish calls were
present, but not in high enough intensity or quantity to create changes in SPL, which we
observed at three of our four sampled times of day (03:00, 15:00, 21:00). However, to truly
assess the influence of knocks and other fish calls on SPL at different times of day would require
a more detailed analysis of received levels for each individual call, an extremely labour-intensive
task considering the manual methodology we used, therefore we recommend an automated

process for examining this relationship in the future.

In addition to knocks, herbivorous sounds also significantly affected low frequency SPL
(Table 1). Although herbivorous sounds were infrequent in our dataset, they did contribute
substantial acoustic energy to the soundscape when present (Figure 2B). Tricas and Boyle (2014)
found that parrotfish feeding sounds in Hawai‘i overlap with social fish vocalizations but occupy
a much larger frequency range, which varies by species. In temperate reefs, the sounds of feeding
sea urchins fill a similar frequency band and can contribute to choruses at dawn and dusk (C.
Radford et al., 2008). Herbivorous sounds in our recordings typically fit within our low
frequency band (160 Hz — 1000 Hz). Long calls, which consisted of grunts, buzzes, chirps, purrs,
and trumpet calls were not significant in any of our top models (Table 1). It is interesting that
long calls were not a significant component of low frequency SPL as they have been previously

associated with chorusing activity on coral reefs (McCauley and Cato, 2000). However, their
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minimal input might be due to a low number of nearby long calls or high levels of different

nearby sounds masking them.

Year was the only significant abiotic factor that we included in our low frequency model.
SPL was roughly 3.5 dB higher in 2018 than 2017. Since weather conditions were similar
between the two sampling years, this difference might be due to recordings taking place at
different times of year; while both recordings were conducted in the summer, we sampled in
June of 2017 and in July of 2018. These different months might be associated with differences in
sound production related to reproductive events in fishes (Lobel et al., 2010). We also included
lunar phase and fishing pressure, neither of which were significant, however these results might
be due to our low sample size (n = 197). Conflicting results from Staaterman et al. (2014) found
that lunar phase was significantly associated with changes in low frequency sound production at
reefs in both Florida and Hawai‘i, although using a sample size of over a year. Additionally,
Piercy et al. (2014) found that reefs with higher coral cover and fish abundance were
significantly louder than degraded reefs. Our use of fishing pressure does not provide a direct
comparison of the biological health of a reef and is a proxy determined by distance from
population centers and population density around Kiritimati (Magel et al., 2020). Therefore,
fishing pressure might not adequately describe the contrast in the biological health of different

reefs across the small scale used in this study.

In the high frequency band (1 — 22 kHz), snapping shrimp snaps generated large changes
in SPL (Supp. Table 1). Their snaps are created for a variety of intra- and inter-specific
behaviours (Herberholz and Schmitz, 1998; Lillis et al., 2017; Versluis, 2000) and the number of
snaps created within a habitat is considered representative of the density and abundance of local

snapping shrimp (Butler et al., 2017). On coral reefs, due to their three-dimensional structure,
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snapping shrimp populations can thrive, creating sounds that dominate the high frequencies
(Enochs et al., 2011). Therefore, these results contribute to the growing body of evidence across
a range of habitats that snapping shrimp snaps are responsible for changes in high frequency SPL
(Bohnenstiehl et al., 2016; Johnson et al., 1947; Lillis et al., 2014; Lillis and Mooney, 2018;
McWilliam and Hawkins, 2013; Nedelec et al., 2015; Radford et al., 2010). High frequency SPL
was also significantly explained by year, lunar phase, and fishing pressure. The pattern in year
matched the pattern seen in the low frequency SPL: SPL in the high frequency band was also
roughly 3.4 dB higher in 2018 than 2017. This discrepancy between years might be explained by
community structure changes or population growth by species associated with sound production.
Lunar phases have been associated with changes in snapping shrimp snap production on both
temperate reefs and tropical Caribbean coral reefs (Radford et al., 2008; Lillis and Mooney,
2018). Degradation of three-dimensional structure, often seen on degraded reefs, has also been
associated with lower snapping shrimp populations (Butler et al., 2016), but this did not match
the pattern that we saw in fishing pressure. However, this again might be because our calculated
index of fishing pressure was not a direct a direct measure of the biological health of our

different reefs.

2.5.3 Acoustic Complexity Index

As we hypothesized, the ability of ACI to reflect changes in biogenic sounds was
determined, in part, by the frequency resolution used. In both low and high frequency bands, the
31.2 Hz frequency resolution was selected as the best model, followed by the 15.6 Hz resolution
model and then the 4 Hz resolution model (Table 2, Supp. Table 4). These results contrast with
the results of Bolgan et al. (2018), who found that the 15.6 Hz model with a temporal resolution

of 0.5 s provided the best representation of sound abundance and diversity in both controlled and
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field experiments. This discrepancy might be due to differences in the habitats that were
analyzed, as Bolgan et al. (2018) conducted their field experiments on a sandy bottom habitat in
Calvi, France and experienced minimal sound input from only five different fish calls and boats.
Our recordings include a large variety of sounds created by a diverse group of soniferous fish

and invertebrate species, as recordings were conducted on high energy coral reef systems.

The best low frequency ACI model explained 50.7 % of the variation in ACI (Table 2),
and included both knocks and herbivorous sounds as biogenic parameters, with the effect size of
knocks changing between our four sampled time periods. These results resemble those found for
low frequency SPL (Table 1), although the interaction between knocks and hour is significant at
both 09:00 and 21:00 in the ACI model while it is only significant at 09:00 in the SPL model.
This difference indicates that ACI might be more sensitive to subtle changes in knock volume or
the number of knocks at 21:00 that were not discernable with SPL. Herbivorous sounds were
loud and clear, obvious to identify in spectrograms (Figure 2), and had a positive effect on ACIL.
Interestingly, none of the selected models at any frequency resolution included long calls (Table
2, Supp. Table 2, 3), an important contributor to the biogenic soundscape in several
environments (Bohnenstiehl et al., 2018; Bolgan et al., 2018; Locascio and Mann, 2008). This
lack of significance in this experiment might be due to the low abundance of these calls and/or a
lack of proximity to the hydrophones by the fish that made them. In a highly energetic
environment like a coral reef, unless long calls are nearby and loud, they are difficult to identify

and assess independently of constant background noise.

Year and fishing pressure were both significant abiotic factors that contributed to changes
in ACI. The difference in ACI between 2017 and 2018 might, again, be due to differences in

when the recordings took place in the year. As recordings were conducted in June 2017 and July
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2018, fish reproductive events, which might be associated with different months could have
created differences in the acoustic soundscape (Lobel et al., 2010). Fishing pressure had a
significant positive effect on low frequency ACI, despite having no effect on low frequency SPL.
Even though there was no significant change in SPL due to fishing pressure, degraded
environments have less consistent and abundant biogenic sounds (Piercy et al., 2014), reducing
the potential for “masking” changes in acoustic complexity (Bolgan et al., 2018; Staaterman et
al., 2017). While it was included, we found no significant effect of lunar phase on low frequency
ACI, unlike Staaterman et al. (2014), who observed lunar patterns in ACI on coral reefs in both
Hawaii and Florida. This trend might have been obscured in this experiment by limited
deployment durations and sampling due to the manual methods required for biogenic sounds in

the low frequency band.

The 15.6 Hz and 4 Hz low frequency ACI models explained 41.84% and 40.57% of the
variation, respectively. In the 15.6 Hz model, the interaction between knocks and hour was only
significant at 09:00 while in the 4 Hz model, knocks no longer had a significant effect at any
hour (Supp. Table 2, 3). These results resemble those reported by Bolgan et al. (2018), who
found that ACI was significantly different when calculated using different frequency resolutions.
Importantly, here we present evidence that changing the frequency resolution also affects the
ability of ACI to respond to and reflect changes in the abundance of different biogenic sounds. In
the 4Hz model, the only biogenic sound that had a significant effect on ACI was herbivorous
sounds, which is likely due to their relatively high intensity in comparison to the other biogenic
sounds recorded (Fig. 2B). The variable response by ACI to key biogenic sounds like knocks
shows how important it is to test a variety of frequency resolutions on an ecosystem to determine

a “best” resolution setting.



34

In the high frequency band, the selected model explained 37.03% of the variation in high
frequency ACI. Despite this, increased snapping shrimp snaps resulted in a negative effect on
high frequency ACI, indicating a potential drawback to its use in snap-dominated ecosystems
(Supp. Table 4). Bohnenstiehl et al. (2018) similarly found that ACI reached a saturation
threshold on a coral reef in the Bahamas while studies by Butler et al. (2016) in nearshore
habitats in Florida and Staaterman et al. (2014) in reefs in both Florida and Hawai’i found that
ACI followed diel patterns of snap frequency. These discrepancies in results might be due to
differences in the number of snaps across different ecosystems and again raise questions about
how comparable different ecosystems might be, even when using the same metric of complexity.
The interaction between day/night and snapping shrimp snaps revealed that at night snaps had a
significantly smaller negative effect on ACI, which could be associated with decreased snapping
activity at night, reducing the “masking” effect that overwhelming and consistent sounds can
have on ACI (Bolgan et al., 2018; Pieretti et al., 2011). Similar diurnal patterns in both low and
high frequency ACI were observed by Staaterman et al. (2014) at reefs in Hawaii and Florida.
Fishing pressure had a negative effect on ACI, similar to the results of a study by Bertucci et al.
(2016), who found that MPA sites had significantly different ACIs compared to their adjacent
non-MPA sites. 2018 had a significantly higher ACI than 2017 in the high frequency band as
well, potentially due to differences in when the recordings took place in each year. Lunar phase
was nearly significant in the high frequency band, similar to patterns observed in Staaterman et
al. (2014) over a year-long study. Therefore, deployment limitations might have played a role in

limiting its significance in our models.

In the high frequency models, changes in the frequency resolution did not create any

differences in the significance or positive/negative slope of the covariates. Importantly, there was
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no change in the significant negative effect of snapping shrimp snaps among the three different
frequency resolutions (Supp. Table 4, 5, 6). This is likely because regardless of frequency
resolution, snapping shrimp snaps occurred in such high abundance that ACI was unable to
detect changes in sound intensity between independent events. Pieretti et al. (2011) found similar
results in terrestrial environments when assessing ACI’s ability to encompass consistent sounds
like insect buzzing or airplanes. With significant changes to temporal frequency prior to
calculation, ACI might be able to detect changes in intensity between individual snaps, but it is
more likely that such a consistent sound will be attributed a near constant intensity which

produces low levels of ACI.

When calculating ACI, changing key settings like frequency resolution can create
significant changes to results and limits comparisons between studies. In our experiment,
adjusting the frequency resolution resulted in models with the same covariates explaining
different amounts of variation in both low and high frequency bands (Table 2, Supp. Table 4).
Across the literature, there doesn’t appear to be any standardization in ACI settings prior to
calculation. Bohnenstiehl et al. (2018) summarizes several key studies that use ACI and found
that there was no consistent resolution used, even when studying the same ecosystem. Our results
reveal that this discrepancy in frequency resolution could have a significant impact on the
findings of each of these studies. A conclusion which is shared by Bolgan et al. (2018), who
found that ACI was influenced by all settings, including temporal and frequency resolution, as
well as the use of an amplitude filter. Our result might also be due to the inverse relationship
between frequency and temporal resolution, in which our largest frequency resolution, 31.2 Hz,
had the smallest temporal resolution and thus might have been better suited to detect short

signals like fish knocks. Therefore, we recommend that more work is needed to standardize ACI
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calculations in the marine environment to provide a reliable and comparable metric of sound
complexity.

2.5.4 Diel Patterns

Chorusing patterns are typically associated with changes in light, with dawn and dusk
choruses being most prevalent (Butler et al., 2016; Radford et al., 2014; Staaterman et al., 2014).
However, our results found a shifted chorusing pattern with peaks in sound production at roughly
09:00 and 22:00 (Figure 2.; Figure 3A, 3C). Sunrise and sunset in Kiritimati are typically near
06:30 and 18:30 in the summer months, roughly three hours from when our changes in sound
production occurred. Not all choruses are associated with dawn and dusk, however, as nightly
choruses have been recorded between dusk and midnight on the Great Barrier Reef (McCauley
and Cato, 2000), and temperate fish such as the plainfin midshipman (Porichthys notatus) chorus
in the middle of the night during the mating season (Halliday et al., 2018). While both fish and
snapping shrimp chorusing activities have been linked to dawn/dusk choruses (Radford et al.,
2008; Lillis and Mooney, 2018; Locascio and Mann, 2008), it is interesting that both snapping
shrimp and fishes in this study showed changes in sound production around the same times

despite not being associated with dawn or dusk.

Patterns in high frequency ACI were the inverse of patterns in high frequency SPL. These
trends were also the opposite of those found by Staaterman et al. (2014), who found that acoustic
complexity increased at night at both high and low frequencies. The opposing trends observed in
high frequency SPL and ACI are likely due to the “masking effect”, in which a biogenic sound is
produced frequently enough that it reduces ACI (Bohnenstiehl et al., 2018; Bolgan et al., 2018;
Staaterman et al., 2017). The presence of this “masking effect” is exacerbated in underwater

environments, like coral reefs, by the high sound propagation present in water, which allows for
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sounds to travel much further without losing intensity (Radford et al., 2011). Therefore, as SPL
decreases during the day because of decreased snapping shrimp snap input, ACI is be better able
to detect changes in complexity. In the low frequency band, no clear diurnal trends were present,
unlike patterns seen in Hawaii and Florida (Staaterman et al., 2014). This could either indicate
that there were no clear diurnal trends in sound diversity, or that ACI could not discern any

trends with the settings used for its calculation (Bolgan et al., 2018).

2.5.5 Conclusions

Our results, which are in accordance with previous studies from across a range of
ecosystems, indicate that ACI is not adequately developed to handle high energy systems like
coral reefs (Bohnenstiehl et al., 2018; Kaplan et al., 2015; Staaterman et al., 2017). Despite its
continued use in coral reef studies, ACI continues to produce inconsistent and non-significant
results (Bertucci et al., 2016; Kaplan et al., 2015; Lyon et al., 2019). These inconsistencies might
be a result of the lack of standardization in ACI settings and might require customizing ACI’s
calculation at the ecosystem level (Bolgan et al., 2018). Meta-analyses investigating how distinct
soundscapes create differing levels of complexity, and how to compare different ecosystems,
might provide answers pertaining to the continued use of ACI and its potential to develop into a

more useful acoustic metric.

Contemporary acoustic metrics are constantly evolving, and new technologies associated
with event detection through machine learning techniques make passive acoustics more useful
than ever before. While acoustic metrics can identify peaks in acoustic activity, they are not
currently reliable enough to replace species-specific bioacoustic analyses. Current validation
methodologies, such as the one used here, are labour-intensive and time-consuming and should

eventually be replaced by automated detectors. Advances in machine learning is facilitating
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automation of passive acoustic monitoring with new studies investigating supervised and
unsupervised methods of automatic biogenic sound detection (Lin et al., 2018, 2017), and these
could be investigated for future studies of coral reef acoustics. Passive acoustic monitoring has
the potential to help conserve coral reefs on a global scale; however, its application depends on a

foundation of field-tested methods through studies such as this one.



39

Table 2.1. Top models from AIC. stepwise comparisons (AAIC. < 6) and results (parameter estimates) for final model fixed effects
from linear mixed-effects model examining changes in low frequency SPL associated with changes in fish calls at four times of day.

The intercept and all continuous main effects represent our 15:00 sampling time

Model K AICc  AAIC Adjusted R2 P value
Knocks * Hour + Herbivory + Year + Lunar Phase + Fishing Pressure 13 884.55 0.284 0.534 <0.0001
Knocks * Hour + Herbivory + Long Calls + Year + Lunar Phase + Fishing Pressure 14 885.71 1.433 0.534  <0.0001

Parameter estimates for final model

Parameter Estimate Std. Error t value P value
(Intercept) 102.67 0.497 206.72 <0.0001
Knocks -1.94 1.070 -1.81 0.071
21:00 1.54 0.567 2.71 0.007
03:00 0.50 0.586 0.85 0.395
09:00 2.26 0.589 3.83 <0.001
Herbivory 1.28 0.395 3.23 0.002
Year 3.53 0.348 10.15 <0.0001
Lunar Phase 0.08 0.385 0.22 0.829
Fishing Pressure -0.41 0.390 -1.05 0.293
Knocks * 21:00 2.14 1.243 1.73 0.086
Knocks * 03:00 231 1.216 1.90 0.059

Knocks * 09:00 7.30 1.231 5.93 <0.0001
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Table 2.2. Top models from AIC. stepwise comparisons and results (parameter estimates) for each frequency resolution from linear

mixed-effects model examining changes in low frequency ACI associated with changes in fish vocalizations. The intercept and all

main effects represent our 15:00 sampling time.

Adjusted
Frequency Resolution Model K AlICc AAIC R? P value
32.1 Hz LF ACI ~Knocks * Hour + Herbivory + Year + Lunar Phase + Fishing Pressure 11 408.88 0.507 0.23
15.6 Hz LF ACI ~ Knocks * Hour + Herbivory + Year + Lunar Phase + Fishing Pressure 11 597.83 188.94 0.418 0.31
4 Hz LF ACI ~ Knocks * Hour + Herbivory + Year + Lunar Phase + Fishing Pressure 11 74599 337.12 0.405 0.48

Parameter estimates for final model

Parameter Estimate Std. Error t value P value
(Intercept) 20.199 0.143 141.281 <0.0001
Knocks 0.365 0.308 1.184 0.238
21:00 -0.0482 0.163 -0.295 0.768
03:00 1.292 0.169 7.663 <0.0001
09:00 0.397 0.170 2.344 0.020
Herbivory 0.330 0.114 2.905 0.004
Lunar Phase -0.096 0.111 -0.862 0.495
Year (2018) 0.069 0.100 0.684 0.390
Fishing Pressure 0.593 0.112 5.280 <0.0001
Knocks * 21:00 0.967 0.358 2.701 0.008
Knocks * 03:00 0.345 0.350 0.986 0.326
Knocks * 09:00 0.832 0.354 2.347 0.020
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Figure 2.1. Map of Kiritimati atoll (Republic of Kiribati) with hydrophone sites marked by blue

circles.
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Figure 2.2. Example waveforms and spectrograms of each sound type counted: A-C in the low

frequency, D in the high frequency: A) long call, B) herbivory sounds, C) fish knocks, and D)

snapping shrimp snaps in the high frequency band. Spectrograms were computed with sample

rate = 96 kHz, window size = 12000 samples, and using a Hanning window with 50% overlap.



1000
900
800
700
600
500

Frequency [Hz]

300

200 4
100

1000
900
800

700

Frequency [Hz]

400
300
200
100

400

600

500

PSD (dB re 1 yPa?/Hz)

50 55 60 65 70 75 80 85 20 95 100

0 50 100 150 200 250 300

Time [s]

0 50 100 150 200 250 300
Time [s]

Frequency [Hz]

100 +

1000
900
800
700
600

Frequency [Hz]

300 -

200

500
400

PSD (dB re 1 yPa?/Hz)

50 55 60 65 70 75 80 85 20 95 100

0 50 100 150 200 250 300

Time [s]

100 +=

0 50 100 150 200 250 300
Time [s]

43

Figure 2.3. Low frequency (100-1000 Hz) spectrograms from one representative site visualizing

patterns in sound production levels (SPL) among our four sampled times of day: 3:00, 9:00,

15:00, and 21:00. Spectrograms were computed with sample rate = 96 kHz, window size =

24000 samples, and using a Hanning window with 50% overlap.
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Figure 2.4. All plots collect data from the entire deployment at one site in 2018. Each plot
represents a 24-hour day. A) High frequency SPL values. B) High frequency ACI values. C)
Low frequency SPL values. D) Low frequency ACI values. All ACI values displayed were

calculated using a 31.2 Hz frequency resolution and 0.5 s temporal resolution.
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3.1 Abstract

Marine heatwaves and associated mass coral mortality events are threatening coral reef
ecosystems, jeopardizing the survival of specialist fish species that rely on coral for food and
habitat. Research into corallivorous fishes is typically focused on butterflyfishes or investigates
changes to corallivores as one functional group among many. Because of this, to our knowledge
no studies have provided an in-depth examination of the response of an entire corallivorous fish
assemblage to a mass coral mortality event. In this study, we quantify the immediate and lagged
effects of a marine heatwave on a corallivorous fish community from Kiritimati (Republic of
Kiribati) in the central equatorial Pacific and investigate the role of local human disturbance in
shaping their recovery. Underwater Visual Census (UVCs) were conducted across Kiritimati’s
local human disturbance before, during, and for three years after the 2015-2016 El Nifio and
mass coral mortality event. We found that trends in both obligate and facultative corallivores
were influenced by the large decline in two dominant coral-associated damselfish species,
Plectroglyphidodon johnstonianus for obligate and Plectroglyphidodon dickii for facultative.
Obligate corallivores experienced declines in species richness and a lagged decline in abundance
while facultative abundance was positively associated with human disturbance. These findings
enhance our understanding of how both obligate and facultative corallivores respond to coral
mortality, provide a timeline for obligate abundance decline following a coral mortality event,

and highlight the interacting effects of local and global stressors on corallivorous communities.
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3.2 Introduction

Coral reefs are among the most threatened ecosystems on the planet, under threat from
both global and local stressors (Hoegh-Guldberg, 2011; Hoegh-Guldberg et al., 2017; Kotb et al.,
2004). In particular, these ecosystems are threatened by marine heatwaves, often associated with
large scale climatic events like El Nifio (Holbrook et al., 2020). As these events become more
frequent and intense due to climate change, their effects will continue to alter coral reef
ecosystems and the diverse fish communities that they foster (Barber and Chavez, 1983;
Frolicher et al., 2018). Locally, coastal development can result in increased nutrients in nearby
waters (Dubinsky and Stambler, 1996) and sedimentation which can smother corals (Roy and
Smith, 1971), preventing their symbiotic algae from photosynthesizing (Bellwood and Fulton,
2008). Overfishing can reduce key piscivores in fish communities, resulting in “prey release”
and altered trophic dynamics in coral reef ecosystems (Advani et al., 2015; Sandin et al., 2008),
or reduce herbivorous fishes that maintain top-down pressures on macro-algae (Kelly et al.,
2017). Similarly, coral reef fishes are threatened by overexploitation from aquarium collectors
which can significantly alter the abundances of high value species(Tissot and Hallacher, 2003).

Corallivorous fish species may be the most threatened by heatwaves and subsequent coral
loss because of their reliance on live coral for food and shelter. Obligate corallivores, fishes that
rely on corals for most of their diet, are threatened as they can lose their primary food source to
heat stress (Graham, 2007). Facultative corallivores, fishes that consume coral as only a part of
their diet, are often much less affected by the loss of live coral (Emslie et al., 2011), although
they can decline as coral structure degrades following coral death (Graham et al., 2009). Obligate
corallivores are also often specialists, preferentially eating only a few species of corals, which

decreases their chances of survival when heat stress events decrease the abundance and diversity
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of available prey (Berumen and Pratchett, 2006; Graham, 2007; Pratchett et al., 2004).
Therefore, as coral reefs continue to change due to both local and global stressors, coral-
associated specialist species are under threat of extinction (Munday, 2004).

Most studies that have investigated the impacts of heatwaves and local stressors on coral
reef fishes either split a full fish community into functional groups (Robinson et al., 2019;
Shibuno et al., 1999) or highlight a few species of concern (Graham, 2007; Pratchett et al.,
2013). Investigations that include a complete corallivore functional group are typically only a
part of larger research questions seeking to answer questions about an entire fish community
(Bargabhi et al., 2020; Spalding and Jarvis, 2002) and can only inform about broad trends in
corallivore assemblages. Studies directed specifically at corallivores are mostly conducted on
butterflyfishes (Chaetodontidae), a family of fishes typically associated with corallivory (Cole et
al., 2008) and rarely include other corallivorous species. These studies also only use a subset
from a corallivore assemblage, selecting a few species to analyze at a time (Crosby and Reese,
2005; Pratchett et al., 2004; Zambre and Arthur, 2018) or selecting only corallivores within
Chaetodontidae (Emslie et al., 2011; Graham et al., 2009; Pratchett et al., 2006; Pratchett et al.,
2013). While some studies have investigated changes in non-butterflyfish species, they also use a
subset of a few species within the corallivore functional group (Guzman and Robertson, 1989;
Jayewardene et al., 2009). Additionally, no studies to our knowledge have investigated how local
human disturbance interacts with heat stress induced coral mortality to impact corallivorous
fishes. Investigating how coral mortality and human proximity affect entire corallivore
communities is key to understanding how corallivore communities will adapt to changing coral

reefs.
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In this study, we examined variability in an entire assemblage of corallivorous reef fishes
over the course of a decade on the world’s largest atoll to determine the lasting and lagged
effects of a coral mortality event. The 2015-2016 El Nifio event resulted in almost 90% coral
mortality around Kiritimati, nearly eliminating a consequential diet item for an entire functional
group of fishes on the surrounding coral reefs (Claar et al. 2020; J.K. Baum, unpublished data).
Here we build from previous work by Magel et al. (2020), which investigated how each
functional group around Kiritimati responded to the 2015-2016 El Nifio and found that
corallivorous fish biomass had declined by over 70% only one year after the heatwave. We
expand on this study by adding an additional two years, including changes to the corallivore
assemblage from 2018 and 2019, and by highlighting changes to both facultative and obligate
corallivores and the dominant species that influence those trends. Our underwater reef fish
surveys also encompassed the atoll’s gradient of local human disturbance (Magel et al., 2020;
Watson et al., 2016), allowing us to identify how human development can influence the impact
of a marine heatwave on corallivore assemblages.

Our objectives were to (1) assess changes in individual species abundance, species
richness, and assemblage structure before, during, and after the mass coral mortality event
caused by the 2015-2016 EI Nifio for both the obligate and facultative functional groups (2)
quantify how the response of dominant species in each functional group influenced group trends,
(3) and to determine how human disturbance and coral cover influenced corallivore abundance
spatially and temporally in the three years following the El Nifio.

We hypothesized that the coral mortality event would result in significant declines in
obligate corallivore abundance and species richness resulting in major shifts in their assemblage

composition due to their reliance on coral as a primary component of their diet. In both obligate
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and facultative communities, we predicted that dominant coral-associated damselfish would be
most affected due to their reliance on live coral cover for territory and reproduction. Following
the mortality event, we expected obligate corallivore abundance to positively respond to coral
recovery. In contrast, we anticipated that facultative corallivores would experience no immediate
declines or shifts in species composition in response to the coral mortality, with lagged declines
and shifts connected to structural loss on the coral reef in subsequent years. We also expected
that human disturbance might modulate the effects of the coral mortality by creating corallivore
communities accustomed to minimal live coral that would experience smaller changes following

coral mortality than coral communities in areas of previously high coral cover.

3.3 Methods

3.3.1 Study Site and Design

We surveyed reef fish communities before, during and after the 2015-2016 El Nifo at
forereef sites around Kiritimati (Christmas Island, Republic of Kiritimati; Fig. 3.1). Located in
the central equatorial Pacific Ocean (01°52°N 157°24°W), Kiritimati is home to approximately
6500 people (Kiribati National Statistics Office, 2016), most of whom rely on reef resources for
both subsistence and income (Watson et al. 2016). Due to its geographical isolation, residents are
reliant on the local fishery for protein. The local economy is also centered around fishing, as the

most common source of income in 2013 was selling fish (Watson et al., 2016)

The population of Kiritimati is concentrated on the northwestern corner of the atoll (Fig.
3.1), creating in a spatial gradient of human disturbance across its surrounding reefs. This
gradient has created distinct differences in the benthic communities around the atoll. All models

used a continuous measure of human disturbance which combined population size, fishing
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pressure, and proximity to nearby population centers, following methods described in Magel et
al. (2020). While fishing pressure is not a concern for the species of this study, areas of high
fishing pressure are also used by aquarium collectors who target ornamental species included
within our corallivore functional group. These areas are also the nearest to human population
centers, presenting these sites with increased run-off and pollution (Watson et al., 2016). In order
to visualize this gradient for figures, each survey site was assigned one of four human

disturbance levels (very low, low, medium, or high).

Surveys were conducted at 16 sites before the El Nifio (July-August 2011, and 2013),
during (July 2015), and after the heat stress ended (June - August 2017) (Fig. 3.1a). The July
2015 surveys were conducted after Kiritimati’s waters had experienced 15°C-week degree
heating weeks (Claar and Baum, 2019). To assess how corallivore assemblages changed
following the heatwave, surveys were conducted at 14 sites between June and August in 2017,
2018 and 2019 (Fig 3.1b). We conducted 168 fish surveys in total with some sites surveyed
multiple times in a single year during different days. Sites were surveyed either once or twice

each survey year throughout the study.

3.3.2 Fish Surveys

Underwater visual censuses (UVCs) were conducted using belt transect methods
described in Sandin et al. (2008). At each site, a pair of trained divers identified, quantified, and
sized all species along three separate 25 m long transects, with adjacent transects separated by 10
m. All surveys were conducted within the 10-12m isobath. For each transect, divers counted only
large, mobile fish (> 20 cm) within an 8 m wide strip while laying out the transect, divers would
then return, swimming back along the transect and counting only small, site-specific fish (<20

cm) within a 4 m wide strip. Prior to analysis, to standardize the sampling area between small
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and large fish surveys, we doubled the number of small fishes observed on each transect, as
described in Robinson and Baum (2016). Therefore, all abundances presented below represent a
density of fishes within a 600 m? (3 x 25 x 8m) survey area. All surveys were conducted within
day-time hours. Surveys were conducted by a total of eight divers, with the same buddy pairs
conducting all surveys within a given year, except in 2019 when three divers interchanged for
surveys. The two most experienced divers conducted surveys for three and four years each.
Scientific divers were highly experienced and spent the first 1-2 days on Kiritimati each year re-
familiarizing themselves with the atoll’s diverse fish communities and underwater size
estimation. To ensure accurate fish length estimation by divers, size estimation was practiced
using sections of PVC pipe of predetermined lengths (Bell et al. 1985), until divers could

consistently estimate lengths within 2 cm.
3.3.3 Benthic Surveys

Benthic surveys were conducted from 2017 — 2019 using 1x1m photo-quadrats taken at
random points along a 100 m long transect. Following their collection, photos were analyzed
using CoralNet (Beijbom et al., 2015). To provide coral cover information, CoralNet randomly
overlays 100 points across the photo, the substrate underneath each point can then identified by
trained technicians. Points on top of substrate that could not be identified (e.g. shadows,
hardware, blurry spots) were grouped together as unidentifiable points and any quadrat that had
more than 10% of its points categorized as unidentifiable was removed before analysis. Due to
this, 19 quadrats were removed prior to analysis. Percent cover was calculated per quadrat using
only identifiable points, site-level cover was then calculated by averaging the percent cover of
each quadrat. For this study, coral cover was calculated using only points classified as “healthy”

corals, therefore bleached corals were excluded.
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3.3.4 Corallivore Designations

Species were first categorized into the broad trophic groups determined by Magel et al.
(2020). We then conducted a literature review to classify corallivorous fishes included in our
study as either facultative or obligate corallivore species. Due to the inclusion of facultative
corallivores in this study, some species previously categorized as omnivores, invertivores, and
generalist carnivores in Magel et al. (2020) are included here because coral has been documented
in their diets. Species previously categorized as omnivores include: Plectroglyphidodon dickii
and Zanclus cornutus. Species previously categorized as invertivores include Forcipiger
flavissimus and Balistapus undulatus. Only one species was previously categorized as a

generalist carnivore, Sufflamen fraenatum.

The separation between facultative and obligate corallivores is not always concrete. In
their review of corallivores impact on coral reefs, Rotjan and Lewis (2008) indicated that
obligate corallivores were those that ate exclusively live coral, while Pratchett et al. (2013)
included only species that were dependent on coral for their survival. Some studies place a
dietary threshold on their species, indicating that species whose diets are composed of > 80%
coral are considered obligate corallivores (Cole et al., 2008; Emslie et al., 2011). However, these
categorizations can be confounded by differences between individuals and locations, making
determining the level of coral dependence difficult for many species (Cole et al., 2008; Ho et al.,
2009). Facultative corallivores are similarly difficult to discern, Emslie et al. (2011) categorized
facultative feeders as those whose diet consisted of 50-80% coral while other studies categorize
facultative corallivores only as fishes whose diet includes coral (Berumen and Pratchett, 2006;
Cole et al., 2008; Pratchett et al., 2013; Rotjan and Lewis, 2008). To address these

inconsistencies, we conducted an independent review of the literature and categorized each
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species accordingly (Table 3.1). Following our independent review, our designations aligned
with those found by Cole et al. (2008), which categorized obligate corallivores as fishes that
consumed coral for more than 80% of their diet and facultative corallivores as species that had a
wide range of coral dependence in their diet. We also included two species not included in their
study, Amanses scopas and Zanclus cornutus, which were classified as obligate and facultative

corallivores, respectively (Table 3.1).
3.3.5 Statistical Analysis

All statistical analyses were conducted using R version 3.6.1 (R Core Team, 2019). To
examine the combined effects of both local and global stressors on corallivore abundance we fit
generalized linear mixed-effects models (GLMMs) using the package glmmTMB (Brooks et al.,
2017). Prior to each analysis, continuous input variables were standardized to a mean of zero and
a standard deviation of 0.5 using the ‘rescale’ function in the arm package (Gelman et al., 2020).
All analyses used abundance per transect (individuals/600 m?) as the response variable. Analyses
designated “Heat Stress Models” used sites sampled between 2011 and 2017 around Kiritimati
(Fig. 3.1), while analyses designated “After-effect Models” used some overlapping and some

different sites sampled from 2017 - 2019 (Fig. 3.2).
3.3.6 Heat Stress Models

Heat stress models were fit for both facultative and obligate corallivores and included
surveys from before (2011 & 2013), during (2015), and after (2017) the 2015-2016 EI Nifio.
Each model distribution was determined by its response variable. Abundance was modelled
using a negative-binomial distribution, which is appropriate for overdispersed data and were fit

with a ‘log’ link function (Bolker, 2008). Species richness was modelled using a Poisson
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distribution, which is appropriate for count data that are not overdispersed (Bolker, 2008). Heat
stress models included heat period (before, during, and after) and human disturbance as fixed
effects, as well as their interaction. We included net primary productivity as a fixed effect using a
filtered remotely-sensed data product extracted from SESYNC Marine Socio-Environmental

Covariates data set (https://shiny.sesync.org/apps/msec/; Yeager et al. 2017). This data product is

calculated over a 2.5 arcmin grid based on data from NOAA Coastwatch, which models net
primary productivity, and is modeled using satellite-derived measures of photosynthetically
available radiation, SST, and chlorophyll-a concentrations. Sites included in these models were
surveyed at least once within each heat period. We also included site and observer as random
effects, observer was included to account for variation between observers as well as variation by

the same observer before, during, and after the heat stress.

To assess changes in facultative and obligate assemblage structure before, during, and
after the El Niflo, we used multivariate statistical and ordination techniques available through the
R package vegan (Oksanen et al., 2009). To visualize differences in corallivore assemblage
structure, we began by creating a multivariate ordination (principal coordinates analysis; PCoA)
using the ‘betadisper’ function across our different heat-periods. Site x species matrices were
created for obligate and facultative communities using species abundance. To visualize variation
in assemblage structure between sites within each heat stress period we also created distance-to-
centroid plots. Following this, we used a permutational multivariate analysis of variance
(PERMANOVA) test with 999 permutations and Bray-Curtis distances with the ‘adonis’
function. Heat period and human disturbance were included as well as their interaction. Primary
productivity was also included as a fixed effect in each model, while site was included as a

blocking factor using the ‘strata’ term within the ‘adonis’ function. To assess differences in
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assemblage structure between each heat stress period, pairwise comparisons were made using the
‘permutest’ function with 999 permutations. Finally, to determine which species were
responsible for driving observed differences in assemblage structure within facultative and
obligate communities, we used the ‘simper’ (similarity percentages) function to identify the most

influential species between heat stress periods.

3.3.7 After-effect Models

To investigate how obligate and facultative corallivore abundance and species richness
has changed following the 2015-2016 El Nifio we designed models that included the three years
sampled following the El Nifio. Again, distributions depended upon the response variable.
Abundance was modelled using a negative-binomial distribution, which is appropriate for
overdispersion while species richness used a Poisson distribution, which is appropriate for count
data that is not over dispersed (Bolker, 2008). Due to a convergence error, the facultative species
richness model was fit using a Conway-Maxwell Poisson distribution as recommended by
Brooks et al. (2017). We included all sites surveyed in at least two years between 2017, 2018,
and 2019. This resulted in a total of 14 sites, 9 of which included fish surveys and benthic
surveys in all three years. To ensure that our included sites with incomplete sampling did not
change our results, we have also provided a sensitivity analysis conducted using only the 9 sites
sampled every year (Table B3.1). These models included year as a categorical fixed effect and
human disturbance as a continuous fixed effect, as well as their interaction. Coral cover was also
included as a continuous fixed effect in these models. We also included net primary productivity,
using the same data extracted from SESYNC Marine Socio-Environmental Covariates data set

(https://shiny.sesync.org/apps/msec/; Yeager et al. 2017). Site and observer were included as

random effects to account for variation between observers.
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To assess changes to facultative and obligate corallivore abundance as they recover from
the El Nino, we conducted the same multivariate and statistical methods used in our overall
model. However, for this model, we substituted year for heat period as a fixed effect. Therefore,
the PCoA used here visualized differences in each of the corallivore assemblages between each
year. Variation between sites within each year was also visualized using distance-to-centroid
plots. Additionally, this PERMANOVA test included coral cover, as well as year and human
disturbance as fixed effects as well as the interaction between year and human disturbance.
Primary productivity was also included as a fixed effect, and site was again included as a
blocking factor using the ‘strata’ term within the ‘adonis’ function. To assess differences in
assemblage structure between each year, pairwise comparisons were made using the ‘permutest’
function with 999 permutations. A simper analysis was used to identify which species were
responsible for the observed changes in assemblage structure within facultative and obligate

communities in the years following the El Nifo.

3.3.8 Separation Models

To determine how the changes in the abundance of the most dominant species influenced
trends in obligate and facultative corallivore abundance, we separated the dominant species from
both the obligate and facultative assemblages, replicated both the heat stress and after-effect
abundance models and analyzed how both the dominant species and the remaining assemblages
changed. All abundance models used a negative binomial distribution to account for
overdispersed data (Bolker, 2008), however, due to increased zeroes following separation we
also fit zero-inflated negative binomial models and compared using AIC (Brooks et al., 2017,
Warton, 2005). All models were fit with a ‘log’ link function. For the obligate corallivores, we

separated Plectroglyphidodon johnstonianus from the remaining obligate assemblage and then
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analyzed each group independently. The zero-inflated model was found to provide a better fit
only for the P. johnstonianus abundance in the after-effect model (2017-2019), so it was used as
the final model. For the facultative corallivores, we separated Plectroglyphidodon dickii from the
remaining facultative assemblage and analyzed each group independently. The zero-inflated
model was found to provide a better fit for all separated facultative abundance models and was

therefore used for the final models.

3.4 Results

3.4.1 Heat Stress

At sites sampled, before, during, and after the 2015-2016 El Nifio (Fig. 3.1a), obligate
corallivore abundance declined from a mean of 28.6 + 2.8 (calculated mean from raw data + SE)
fish per site before the heat stress, to 16.3 & 1.8 fish per site during (z152 = -2.628, p = 0.009), and
3.2 + 0.9 fish per site after the heat stress (z152 =-7.008, p < 0.001; Table 3.2; Fig. 3.3a).
However, when the dominant species was analyzed separately, the decline in abundance for the
remaining obligate species was no longer significant either during or after (Table 3.2b). The
abundance of P. johnstonianus declined from (mean = SE) 25 + 2.8 individuals per site before
the heat stress to 13.3 £ 1.7 individuals per site during (z152 =-2.154, p =0.031) and 0.91 + 0.4

individuals per site after (z152 = -5.560, p <0.001).

When considering the entire facultative corallivore assemblage, abundance significantly
declined from a mean of 57.2 & 4.7 fish per site before the heat stress to 19.1 & 1.5 fish per site
after (z152 =-3.19, p = 0.001; Table 3.2a), although the abundance did not significantly differ
between before and during the heat stress. When P. dickii was analyzed separately, facultative

declines were no longer significant (Table 3.2b). P. dickii abundance significantly declined from
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46.5 + 5.1 individuals per site before to 11 + 1.4 individuals per site after the heat stress (z151 = -

3.031, p = 0.002).

Local human disturbance significantly affected both obligate and facultative
communities. Local disturbance had a significant negative effect on obligate corallivore
abundance for the entire obligate functional group (zi152 = -2.514, p = 0.012; Table 3.2a).
However, when the obligate assemblage was analyzed separately from P. johnstonianus, this
effect was only significant for P. johnstonianus (z = -3.042, p = 0.002; Table 3.2b). The entire
facultative functional group also displayed a significant negative effect due to local human
disturbance (z152 =-2.487, p = 0.013; Table 3.2a). Although, when P. dickii was analyzed
separately, the effect of local disturbance was significant and positive for the remaining
facultative assemblage (z151 = 6.205, p <0.001; Table 3.2b), while the abundance of P. dickii
was negatively affected by local human disturbance (z151 = -3.793, p <0.001). The abundance of
the entire facultative assemblage was also negatively associated with higher levels of primary
productivity (z1s2 = -2.487, p = 0.045; Table 3.2a), although in the separated models P. dickii was
not significantly affected by productivity and the remaining facultative species were positively

affected (z151 = 3.343, p < 0.001).

Finally, local human disturbance amplified the response of the entire facultative
functional group to heat stress. Sites with higher levels of local disturbance had significantly
larger facultative corallivore abundance after the heat stress (z152 =4.587, p < 0.001), compared
to sites subject to lower levels of disturbance (Table 3.2a, Fig 3.5). However, when the
facultative assemblage was separated from P. dickii, this trend was only significant and positive
for P. dickii (z151 = 3.081, p = 0.002; Table 3.2b). For the obligate assemblage, this interaction

was not significant in both the full assemblage and the separated models (Fig. 3.5).
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3.4.2 After-effect

Following the El Nifio, obligate corallivores experienced intense long-term declines in
abundance that were influenced by a decline in P. johnstonianus abundance. At sites included in
the “after” models (Fig. 3.1b), obligate corallivore abundance significantly declined from 3.33 +
0.99 fish per site in 2017 to 0.97 + 0.4 fish per site in 2019 (zo1 =-2.772, p = 0.006; Table 3.3a;
Fig. 3.4a). When P. johnstonianus was separated from the obligate functional group and
analyzed separately, the remaining obligate species still experienced a significant decline in
abundance between 2017 and 2019, declining from 2.5 £ 0.9 fish per site in 2017 to 0.9 + 0.35
fish per site in 2019 (z93 = -3.864, p = 0.004; Table 3.3b, Fig 3.4b). P. johnstonianus also
significantly declined between 2017 and 2019, from 0.85 + 0.43 individuals per site in 2017 to
0.07 £ 0.07 individuals per site in 2019 (z91 = -2.909, p = 0.004). However, neither P.
johnstonianus or the remaining obligate assemblage were significantly different between 2017
and 2018. Facultative corallivores significantly declined from 20.6 + 1.5 fish per site in 2017 to
16.3 &+ 2.96 fish per site in 2018 (z91 =-2.980, p = 0.003; Table 3.3a). Although, by 2019
facultative corallivore abundance had returned to 19.4 + 2.8 fish per site, similar to the
abundance in 2017. When P. dickii was separated from the rest of the facultative functional
group, we did not detect any significant differences in abundance between each of the three years

following the El Nifio (Table 3.3b; Fig. 3.4d).

Although we could not directly compare assemblage abundance from before (2011-2013)
to abundance in 2019 because different sites were sampled, we provide changes in the raw means
here. P. johnstonianus abundance declined from 25 + 2.8 individuals per site before the heat
stress to 0.9 + 0.35 individuals per site in 2019, at sites sampled for after-effect models. The

remaining obligate species declined from 3.5 & 0.42 fish per site before the heat stress to 0.9 +
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0.35 fish per site in 2019. P. dickii abundance declined from 46.5 + 5.1 individuals per site
before, to 4.4 + 0.83 individuals per site in 2019, while the remaining facultative species
abundance increased from 10.8 &+ 1.46 fish per site before the heat stress to 15.0 = 3.16 fish per

site in 2019.

Coral cover also influenced obligate corallivore abundance in the three years following
the El Nifio. Obligate corallivore abundance was higher at areas with higher coral cover (z91 =
2.668, p = 0.007; Table 3.3a) When P. johnstonianus was analyzed separately, the abundance of
the remaining obligate species was nearly significant and positively associated with coral cover
(z93 =1.780, p = 0.0751; Table 3.3b). P. johnstonianus abundance was positively associated with
both coral cover (z91 = 3.367, p < 0.001) and primary productivity (ze1 = 3.694, p < 0.001). The
abundance of the full facultative assemblage was not significantly associated with changes in
either primary productivity or coral cover (Table 3.3a). When P. dickii was analyzed separately,
its abundance was positively associated with productivity (zo0 =2.171, p = 0.030; Table 3.3b),
while the abundance of the remaining facultative species was not significantly associated with

productivity.

Local disturbance modulated the response of both obligate and facultative corallivore
abundances in the 3 years following the El Nifio. For the entire obligate assemblage, in 2018
sites subject to higher local disturbance had increased abundance compared to those with lower
levels of disturbance (zo3 = 2.430, p = 0.015; Table 3.3a; Fig. 3.6). However, this interaction was
only significant in 2018 and when the P. johnstonianus was analyzed separately, the interaction
was not significant for either the remaining obligate species or P. johnstonianus (Table 3.3b).
For the entire facultative assemblage, sites with higher local disturbance in both 2018 (z91 =

4.862., p <0.001; Table 3.3a; Fig 3.6) and 2019 (z91 = 3.506, p < 0.001) had increased
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abundance compared to those with lower disturbance. When P. dickii was separated from the
facultative species, the interaction was still significant for the remaining facultative species in
both 2018 (z90 = 3.037, p = 0.002) and 2019 (z90 = 2.610, p = 0.009), and not significant for P.

dickii in either year (Table 3.3b).
3.4.3 Species Richness

Obligate corallivore species richness declined significantly after the El Nifio, from a
mean of 2.2 + 0.1 species per site before the heat stress, to a mean of 0.95 + 0.15 species per site
after (z154 = -4.601, p < 0.001; Table 3.2c; Fig. 3.3). In the three years following the El Nifo,
obligate species richness decreased from a mean of 0.95 + 0.16 species per site in 2017 to a mean
of 0.33 + 0.11 species per site in 2019 (z92 = -3.130, p = 0.002; Table 3.3c; Fig 3.4). Obligate
species richness was also higher at sites with higher coral cover (z92 =2.957, p = 0003). Between
2011 and 2017, there were more facultative species at sites with higher productivity (z1s4 =
2.248, p = 0.025). Between 2017 and 2019, facultative species richness was positively impacted
by local human disturbance (zo1 = 3.525, p < 0.001; Table 3.3c), productivity (zo1 = 2.731, p =
0.006), and coral cover (z91 =2.985, p = 0.003). When accounting for these covariates,
facultative species richness also significantly decreased between 2017 and 2019 (zo1 = -2.441, p

=0.015).
3.4.4 Assemblage Structure

Assemblage structure for both obligate (pseudo F = 8.87, R =0.152, p = 0.001; Table
3.4a; Fig. 3.7, 3.9) and facultative (pseudo F = 9.48, R =0.113, p = 0.001) corallivore functional
groups varied significantly across heat stress periods. Obligate assemblages significantly

changed between both before and after (pseudo F'=10.73; p = 0.001, 999 permutations; Table
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3.6a) and during and after (pseudo F = 10.73; p = 0.002, 999 permutations) In the obligate group,
67% of the dissimilarity after the heat stress (compared to pre-heat stress assemblage structure)
was due to changes in P. johnstonianus abundance (Table 3.8a). Obligate assemblage structure
was also significantly altered by local disturbance (pseudo F =9.98, R’ = 0.086, p = 0.001; Table
3.4a) and productivity (pseudo F = 1.45, R =0.013, p = 0.009). However, when P.
johnstonianus was removed from the functional group and structure was reanalyzed, assemblage
structure did not significantly vary across any of the measured variables (Table 3.4b, 3.6b). For
facultative corallivores, 61% of dissimilarity after the heat stress (compared to pre-heat stress
assemblage structure) was due to changes in P. dickii abundance (Table 3.6b). The facultative
corallivore assemblage structure was also significantly altered by local human disturbance
(pseudo F =41.19, R? = 0.246, p = 0.001; Table 3.4a) and productivity (pseudo F =3.419, R’ =
0.42, p =0.001). Additionally, the interaction between heat stress and local human disturbance
was significant for the facultative corallivore assemblage (pseudo F = 3.28, R =0.035, p =
0.001) which suggests that the effect of heat stress on facultative assemblage structure is
influenced by the severity of local human disturbance. When P. dickii was removed and
assemblage structure was reanalyzed, only heat stress (pseudo F =2.89, R?> = 0.052, p = 0.001;
Table 3.4b) and productivity (pseudo F = 2.404, R’ = 0.021, p = 0.026) significantly altered the

remaining assemblage structure.

In the three years following the El Nifio both obligate (pseudo F =2.69, R>=0.111,p =
0.005; Table 3.5a; Fig 3.8, 3.10) and facultative (pseudo F = 4.097, R’ = 0.065, p = 0.001)
assemblages continued to change. However, assemblages were less dominated by a single
species. Within obligate corallivores, changes in P. johstonianus abundance only contributed to

22% of the dissimilarity between 2017 and 2019 (Table 3.9a). The entire obligate assemblage
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was only significantly altered between 2017 and 2018 (pseudo F'=2.47, p = 0.024, 999
permutations; Table 3.7a). In addition to year, both local disturbance (pseudo F = 2.56, R’ =
0.054, p = 0.020; Table 3.5a) and productivity (pseudo F = 1.29, R = 0.027, p = 0.014)
significantly influenced obligate assemblage structure, while coral cover did not have a
significant effect. When P. johnstonianus was removed and the functional group was reanalyzed,
only year (pseudo F =3.57, R’ =0.159, p = 0.001; Table 3.5b) and local disturbance (pseudo F =
2.33, R =0.052, p = 0.006) significantly altered assemblage structure. Obligate assemblages
without P. johnstonianus significantly changed between 2017 and 2018 (pseudo F=1.69, p =
0.019, 999 permutations; Table 3.9b) and between 2017 and 2019 (pseudo F = 1.69, p = 0.007,
999 permutations). In the facultative corallivore functional group, changes in P. dickii abundance
only contributed to 33% of the dissimilarity between 2017 and 2019 (Table 3.9b). The facultative
assemblage was also altered by local disturbance (pseudo F =34.53, R =0.272, p = 0.001;

Table 3.5a), while neither coral cover nor productivity had a significant effect. Similar to the heat
stress model, the interaction between year and local human disturbance was significant for the
facultative corallivore functional group here (pseudo F = 3.30, R? = 0.052, p = 0.001) indicating
that the intensity of local human disturbance has continued to influence facultative assemblage
structure year after year following the heat stress. When P. dickii was removed and the

functional group was reanalyzed, only year (pseudo F =2.13, R’ = 0.045, p = 0.008; Table 3.5b)
and the interaction between year and local disturbance (pseudo F =2.031, R’ = 0.043, p = 0.001)

significantly altered assemblage structure.
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3.5 Discussion

Understanding how corallivorous fishes respond to ocean warming and subsequent coral
mortality becomes increasingly important in the face of continued global climate change (Chong-
Seng et al., 2012). As El Nifio events are predicted to become more frequent (Frolicher et al.,
2018), species that rely on corals for food, including corallivorous fishes, will likely be the first
and most threatened (Cole et al., 2008). Here, we document significant changes in obligate and
facultative corallivore abundance, species richness, and assemblage structure in direct response
to a marine heatwave and the resultant mass coral mortality. While only P. johnstonianus
showed a marked response during the heat stress (Table 3.2b), the associated coral loss had large
effects on the corallivore assemblage around Kiritimati. In addition to finding significant
changes in abundance, species richness, and assemblage structure our results also incidentally
provide a timeline for change in an obligate corallivore population following a major coral

mortality event.

3.5.1 Abundance

Consistent with our predictions, the response of dominant coral-associated damselfish -
P. johnstonianus and P. dickii — to the heat stress and coral mortality significantly influenced
changes in the abundance of their associated functional groups. These results are similar to those
of a recent study by Pratchett et al. (2020) which found that following a crown-of-thorns
outbreak, small coral-associated damselfish vacated dead coral hosts within five days and despite
some individuals recolonizing nearby live corals damselfish abundance still declined
proportionally to the coral loss. These results also align with those of Wismer et al. (2019), who
found that small coral-associated damselfishes drove declines in fish populations following a

coral mortality event caused by the 2015-2016 El Nifio on the Great Barrier Reef. While the
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species highlighted in their study were planktivores, the damselfish that drove changes in our

study were corallivorous and thus more directly affected by the loss of coral.

In the obligate corallivore functional group, a massive decline in the abundance of the
dominant species, P. johnstonianus, in response to the heat stress and coral mortality,
significantly influenced declines in the entire functional group during and after the heat stress
(Fig. 3.3). Declines during the heat stress might be explained by the direct effect of the heat
stress which can limit the swimming ability and metabolic performance of damselfish (Johansen
and Jones, 2011). However, it is odd that these declines would only be observed in P.

Jjohnstonianus and not P. dickii. While it is possible that some individuals migrated to deeper and
cooler water as hypothesized by Magel et al. (2020), the small size and territorial behavior of
these species makes that unlikely. Therefore, the immediate declines in P. johnstonianus
abundance are likely due to mortality which was related to their reliance on Acroporid and
Pocilloporid branching corals (Coker et al., 2014; Randall, 2005), some of the first and most
affected by heat stress (Loya et al., 2001; Renema et al., 2016). Additionally, coral polyps are a
primary component of their diet, accounting for over 90% of dietary content in Hawaii (Hobson,
1974) and Okinawa (Sano 1984). Similar declines in P. johnstonianus abundance following a
coral mortality event were also reported in the Seychelles following the 1997-1998 El Nifio
(Spalding and Jarvis, 2002). Therefore, the marked declines in P. johnstonianus that we observed
(Table 3.2; Fig. 3.3) in response to the marine heatwave were likely driven by the loss of their

coral hosts.

In the three years following the heat stress, P. johnstonianus abundance continued to
decline, although only the difference between 2017 and 2019 was significant (Table 3.3b). The

decline between 2017 and 2019 was the largest decline recorded in any of the communities
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however, indicating a continual decline that increased three years after the coral bleaching and
subsequent mortality occurred. The lag might be due to the ability of some damselfish to switch
to new coral hosts in response to coral mortality (Pratchett et al., 2020; Wismer et al., 2019b).
Their eventual decline, however, was likely caused by the increased susceptibility of coral
dwelling fish to predation after coral bleaching and algal overgrowth (Coker et al., 2009)
combined with nutrient deficiencies caused by the loss of this specialist’s preferred prey
(Berumen and Pratchett, 2008). When coral cover was included as a covariate, P. johnstonianus
abundance was positively associated with live coral cover (Table 3.3b), providing further
evidence that their decline was driven by mortality of their coral-hosts, which were drastically
reduced by the El Nifio heat stress. P. johnstonianus abundance was also positively associated
with oceanographic productivity in the three years following the heat stress. However, as we
were unable to monitor changes in productivity throughout the heat stress event or after, the

mechanism behind this effect remains unclear.

In the facultative corallivore functional group, declines after the heat stress primarily
reflected changes in the abundance of another coral-associated damselfish, P. dickii (Table 3.2d,
3.3d; Fig. 3.3, 3.4). Declines in P. dickii were also likely driven by the decline in live coral cover
following the heat stress, as their territories are often associated with branching corals including
Acropora and Pocillopora (Jones et al., 2006; Randall, 2005). Other coral-associated damselfish
have been observed to evacuate their coral-hosts within 5 days of bleaching on the Great Barrier
Reef (Pratchett et al., 2020). P. dickii maintain algal farms on small sections of their territories,
which are used for food and as nest sites(Jones et al., 2006). However, they do not exclusively
rely on their algal farms for food and their diet can also depend on their habitat. A study in

Taiwan by Ho et al. (2009), for example, found that individuals consumed algae and coral in a
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coral dominated habitat and mostly sea anemones in a sea anemone dominated habitat. This
ability to adapt to new habitats might also explain why P. dickii abundance was not associated
with coral cover in our after-effect model (Table 3.3d). It is likely that the combined effects of
coral mortality and subsequent macroalgal overgrowth created adverse conditions to P. dickii

survival and reproduction, particularly in areas with previously high levels of coral cover.

Between 2017 and 2019, the obligate corallivore functional group, excluding P.
Jjohnstonianus, also declined in abundance (Table 3.3b; Fig. 3.4b). This decline is likely
associated with the coral mortality and this timeline resembles the findings of Pratchett et al.
(2006), who found that it took several years for coral depletion to be reflected in obligate
corallivore populations on the Great Barrier Reef. The delayed decline might have been caused
by the ability of specialist species utilizing prey-switching to survive, which can postpone the
effects of prey depletion (Berumen and Pratchett, 2008; Pratchett et al., 2004). Recruitment
failure might have also played a role, as obligate corallivores develop feeding specializations for
scleractinian corals during settlement (Harmelin-Vivien, 1989), therefore reduced live coral
cover could present serious consequences for settling juveniles. Despite the overall declining
trend in obligate abundance, Chaetodon ornatissimus increased in abundance between 2017 and
2019 (Table 3.7). C. ornatissimus boasts a broad diet without any clear preferences and was one
of two Chaetodon species that were observed at sites of low coral cover in Hawaii (Cox, 1994),

two adaptations that likely aided its recovery following the coral mortality.

Consistent with our predictions, variation in facultative corallivore abundance, excluding
P. dickii, was not associated with either the heat stress or year. While facultative corallivores do
consume corals, they are also capable of consuming other prey items and often use them to

supplement their diet (Cole et al., 2008), making them more resilient to coral depletion (Emslie
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et al., 2011). Facultative corallivore abundance is typically unaffected by changes in live coral
cover (Glynn et al., 2014; Pratchett et al., 2006), rather declines have been connected to the loss
of coral structure following a mortality event (Graham et al., 2009). However, within the
timeline of our study we did not observe any decline in facultative corallivores despite there
being (at least a statistically) significant loss of rugosity and habitat volume on reefs around
Kiritimati following the heat stress (Magel et al., 2019). This indicates that structural declines
have not been extensive enough or our study’s timeline is too limited to encompass a subsequent
decline in facultative corallivore abundance. Facultative corallivore abundance was also
positively associated with productivity both throughout the heat stress and the recovery
timelines. Again, we were unable to monitor changes in net primary productivity which changes

in response to El Nifio (Liao et al., 2012), and thus the mechanism behind this remains unclear.

Local human disturbance contributed to changes in P. johnstonianus, P. dickii, and
facultative corallivore abundance. The negative effect of human disturbance on P. johnstonianus
and P. dickii abundance is likely explained by their positive association with coral cover, as
reduced coral cover has been connected to increased human populations on Kiritimati (Magel et
al., 2019). Low coral cover reduces potential territory for coral-associated species like P.
johnstonianus and P. dickii and would therefore diminish their populations (Jones et al., 2006).
Interestingly, local disturbance had a positive effect on facultative corallivore abundance,
excluding P. dickii, in both heat stress and after-effect periods (Nagelkerken et al. 2009). Similar
to our results, studies on the Great Barrier Reef (Pratchett et al., 2006) and Chagos ( Pratchett et
al., 2013), found that specialist obligate species dominated areas with high coral cover.
Therefore, at sites near human populations with reduced coral cover might provide increased

niche space for more generalist facultative species, allowing for increased populations.
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We also found a significant positive interaction between local human disturbance and
year on facultative abundance in the three years following the heat stress (Table 3.5; Fig. 3.6).
This indicates that areas with previously low coral cover might have sustained increased
populations of facultative corallivores despite coral mortality. Despite relying on coral for a
portion of their diets, facultative corallivores can display impressive diet plasticity (Nagelkerken
et al., 2009) allowing them to thrive in areas with low coral cover that could not sustain large
obligate corallivore populations. A study conducted by Wismer et al. (2019) found that when
coral-associated damselfish were exposed to two heat stress events, they only declined in
response to the first. They conclude that fish populations stabilized within 24 months because of
behavioral modifications made by surviving individuals to expand their traditional habitats to
include bleached and dead coral. Similarly, we might be observing adaptations by facultative
populations in areas with previously low coral cover to rely on alternate food sources, providing
a survival advantage following the coral mortality around the atoll. Alternatively, in areas near
human populations, piscivorous predators are often reduced by fishing ( Sandin et al., 2008),
which might allow for populations of omnivorous fishes like facultative corallivores to thrive

(Boaden and Kingsford, 2015).

3.5.2 Species Richness

Similar to the observed patterns in obligate corallivore abundance, species richness also
significantly declined after the heat stress and continued to decline in the years afterwards.
Previously highlighted by Magel et al. (2020), one species - Chaetodon trifascialis - was
observed only before the heat stress, even with our extended time series, this species was not
observed after the heat stress. C. trifascialis is a specialist species that consumes primarily

Acroporid and Pocilloporid coral polyps and has shown limited ability to adapt to a diet of non-
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preferred prey (Berumen and Pratchett, 2008). Specialist species, particularly corallivores, are
more prone to extinction from coral bleaching and mortality than generalist species due to their
reliance on a limited number of prey sources (Munday, 2004). In our results, this is reflected by
the substantial change in obligate species richness after the heat stress and between 2017 and
2019, while facultative corallivores only showed a much smaller significant difference in species

richness between 2017 and 2019 (Table 3.2¢; Fig 3.4).

By 2019, only four species of obligate corallivores were observed: Arothron meleagris,
Chaetodon meyeri, Chaetodon ornatissimus, and Plectroglyphidodon johnstonianus, compared
to eleven before the heatwave. Three of these species — A. meleagris, C. meyeri, and C.
ornatissimus — have each demonstrated the ability to exist in areas of low coral cover (Cox,
1994), consume a broad range of coral prey ( Pratchett et al., 2013), or adapt to consume a more
generalist diet (Guzman and Robertson, 1989). P. johnstonianus remains an outlier, a coral-
associated species that is reliant on corals for both habitat and food (Randall, 2005). However,
even P. johnstonianus has shown the ability to modify its diet, in Taiwan following a phase-shift
from a hard coral to an anemone dominated environment, individuals who continued to reside in
anemone dominated habitats displayed lower coral content in their diet, supplemented with

increased detritus (Ho et al., 2009).

3.5.3 Assemblage Structure

Contrary to our predictions, the structure of the obligate corallivore functional group was
not significantly altered by the heat stress when P. johnstonianus was removed (Table 3.8c; Fig
3.7). However, significant shifts in assemblage structure were observed in the three years
following the heat stress (Table 3.7c; Fig 3.8). Few studies have analyzed corallivore assemblage

structure in response to coral loss, although in one recent study on the Great Barrier Reef,
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Richardson et al. (2018), found that fish communities contained less functional redundancy
following a coral mortality event. With the loss of obligate specialists on reefs around Kiritimati,
these assemblages are experiencing a similar loss in redundancy. In the three years following the
El Nifio, local disturbance was also responsible for dissimilarities in assemblage structure within
the obligate functional group. These differences might have arisen due to distinct corallivore
communities developing between areas of previously high coral cover and areas of previously
low coral cover around the atoll, as Richardson et al. (2018) also found that the pre-bleaching

coral assemblage was the best predictor of post-bleaching fish assemblages.

Facultative corallivore assemblage structure changed both during the heat stress and in
the three years following, even after P. dickii was separated from the functional group (Table
3.8b, 3.9b; Fig 3.7b, 3.8b). Despite this change in assemblage structure there was no significant
difference in overall facultative abundance attributed to either the heat stress or the subsequent
years (Table 3.2b, 3.3b). This indicates that changes in the assemblage structure are likely the
result of shifting species compositions. From before to after the heat stress, most of the change in
facultative assemblage structure was attributed to declines in the abundance of 3 species —
Canthigaster solandri, Chaetodon kleinii, and Chaetodon auriga - while Balistapus undulatus
abundance increased (Table 3.8b). After the heat stress, in the after-effect models, most of the
change was attributed to increases in two species, Canthigaster solandri and Chaetodon auriga
and declines in two species, Balistapus undulatus and Chaetodon vagabundus (Table 3.9b).
These shifts might be explained by changes in the abundance of non-overlapping prey as a result
of thermal stress and coral loss (Nagelkerken et al., 2009). For some facultative species, live
coral might also present indirect benefits and therefore its loss might have resulted in shrinking

populations (Pratchett et al., 2015).
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The interaction between year and local disturbance also significantly shifted facultative
assemblage structure in the three years following the El Nifio (Table 3.4b). This interaction
indicates that local disturbance modulated assemblage structure between years although there
was not a significant effect of local disturbance overall. This unique interaction might be a
consequence of local shifts in facultative functional group composition following the coral loss
to fill niche spaces evacuated by declining specialist obligate species (Munday, 2004) or
communities shifting in response to new habitats formed by the extensive coral loss (Magel et
al., 2019). It should be noted that the R? values for our PERMANOVA tests were quite low in
the obligate and facultative communities suggesting that heat stress, year, and local disturbance
explained little variation in assemblage structure. Therefore, additional research is needed to
further understand the direct and lagged effects of extensive coral mortality and local disturbance

on reef fish communities.
3.5.4 Implications and Future Studies

The shifts in corallivore assemblages and decline in obligate functional group abundance
following a massive coral mortality event presented here provide insight into how coral loss
affects an entire corallivore assemblage. Typically, species are subset from the existing
assemblage and studied in isolation (Guzman and Robertson, 1989; Reyes-Bonilla and Calderon-
Aguilera, 1999). Most often these subsets consist of only species within the well-known
corallivorous Chaetodontidae family, excluding other potentially important species (Cox, 1994;
Graham, 2007; Graham et al., 2009; M. Kulbicki et al., 2005; Pratchett et al., 2006; Morgan S.
Pratchett et al., 2013). Our research included the entire corallivore assemblage present on the
coral reefs surrounding Kiritimati, providing insight into how coral loss affected both dominant

corallivorous species and the remaining obligate and facultative corallivore communities. Our
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results indicate that obligate corallivores can survive for years before declining in response to a

coral mortality event, a critical period of time for a population to stabilize before it collapses.

Corallivore recovery timelines might be decadal and require an extended period of time
without major coral destruction, as observed in the Philippines (Russ et al., 2018). Unfortunately,
our surveys only extend three years beyond the heat stress event, providing only a brief glimpse
into the long-term recovery process of a coral reef. As marine heatwaves have already become
more frequent and intense over the past several decades and it is predicted that this trend will
only accelerate with continued climate change (Frolicher et al., 2018), lengthy recovery periods
will become less common for coral reefs in the future. While some studies have already begun
investigating the impacts of multiple heat stress and subsequent coral mortality events on subsets
of fishes (Wismer et al., 2019b), larger studies that include more corallivorous species might
reveal novel consequences or adapted resilience to repeated events. Additionally, future studies
investigating the response of corallivore communities to heat stress should also consider
potential temporal shifts in net primary productivity that can occur during El Nifio events (Liao
et al., 2012) as our study was unable to determine the mechanism connecting primary
productivity to our study species. Understanding the long-term impacts of coral mortality on
corallivore communities can help us predict and mitigate the effects of ocean warming on highly

susceptible corallivore communities.

3.5.5 Conclusion

Climate-change induced mass coral bleaching and mortality is expected to increase the
combination of rising global temperatures, ocean acidification, and increasing coastal
development. In this study we examined the effects of an unprecedented coral mortality on the

entire corallivore assemblage around Kiritimati and broke down the separate responses of
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obligate and facultative communities and their most dominant species. Corallivore communities
include the fishes most closely tied to coral health and can serve as an indicator of the
relationship between live coral cover and their associated fishes (Cole et al., 2008). Our results
also incidentally provide a timeline for obligate corallivore abundance collapse following a coral
mortality event, a vital piece of information for assisting regrowth and recovery of the functional
group following these events. The success of preserving corallivore abundance and diversity in a
changing world is dependent upon action at both local and global scales, which both rely on the

detailed resources and timelines provided here.



Table 3.1. Functional classifications for all corallivore species encountered during underwater

visual censuses (UVCs) on Kiritimati in the current study. References used for diet

classifications are coded by number based on the reference list below.
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Family Species Reference
Obligate

Chaetodontidae Chaetodon bennetti 2,14
Chaetodon lunulatus 1,2,3
Chaetodon meyeri 2,5
Chaetodon ornatissimus 1,2,3
Chaetodon
punctatofasciatus 2,17
Chaetodon trifascialis 2,7
Chaetodon unimaculatus 1,2,3,17

Labridae Labrichthys unilineatus 2

Monacanthidae Amanses scopas 15
Cantherhines dumerilii 2,10
Plectroglyphidodon

Pomacentridae johnstonianus 2,8,9

Tetraodontidae Arothron meleagris 2,4,6

Facultative

Balistidae Balistapus undulatus 2,12, 16
Sufflamen fraenatum 11

Chaetodontidae Chaetodon auriga 2,5,7
Chaetodon citrinellus 2,5,7
Chaetodon ephippium 1,2,7
Chaetodon kleinii 2,5
Chaetodon lineolatus 2
Chaetodon lunula 2,5
Chaetodon pelewensis 2
Chaetodon quadrimaculatus 2,7, 16
Chaetodon ulietensis 1,2,7
Chaetodon vagabundus 2,7, 14
Forcipiger flavissimus 2,7,13
Heniochus chrysostomus 1,2,7,16

Pomacentridae Plectroglyphidodon dickii 2,8

Tetraodontidae Canthigaster solandri 2

Zanclidae Zanclus cornutus 12
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References: 1) Berumen and Pratchett (2006); 2) Cole et al. (2008); 3) Cox (1994); 4) Glynn et al
(1972) 5) Graham et al. (2009); 6) Guzman and Robertson (1989); 7) Harmelin-Vivien and
Bouchon-Navaro (1983); 8) Ho et al. (2009); 9) Hobson (1974); 10) Jayewardene and Birkeland
(2006); 11) Kulbicki et al. (2005); 12) McClanahan et al. (2005); 13) Nagelkerken et al. (2009);
14) Pratchett et al. (2006); 15) Pratchett et al. (2013b); 16) Randall (2005); 17) Sano (1989)
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Table 3.2. Results (p-values) from generalized linear mixed-effects models describing the effects
of heat stress, local human disturbance, and net primary productivity on obligate and facultative
corallivore abundance (a), obligate and facultative corallivore communities with their most
abundant species analyzed separately (b), and species richness (c) from 2011 — 2017, before,
during and after the El Nifio. Values in bold are significantly different from baseline levels
(2011-2013) at a = 0.05, colors correspond to the value of the parameter estimate (blue =

positive, red = negative).

Heat Stress Heat x Disturbance

Local
Model During After disturbance Productivity During After

a) Overall

Obligate 0.184 -0.323 0.649
Facultative -0.006 -0.229 0.882

b) Separate

Obligate -0.008 -0.377 0.19 0.259 0238  -0.238
P.johnstonianus | =0.554 =2.762  =2.411 | 0295 0.516 0.309
Facultative -0.146  0.086 1.401 0.644 0.154  -0.251

P. dickii 00574 (20793  3.793 | -0.109 -0.283 1.222

¢) Species Richness
Obligate 0.146 [ -0.817 -0.236 0.095 -0.026 0.039
Facultative 021 -0.046 0.296 0.291 -0.106 0.093
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Table 3.3. Results (p-values) from generalized linear mixed-effects models describing the effects
of year, local human disturbance, coral cover, and net primary productivity on obligate and
facultative corallivore abundance (a), obligate and facultative corallivore communities with their
most abundant species analyzed separately (b), and species richness (c¢) from 2017-2019
following the El Nifio. Values in bold are significantly different from baseline levels (2017) at a

= 0.05, colors correspond to the value of the parameter estimate (blue = positive, red = negative).

Year Year x Disturbance
Local Coral

Model 2018 2019 disturbance Productivity Cover 2018 2019
a) Overall
Obligate -0.176 [ -1.524 -0.769 0.112 0.17 1.562 1.291
Facultative -0.325 -0.26 0.23 -1.55 -0.003 1.058 0.843
b) Separate
Obligate 0.203 -1.42 -0.552 -0.457 0.125 1.21 0.62
P. johnstonianus -1.000 [-7.118 -1.391 1.637 0.438 1.824 1.866
Facultative -0.191  -0.136 1.087 0.306 -0.01 0.896 0.78
P. dickii -0.324  -0.334 -3.468 -0.435 -0.007 0.609 -0.133
¢) Species Richness
Obligate 0.052 [ -1.407 -0.094 0.038 0.112 0.39 0.324

Facultative -0.006 | -=0.27 0.425 0.241 0.051 0.217 0.27
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Table 3.4. Results of permutational analysis of variance (PERMANOVA) tests examining the
effects of heat stress, local human disturbance, and net primary productivity on reef fish
assemblage structure from 2011 — 2017, before, during, and after the El Nifio. Bold text indicates

significant results. F value reported in the table is a pseudo F statistic.

Heat Local Heat stress x

Model Stress Disturbance  Productivity local disturbance

a) Obligate F=8.8743 F=9.976 F=1.450 F=1.118
R*=0.152 R?=0.086 R2=0.013 R?=0.0192
p=0.001 p=0.001 p=0.009 p =0.436

b) Facultative F=9.480 F=41.187 F=3.419 F=2.944
R*=0.113 R?=0.246 R2=0.020 R?*=0.0352
p=0.001 p=0.001 p=0.001 p=0.001

c) Obligate F=1.709 F=2.869 F=1.081 F=0.631

(P. johnstonianus removed) ~ R?=0.042  R?=0.035 R?=0.013 R?=0.015
p=0.060 p=0.327 p=0.859 p=0.798

d) Facultative F=2892 F=16.090 F=2.404 F=1.025

(P. dickii removed) R2=0.052 R>=0.143 R2=0.021 R?=0.018
p=0.001 p=0.069 p=0.026 p =0.075
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Table 3.5. Results of permutational analysis of variance (PERMANOVA) tests examining the

effects of year, local human disturbance, and net primary productivity on reef fish assemblage

structure from 2017-2019 following the El Nifio. Bold text indicates significant results. F value

reported in the table is a pseudo F statistic.

Local Coral Year x local
Model Year Disturbance Cover Productivity disturbance
a) Obligate F =2.685 F =2.560 F=1.738 F=1.293 F=0.734
R*=0.111 R>=0.054 R’=0.036 R*=0.027 R*=0.030
p =0.005 p=0.020 p =0.306 p=0.014 p=0.761
b) Facultative F=4.099 F=34526 F=4.131 F=2.649 F=3.301
R?= 0.065 R?>=0.272 R’=0.033 R*=0.021  R*=0.052
p=0.001 p=0.001 p =0.587 p =0.038 p=0.001
c) Obligate F=3.570 F=2.333 F=1.580 F=0.613 F=0.540
(P. johnstonianus
removed) R2=(.159 R2=0.052 R?>=0.035 R?>=0.014 R>= 0.024
p=0.001 p =0.006 p =0.390 p =0.057 p =0.790
d) Facultative F=2.127 F=16954 F=2.413 F=0.839 F=2.031
(P. dickii removed) R2=0.045 R?=0.101 R?=0.026 R?=0.009 R2=0.0430
p = 0.008 p=0.101 p=0.723 p=10.092 p=0.001




Table 3.6. Pairwise comparisons (with no adjustments for multiple tests) of the corallivore

assemblages between the three heat stress periods measured: before (2011 & 2013), during

(2015), and after (2017). Calculated using Bray-Curtis dissimilarities and 999 permutations. F-

values reported for each ANOVA-like permutation test.
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Assemblage Pairwise Comparison F P
a) Obligate Before - During 10.73 0.91
During - After 0.002
Before - After 0.001
b) Facultative Before - During 0.58 0.98
During - After 0.411
Before - After 0.32
c) Obligate (P. johnstonianus removed) Before - During 2.86 0.073
During - After 0.839
Before - After 0.052
d) Facultative (P. dickii removed) Before - During 0.84 0.202
During - After 0.695
Before - After 0.418




Table 3.7. Pairwise comparisons (with no adjustments for multiple tests) of the corallivore

assemblages between the three years sampled after the El Nifio. Calculated using Bray-Curtis
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dissimilarities and 999 permutations. F-values reported for each ANOV A-like permutation test.

Assemblage Pairwise Comparison F P
a) Obligate 2017-2018 2.47 0.024
2018-2019 0.904
2017-2019 0.074
b) Facultative 2017-2018 1.69 0.48
2018-2019 0.251
2017-2019 0.077
c) Obligate (P. johnstonianus removed) 2017-2018 4.12 0.019
2018-2019 0.392
2017-2019 0.007
d) Facultative (P. dickii removed) 2017-2018 1.37 0.443
2018-2019 0.336
2017-2019 0.139
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Table 3. 8. Top 5 species contributing to variation in fish assemblage structure after the El Nifio
(compared to pre-disturbance composition) for obligate (a) and facultative (b) corallivore
functional groups. Mean site-level abundances for each time point are listed, as well as the

cumulative contribution of each species to the overall assemblage dissimilarity.

Species Change (+/-) Before  After Cumulative sum

a) Obligate

Plectroglyphidodon johnstonianus - 25.47 1.95 0.67
Chaetodon meyeri - 1.37 0.79 0.75
Chaetodon ornatissimus - 1.66 1.11 0.82
Labrichthys unilineatus + 0 1.95 0.87
Cantherhines dumerilii - 0.37 0.47 0.91
b) Facultative

Plectroglyphidodon dickii - 45.58 11 0.61
Canthigaster solandri - 3.13 291 0.69
Chaetodon kleinii - 2.84 0.36 0.77
Balistapus undulatus + 1.61 2.68 0.81

Chaetodon auriga - 2.24 0.77 0.860
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Table 3.9.Top 5 species contributing to variation in fish assemblage structure in 2019 (compared

to assemblage composition in 2017) for obligate (a) and facultative (b) corallivore functional

groups. Mean site-level abundances for each time point are listed, as well as the cumulative

contribution of each species to the overall assemblage dissimilarity.

Species Change (+/-) 2017 2019 Cumulative Sum

a) Obligate

Chaetodon ornatissimus + 1.19 2.67 0.323
Plectroglyphidodon johnstonianus - 2.13 0.33 0.54
Chaetodon meyeri - 0.94 0 0.67
Labrichthys unilineatus - 2.31 0 0.78
Cantherhines dumerilii - 0.5 0.5 0.87
b) Facultative

Plectroglyphidodon dickii - 11.1 5.13 0.33
Canthigaster solandri + 4.25 10 0.62
Balistapus undulatus - 2.45 1.77 0.71
Chaetodon auriga + 1.05 1.2 0.76
Chaetodon vagabundus - 1.05 0.8 0.81
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Figure 3.1. Map of the study sites surveyed for a) heat stress models (2011-2017), b) after-effect
models (2017-2019), and villages on Kiritimati, Republic of Kiribati. Sites are categorized into
four levels of local human disturbance, and villages (red circles) are scaled human population

size. Inset shows Kiritimati’s location in the central Pacific.
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Figure 3.2. Representative species from both obligate and facultative functional groups included
in the study. Obligate species are pictured along the left side (from top to bottom): Johnston
Island damselfish (Plectroglyphidodon johnstonianus), ornate butterflyfish (Chaetodon
ornatissimus), and the scrawled butterflyfish (Chaetodon meyeri). Facultative species are
pictured along the right site (from top to bottom): Blackbar devilfish (Plectroglyphidodon dickii),
spotted sharpnose (Canthigaster solandri), and the sunburst butterflyfish (Chaetodon kleinii).
Photo credits (clockwise from top left; year provided if photos were taken on Kiritimati):
[reeflifesurvey.com; Sean Dimoff (2019); Kristina Tietjen (2019); Kristina Tietjen (2016); Keoki

Stender; Kristina Tietjen (2016)]
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Figure 3.3. Relative contribution of obligate (a,b) and facultative (c,d) species to overall
functional group abundance during each sampling period. Sampling occurred before (2011-
2013), during (2015), and after (2017) the 2015-2016 EI Nifio. Abundance is represented by
mean site-level across all sites and local disturbance levels. Plots along the left side (a, ¢) display
all species in each corallivore functional group, while plots along the right side (b, d) have had
the most abundant species in each functional group removed to make trends in other species

more visible.
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Figure 3.4. Relative contribution of obligate (a, b) and facultative (c,d) species to functional
group abundance in the three years following the 2015-2016 El Nifio. Abundance is represented
by mean site-level across all sites and local disturbance levels.Plots along the left side (a, c)
display all species in each corallivore functional group, while plots along the right side (b, d)
have had the most abundant species in each functional group removed to make trends in other

species more visible.
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Figure 3.5. Mean site-level abundance of obligate (a) and facultative (b) corallivore functional
groups at each of the four local human disturbance levels on Kiritimati before, during, and after
the 2015-2016 El Nifo. Dots represent the mean + and are colored by their local disturbance

category.
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Figure 3.6. Mean site-level abundance of obligate (a) and facultative (b) corallivore functional
groups at each of the four local human disturbance levels on Kiritimati in the three years
following the 2015-2016 El Nifio. Dots represent the mean + and are colored by their local

disturbance category.
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Figure 3.7. Multivariate ordination (PCoA) of obligate (a) and facultative (b) functional groups,

displaying differences in assemblage structure before, during and after the 2015-2016 El Nifio.

Points represent individual sites, colored by sampling period, and shaded polygons indicate the

boundaries of observed assemblage space for each sampling period.
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Figure 3.8. Multivariate ordination (PCoA) of obligate (a) and facultative (b) functional groups,
displaying differences in assemblage structure in the three years following the 2015-2016 El
Niflo. Points represent individual sites, colored by sampling period, and shaded polygons

indicate the boundaries of observed assemblage space for each sampling period.
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group centroid, along with the group average + 1 SE for assemblages observed before, during,

and after the 2015-2016 El Nifo.
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Figure 3.10. Bray-Curtis dissimilarities from individual sites in the full dimensional space to

their group centroid, along with the group average = 1 SE for assemblages observed in the three

years following the 2015-2016 El Nifio.
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Chapter 4 — Conclusion

Coral reefs are increasingly threatened by global stressors like climate change amplified
marine heatwaves and local stressors like coastal development and overfishing. The combination
of these stressors reduces live coral cover (Hoegh-Guldberg, 2011) and fish abundance (Darling
et al., 2017; Graham et al., 2017) which can result in novel problems for island nations and
coastal communities that rely on coral reefs for food (Bell et al., 2009) and protection from
storms (Ferrario et al., 2014). As coral reefs continue to change at a global scale, new monitoring
technologies need to be deployed that are inexpensive but provide accurate data. One of the most
promising new technologies is passive underwater acoustics (Lindseth and Lobel, 2018).
However, despite these technologies, assessing changes in tropical fish communities is still
typically conducted using in-person surveys, which provide un-paralleled insight into ecological
processes. This thesis uses data collected from the reefs surrounding Kiritimati (Republic of
Kiribati) in the central equatorial Pacific, before, during and after a prolonged heat stress event
caused by the 2015-2016 El Nifio, to examine the applicability of a recently adopted index in
underwater acoustics on coral reefs and to determine how the corallivorous fish assemblage

around Kiritimati changed in response to the coral loss following the heat stress.

In Chapter 2, I examine the applicability of a recently and prolifically adopted acoustic
index to monitor coral reef ecosystems. Using data collected from hydrophones deployed on
coral reefs around Kiritimati, I provide evidence that ACI results are dependent upon the
frequency resolution chosen for its calculation (Table A2.2) and that in an environment with high
levels of snapping shrimp snaps, ACI actually decreases with an increasing frequency of snaps
(Table A2.3). I also document that changes in SPL, a more common and historically used

acoustic metric, were associated with changes in both fish sounds and snapping shrimp snaps
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(Table 2.1, A2.1). These results highlight the need for stringent field-testing and standardization
in new acoustic metrics before they are applied to new and distinct marine ecosystems like coral

reefs.

Underwater acoustics presents a globally applicable solution to ecological monitoring, if
systems are thoroughly tested and supported by research conducted in the field. As new
technologies are developed to extract meaningful information from acoustic data, they should
always be applied with caution. The inconsistent results provided by the several studies that have
applied ACI to coral reefs (Bohnenstiehl et al., 2018; Bolgan et al., 2018; Lyon et al., 2019;
Staaterman et al., 2014) serve as evidence that each new index or acoustic metric should first be
rigorously tested before its use. Despite these results providing evidence against the adoption of
one new metric, the future of passive acoustic monitoring is bright. Growth in technologies
related to computer-learning and event detection have the potential to make underwater passive
acoustic monitoring more useful than ever before (Farina and Salutari, 2016; Lin et al., 2018,
2017). Therefore, labor-intensive research methods, like those used here, might become a thing
of the past. While contemporary acoustic monitoring might only provide important
supplementary information about underwater ecosystems, as more of these technologies become

available, PAM systems will be poised to inform conservation efforts on a global scale.

In Chapter 3, I examined immediate and long-term effects of heat stress on corallivorous
fish communities by quantifying changes in fish abundance, species richness and assemblage
structure before, during and for three years after the 2015-2016 El Nifio. These analyses revealed
that significant changes in both obligate and facultative corallivore abundance were influenced
by large declines in the abundance of the dominant species in each group, which were two

damselfish species: Plectroglyphidodon johnstonianus for obligate corallivores, and
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Plectroglyphidodon dickii for facultative corallivores (Table 3.2b, 3.3b; Fig. 3.3, 3.4). The
remaining obligate assemblage also experienced declines in species richness immediately
following and lagged declines in abundance three years after a mass coral mortality event caused
by heat stress. Additionally, these results reveal that facultative species abundance is positively
associated with areas of high human disturbance (Table 3.2b, 3.3b; Fig 3.5b, 3.6b) and that there
was an interaction between human disturbance and year in the three years following the heat
stress. While most other studies typically either categorize all corallivores together (Glynn et al.,
2014; Robinson et al., 2019), or investigate only corallivores belonging to the Family
Chaetodontidae (Graham et al., 2009; Pratchett et al., 2013), this study examines changes in an
entire corallivore assemblage while describing how obligate and facultative species differ in their
responses to a coral mortality event within the context of local human disturbance. As far as I
know, this thesis is one of the first studies to examine how an entire corallivore assemblage is
affected by a coral mortality event, adding to our knowledge of how coral reef fish communities

will change with increased coral mortality.

Future studies can continue to build upon this work in several ways. Although we
detected significant declines in obligate abundance three years after a massive coral mortality
event, long-term studies have found that corallivore communities can stabilize following coral
mortality if coral regrowth occurs (Russ and Leahy, 2017). The positive relationship between
human disturbance and facultative corallivore abundance poses new questions about how certain
fish communities can thrive in the novel environments being created by global and local
stressors. Facultative fishes are omnivorous (Cole et al., 2008), and can consume a wide range of
prey (Nagelkerken et al., 2009), inviting inquiry into how trophic relationships of these primary

and secondary consumers are altered by coral mortality and subsequent benthic shifts. We do not



99

currently know how the corallivore assemblages around Kiritimati will respond in the long term
to coral regrowth or if the assemblage will be permanently altered by the 2015-2016 EI Nifio.
Therefore, it would be useful to continue monitoring these changing reefs, analyzing how
repeated events influence fish assemblages, and if even coral-specialist communities can adapt

and become more resilient in an increasingly stressful environment.

As coral reefs continue to change in the wake of global and local stressors, understanding
how their associated assemblages respond and change is vital to assessing and establishing
conservation goals. Passive acoustic monitoring provides one new method of monitoring these
ecosystems, one that has the potential to provide large-scale monitoring of a range of underwater
environments. While in-person surveys can answer detailed questions about how fish
communities are changing in response to coral bleaching and mortality that is becoming a global
phenomenon. This thesis explores novel questions posed in both methods of monitoring,
exploring the applicability of acoustics to coral reefs while utilizing in person surveys to
investigate how corallivore communities are shifting in response to coral mortality. The results
presented here expand our current breadth of knowledge concerning coral reefs and provide

information useful to the protection of these vital ecosystems.
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Appendices
Appendix A: Supplemental information for Chapter 2

Table A2.1. Top models from AIC. stepwise comparisons and results (parameter estimates) for final model fixed effects from linear

mixed-effects model examining changes in high frequency SPL associated with changes in snapping shrimp snaps.

Model K AICc  AAIC Adjusted R? P value
HF SPL ~ Snaps * Day/Night + Year + Lunar Phase + Fishing Pressure 8 77923.39 0 0.371 <0.0001
HF SPL ~ Snaps + Day/Night + Year + Lunar Phase + Fishing Pressure 7 7803451 111.11 0.367 <0.0001
HF SPL ~ Snaps + Year + Lunar Phase + Fishing Pressure 6 79819.11 1895.72 0.292 <0.0001

Parameter estimates for final model
| —

Parameter Estimate Std. Error t value P value
(Intercept) 114.94 0.034 3354.404 <0.0001
Snaps 0.87 0.059 14.696 <0.0001
Day/Night (Night) 1.92 0.044 -8.868 <0.0001
Snaps * Day/Night 0.21 0.045 10.652 <0.0001
Lunar Phase 3.40 0.046 4.767 <0.0001
Year (2018) 1.00 0.045 74.472 <0.0001

Fishing Pressure 0.97 0.092 22.314 <0.0001
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Table A2.2. Parameter estimates for the selected low frequency ACI model calculated using a frequency resolution of 15.6 Hz. Fixed
effects from linear mixed-effects model examining changes in ACI associated with changes in snapping shrimp snaps. The intercept and

all main effects represent our 15:00 sampling time.

15.6 Hz Frequency Resolution Model
LF ACI ~ Knocks * Hour + Herbivory + Year + Lunar Phase + Fishing Pressure

Parameter estimates for final model
Parameter Estimate Std. Error t value P value
(Intercept) 35.962 0.234 153.386 <0.0001
Knocks 0.756 0.505 1.497 0.136
21:00 -0.161 0.268 -0.603 0.547
03:00 1.178 0.276 4.263 <0.0001
09:00 0.038 0.278 0.136 0.892
Herbivory 0.740 0.186 3.970 0.0001
Lunar Phase -0.058 0.182 -0.318 0.751
Year (2018) 0.216 0.164 1.315 0.190
Fishing Pressure 1.308 0.184 7.107 <0.0001
Knocks * 21:00 1.075 0.587 1.831 0.0687
Knocks * 03:00 0.109 0.574 0.190 0.850
Knocks * 09:00 1.493 0.581 2.570 0.011
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Table A2.3. Parameter estimates for the selected low frequency ACI model calculated using a frequency resolution of 4 Hz. Fixed
effects from linear mixed-effects model examining changes in ACI associated with changes in snapping shrimp snaps. The intercept and

all main effects represent our 15:00 sampling time.

4 Hz Frequency Resolution Model
LF ACI ~ Knocks * Hour + Herbivory + Year + Lunar Phase + Fishing Pressure
Parameter estimates for final model
Parameter Estimate Std. Error t value P value
(Intercept) 77.004 0.346 222.837 <0.0001
Knocks 0.947 0.744 1.272 0.205
21:00 -0.483 0.395 -1.223 0.223
03:00 -0.189 0.407 -0.463 0.643
09:00 -1.342 0.410 -3.276 0.001
Herbivory 1.794 0.275 6.535 <0.0001
Lunar Phase -0.099 0.268 -0.368 0.713
Year (2018) 0.223 0.242 0.920 0.359
Fishing Pressure 1.879 0.271 6.925 <0.0001
Knocks * 21:00 0.319 0.865 0.369 0.713
Knocks * 03:00 -1.327 0.846 -1.569 0.119
Knocks * 09:00 1.542 0.856 1.801 0.073
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Table A2.4. Top models from AIC. stepwise comparisons and results (parameter estimates) for final model fixed effects from linear

mixed-effects model examining changes in high frequency ACI associated with changes in snapping shrimp snaps. The intercept and

all main effects represent our 15:00 sampling time.

Adjusted
Model K AlICc AAIC R? P value
31.2 Hz | HF SPL ~ Snaps * Day/Night + Year + Lunar Phase + Fishing Pressure 8 122047.6 0 0.3701 <0.0001
15.6 Hz | HF SPL ~ Snaps * Day/Night + Year + Lunar Phase + Fishing Pressure 8 140954.0 18906.4 0.335 <0.0001
4 Hz HF SPL ~ Snaps * Day/Night + Year + Lunar Phase + Fishing Pressure 8 160751.3 38703.7 0.285 <0.0001

Parameter estimates for final model

Parameter Estimate Std. Error t value P value
(Intercept) -23510 376.3 -67.263 <0.0001
Snaps -6.829 0.242 -28.187 <0.0001
Day/Night (Night) -1.669 0.181 -9.212 <0.0001
Snaps * Day/Night 0.925 0.374 2.477 <0.0132
Lunar Phase 0.315 0.182 1.733 0.0832
Year (2018) 12.780 0.187 68.495 <0.0001
Fishing Pressure -8.700 0.185 -47.073 <0.0001
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Table A2.5. Parameter estimates for the selected high frequency ACI model calculated using a frequency resolution of 15.6 Hz. Fixed
effects from linear mixed-effects model examining changes in ACI associated with changes in snapping shrimp snaps. The intercept and

all main effects represent our 15:00 sampling time.

15.6 Hz Model

HF SPL ~ Snaps * Day/Night + Year + Lunar Phase + Fishing Pressure

Parameter estimates
|

Parameter Estimate Std. Error t value P value
(Intercept) -48400 682.2 -70.941 <0.0001
Snaps -10.49 0.4392 -23.886 < 0.0001
Day/Night (Night) -3.753 0.328 -11.429 <0.0001
Snaps * Day/Night 1.466 0.677 2.165 0.030
Lunar Phase 0.534 0.329 1.624 0.105
Year (2018) 24 .40 0.338 72.150 <0.0001

Fishing Pressure -10.69 0.335 2.165 <0.0001
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Table A2.6. Parameter estimates for the selected high frequency ACI model calculated using a frequency resolution of 4 Hz. Fixed
effects from linear mixed-effects model examining changes in ACI associated with changes in snapping shrimp snaps. The intercept and

all main effects represent our 15:00 sampling time.

4 Hz Model
HF SPL ~ Snaps * Day/Night + Year + Lunar Phase + Fishing Pressure
Parameter estimates
Parameter Estimate Std. Error t value P value
(Intercept) -80600 1272 -63.369 <0.0001
Snaps -17.50 0.819 -21.370 <0.0001
Day/Night (Night) -7.957 0.612 -12.997 <0.0001
Snaps * Day/Night 4.833 1.262 3.828 <0.001
Lunar Phase 0.842 0.614 1.373 0.170
Year (2018) 40.84 0.631 64.775 <0.0001
Fishing Pressure -16.669 0.625 3.828 <0.0001

Table A2.7. Model parameter estimates and statistics for a model examining the influence of time of day on the received level (dB) of

individual knocks selected from the acoustic data.

Parameter Estimate Std. Error t value P value
Intercept (03:00) 111. 0.7 149.7 <0.0001
09:00 7.7 0.9 8.1 <0.0001
15:00 1.0 1.2 0.8 041
21:00 -0.2 1.1 0.1 0.89
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Figure A2.1. Differences in Sound Pressure Level (dB) between four sampled times of day using

subsampled individually selected knocks.
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Appendix B: Supplemental information for Chapter 3

Table B3.1 Results (p-values) from generalized linear mixed-effects models describing the effects of year, local human disturbance,
coral cover, and net primary productivity on a) obligate and b) facultative corallivore abundance for the 9 sites sampled in all three

years following the El Nifio. Values in bold are significantly different from baseline levels (2017) at a2 = 0.05.

Year Year x Local Disturbance
Model 2018 2019  Local Disturbance  Productivity  Coral Cover 2018 2019
a) Obligate -0.096 | -1.566 -0.817 -0.32 0.12 1.209 0.947

b) Facultative -0.329  -0.456 0.317 -0.108 0.027 1.052 0.923
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Table B3.2. Results (p-values) from generalized linear mixed-effects models describing the effects of year, local human disturbance,
coral cover, and net primary productivity on a) obligate and b) facultative corallivore species richness for the 9 sites sampled in all

three years following the El Nifo. Values in bold are significantly different from baseline levels (2017) at a = 0.05.

Year Year x Local Disturbance
Model 2018 2019 Local Disturbance Productivity  Coral Cover 2018 2019
a) Obligate 0.129 -1.595 -0.258 -0.23 0.101 0.435 0.561

b) Facultative  -0.053  -0.378 0.445 0.263 0.057 0.224 0.36
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Figure B3.1. Map of the study sites used in sensitivity analyses (2017-2019), and villages on
Kiritimati, Republic of Kiribati. Sites are categorized into four levels of local human disturbance,
and villages (red circles) are scaled human population size. Inset shows Kiritimati’s location in

the central Pacific.
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